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Abstract 
Water quality criteria (WQC) are considered to be an effective management tool for protecting 
aquatic environments as they constitute the basis for the development of water quality standards 
(WQS). These WQS are then used in the assessment, monitoring, and control of water pollution. 
To derive WQC, species sensitivity distributions (SSD) are commonly used to develop models 
based on toxicity data. Thus, the quality and quantity of toxicity data used can determine whether 
derived WQC are suitable and appropriate for use in water management for a particular location, 
which poses challenges for locations without site-specific data, such as many rivers in China. 
Moreover, toxicity data used in the development of SSD are mainly laboratory-based, leaving 
questions as to whether the WQC will be representative of natural conditions. As such, the aims 
of this study were to address current limitations associated with selection of data sets for the 
derivation of Chinese WQC. This research project is comprised of two main components: one 
was to improve the quality and quantity of Chinese toxicity data by collecting reliable ammonia 
data and ammonia toxicity data; and the second component was to conduct a preliminary field 
validation of laboratory-based toxicity data and WQC derived from laboratory data. The 
representative pollutant used in this study was ammonia, as ammonia is a major stressor in the 
Liao River Basin and has richer data available compared with other pollutants, such as heavy 
metals and organic chemicals. 
To improve the quality of toxicity data for fauna found in the Liao River Basin, five invertebrate 
species were used to conduct acute and chronic bioassays. The utility of national and 
international toxicity data was also used to test the development of site-specific WQC for the 
 XVI 
Liao River Basin (and Chinese river basins elsewhere). The Chinese national data were used to 
compare the toxicity of species both native and non-native to China, together with a regional 
comparison for resident endemic species, by comparing data collected from the Liao River with 
data from elsewhere, to derive SSD and WQC. These comparisons revealed no significant 
differences between SSD for native and non-native taxa, or between local and non-local taxa. 
These conclusions were further supported by conducting separate bioassays and comparing 
ammonia sensitivity of different Chironomus spp. from both China and Australia.  
The first component of this study suggested that the use of locally-derived data was preferable 
based on differences in HC5 values between local and non-local tests, but, if local data were not 
available, then non-local and international data could be used to inform or guide the development 
of WQC. Furthermore, this conclusion was further supported by additional research on fish 
toxicity data appended to this thesis. These additional fish toxicity data revealed that adding 
local fish toxicity data did not bring significant differences on the SSD curves. While these 
findings have been specifically determined for China, they are likely to be relevant for other 
developing countries where toxicity data are likely to be rare or absent altogether.  
To add to the toxicity data available for Chinese species, multiple endpoints were tested on 
dipterans from the Family Chironomidae. These endpoints included lethal effects assessed using 
48-h acute exposures, sub-lethal effects at the individual level assessed using 21-d chronic 
exposures and additional sub-lethal effects at the biochemical and gene expression level 
following 24-hr exposure trials. These tests suggested that the quality of acute data was higher 
than that of the chronic data because of the higher variability and uncertainty associated with 
chronic data derivation. The biochemical and gene expression measures were as, or more, 
 XVII 
sensitive to ammonia response indicators than chronic bioassays, making such data helpful in 
aquatic risk assessment. 
To improve confidence in the use of laboratory-based data for developing WQC derivation for 
ammonia, laboratory-cultured and field-captured Chironomidae larvae from different larval 
stages were used to test for differences in ammonia sensitivities using both laboratory and field-
derived test media. 1st instar of laboratory-raised larvae showed lower toxicity values to 
ammonia (1st instar larvae, lethal concentration for 50 % of individuals [LC50] value of 384.6 
mg/L) than field-collected larvae when they were exposed to either a laboratory or a field 
medium (1st instar, and probably 2nd and 3rd/4th larvae, with the lowest LC50 value of 451.2 
mg/L) indicating that, in this instance, laboratory-based data were likely to provide more 
conservative WQC and hence, provide adequate protection for field organisms. Further 
confirmation of this trend using other aquatic animals collected from multiple waterbodies with 
variable water quality, in addition to other contaminants, should be developed to assess the 
generality of this conclusion. 
To further test the applicability of using ammonia WQC derived from laboratory-based toxicity 
values, the final component of this thesis involved a preliminary field validation. 
Macroinvertebrate assemblages, including chironomids, were sampled across 15 sites within the 
Liao River Basin and were used to examine correlations among physico-chemical variables and 
ammonia concentrations at the same sites. Among 14 physico-chemical variables measured 
during the field investigation, ammonia in water and sediments, arsenic and cadmium in 
sediments, and water pH were identified as the environmental variables best-correlated with 
macroinvertebrate assemblages in the Liao River Basin, although the relationships were not 
 XVIII 
statistically significant. Further comparisons of invertebrate assemblages were then made among 
sites where ammonia concentrations either fell below, or conversely exceeded the ammonia 
WQC derived from laboratory-based toxicity values. However, it was apparent from the field 
survey and from historical ammonia measurements that very few sites (n = 3) within the Liao 
River Basin had ammonia concentrations below the ammonia WQC derived from laboratory-
based toxicity values. Therefore, this made it difficult to fully discriminate whether invertebrate 
assemblages truly differed among sites of different ammonia concentrations, particularly those 
with concentrations that were consistently below the derived WQC. Thus, additional sampling 
across both space and time are required to refine and further validate the WQC in the field. 
Nonetheless, the high ammonia concentrations sampled across the Liao River Basin suggests 
that further reductions in ammonia discharges are still warranted to improve water quality in this 
basin and the site-specific WQC derived from this study serve as a useful preliminary target for 
the water management of Liao River Basin. 
Additionally, the acute and chronic WQC derived for ammonia in this study (10.0 mg/L and 1.7 
mg/L, respectively, at a pH of 7.0 and temperature of 20 ℃) are comparable to those from other 
countries, e.g. USA (17 mg/L and 1.9 mg/L, respectively for the same conditions) and Canada 
(4.82 mg/L of ammonia, chronic WQC only), which offers further support for setting WQC for 
other nations and regions globally. WQC derived in this study are based on the toxicity of local 
taxa and represent the local taxa characteristics of Liao River Basin. Thus, site-specific WQC of 
ammonia derived in this study can be used as the basis of developing WQS which will be used 
in the water management of Liao River Basin.  
 XIX 
According to results of the field investigation in this study, the Liao River Basin exhibits poor 
ammonia water quality relative to the corresponding derived WQC. There is a compelling 
need for water management at the local government level to reduce the ammonia loading in 
this basin. The methodology developed in this study for derivation of site-specific WQC, 
including comparison and selection of national and international toxicity data, and field 
validation, offers a valid approach for WQC development, particularly applicable for toxicity 
data-poor regions/nations requiring informed management and improvement of site-specific 
and regional poor water quality.   
Thesis Structure 
There are five chapters in this thesis, as follows: 
Chapter 1. Introduction. The importance and environmental management concerns related to 
freshwater resources in China, including salient water quality issues and pollutants are presented, 
with particular focus on ammonia. The relevance and significance of developing water quality 
criteria (WQC) is illustrated followed by the development of each component in the WQC 
derivation process (toxicity data and derivation methods) and the importance of conducting field 
validation. The aims and hypotheses for this study are also presented, and lastly the need and 
importance of developing WQC for ammonia are highlighted. 
Chapter 2. Derivation of site-specific water quality criteria (WQC) for ammonia based on local 
versus national and international data. Ammonia exposure bioassays using five invertebrates 
local to Liao River Basin are presented. All available national and international toxicity data on 
 XX 
ammonia for both invertebrates and vertebrates are used to compare species sensitivity 
distributions (SSDs). The potential of incorporating local, national and international data in the 
site-specific WQC derivation for a given area is discussed. Preliminary values for the Liao River 
Basin ammonia toxicity are also provided, including both acute and chronic WQCs.  
Chapter 3. Comparisons of Australian and Chinese Chironomidae (midge) sensitivity to 
ammonia and toxicity endpoints on multiple levels are presented to determine the incorporation 
of appropriate data in the development of water quality criteria (WQC). Chironomidae were 
used as the model organisms, with comparisons of sensitivities of both Chinese and Australian 
chironomid larvae (different species) to 48-h of acute ammonia exposure. Australian field and 
laboratory larvae from different life stages were tested using both laboratory-derived water and 
field site water, to test the appropriateness of using laboratory-based data. Moreover, taking 
Chinese larvae as test organisms, traditional acute and chronic data (based on lethal and sub-
lethal levels of individuals) were compared with non-traditional toxicity data (based on enzyme 
activities and gene expression)to determine the most appropriate data for deriving WQC. 
Chapter 4. Relationships between macroinvertebrate assemblages and environmental data 
sampled from the Liao River basin were examined. These data were used to provide a 
preliminary test of the feasibility of using a field validation of site-specific water quality criteria 
(WQC) for ammonia in the Liao River Basin, China. Correlations between the invertebrate 
assemblage and a suite of water quality and physico-chemical variables were evaluated. The 
main constraints affecting the river health in Liao River Basin were identified and the necessity 
of adjusting theoretical WQC is discussed. 
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Chapter 5. General discussion and conclusions. The significance and contribution of the 
ecological and ecotoxicological findings are presented and related to the broader literature. The 
advantages, disadvantages and applicability of using a variety of data sources and models 
collected to derive site-specific WQC for similar river basins elsewhere in China are also 
discussed and conclusions are drawn from the research findings.  
 1 
Chapter 1 Introduction 
1.1 Background and research aims 
With rapid agricultural and industrial development in China, more and more waste is discharged 
into natural water systems, seriously deteriorating the condition of Chinese river ecosystems. 
Continuous effort to control emissions by the Chinese government has led to improvements in 
groundwater quality, according to the latest report (2015 State of Environmental Report). 
Among all the state-controlled sites in seven main river basins of China, 72 % of groundwater 
is classified as ‘grade Ⅰ-Ⅲ’ (good), 19 % as ‘grade Ⅳ-Ⅴ’ (poor) and 9 % as ‘grade Ⅴ+’ 
(very poor)1 (2015 State of Environmental Report). Overall, the current pollution levels are better 
than earlier levels (e.g., in the 2009 State of Environmental Report, the corresponding 
percentages were 40 %, 46 %, and 14 %, respectively). However, for some specific rivers the 
situation is not as good. For example, among the 14 state-monitored sites in the Liao River, the 
percentage of sites classified as ‘grade Ⅰ-Ⅲ’, ‘grade Ⅳ-Ⅴ’ and ‘grade Ⅴ+’ waters are 46 %, 
49 % and 5 %, respectively. Total ammonia (‘ammonia’) represents a core pollutant affecting 
water quality in the Liao River Basin (Meng, 2013; 2015 State of Environmental Report). 
Agricultural activity is a primary source of ammonia via nitrogen-based fertilizers that are 
widely used around this area (USEPA, 2013). Additional non-point pollutants from livestock 
breeding also contribute a substantial quantity of nitrogen which can increase the ammonia 
burden in the nearby river (Meng, 2013). Even with a decrease in total nitrogen emission levels 
in recent years, it should be noted that the decrease is aimed to purely control emissions to fulfil 
1Grade I -- Mainly applicable to the source of water bodies and national nature preserves. 
Grade II -- Mainly applicable to class A water source protection area for centralized drinkingwater supply, sanctuaries for rare species of fish and spawning grounds for fish and shrimps. 
Grade III -- Mainly applicable to class B water source protection area for centralized drinkingwater supply, sanctuaries for common species of fish, and swimming zones. 
Grade IV -- Mainly applicable to water bodies for general industrial water supply and recreational waters in which there is not direct human contact with the water. 
Grade V -- Mainly applicable to water bodies for agricultural water supply and for general landscape requirements. 
Grade V+ - Essentially useless. 
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government requirements rather than to protect aquatic systems (Meng, 2013). To reduce the 
impact of polluted river systems on aquatic organisms, the current water management program 
needs to be changed. Based on the success of advanced water management schemes adopted by 
other developed countries/organizations (including the USA, Australia, OECD; e.g. USEPA, 
1985; ANZECC/ARMCANZ, 2000; OECD, 1995), water quality standards (WQS) and water 
quality criteria (WQC) could play an important role in China’s water management program. 
Improvements in the derivation of WQC for freshwaters are of a primary concern in China, with 
many problems still to be addressed in relation to toxicity data acquisition and field application 
(e.g. Jin et al., 2011; Yan et al., 2012a). 
The ultimate aim of the current PhD thesis is to develop water quality criteria for the Liao River 
Basin for ammonia, which may also be applicable to other lowland rivers in China, and 
potentially other developing nations. This will be achieved by a combination of published 
toxicity values, direct laboratory testing and in situ field validation. To meet the main aim of this 
PhD study, the following literature review will discuss four key aspects that are relevant to the 
aims and objectives of this thesis: (1) the components needed to develop WQC; (2) the 
development of SSD in WQC derivation; (3) the importance of field validation; and (4) WQC 
in China and its freshwater river systems. 
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1.2 Literature review 
1.2.1 The development of WQC 
1.2.1.1 Types and levels of water quality criteria (WQC) 
WQC, which are considered as the basis to develop WQS and total maximum daily load TMDL 
programmes, were introduced to prevent excessive pollutant discharges into rivers that have 
poor water quality (Ward, 2001). There are three types of criteria, namely numeric, narrative 
and operational, and the latter two can be seen as an alternative when numeric criteria are 
impossible or hard to obtain (e.g., for odour and transmittance) (USEPA, 1985). 
Numeric criteria are typically preferred because they are quantified and can be normally used to 
formulate WQS or to set effluent limits (USEPA, 1985). Numeric WQC are known by many 
different terms, including trigger values (ANZECC/ARMCANZ, 2000), guidelines (CCME, 
2003), thresholds (Lepper, 2002), environmental risk levels (ERLs) (RIVM, 2001), maximum 
tolerance concentrations (MTCs) (OECD, 1995) and probable no effect concentration (PNEC) 
(ECB, 2003). Despite the many different names, the intention of the criteria is universally shared 
and essentially each aims to protect aquatic life from adverse effects from pollution, irrespective 
of defined water body uses, societal values, economics and technique feasibility, or other non-
scientific considerations (e.g. Ward, 2001). Typically, these are estimated as the concentration 
below which beneficial water uses can reliably be considered as protected and this estimation is 
based on adequate toxicity, bioaccumulation and/or field data. 
Despite the common intention,  different countries derive WQC with different data and aim to 
protect different species and the species for which the WQC are designed to protect. For 
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example, in the Netherlands, ERLs are classified into three categories (ecosystem serious risk 
concentration [SRCECO], maximum permissible concentration [MPC], and negligible 
concentration [NC]), and different actions are recommended after comparing actual field 
concentrations detected with each of the above ERLs (RIVM, 2001). In Australia and New 
Zealand, trigger values consist of low, medium, and high reliability categories, which are 
dependent on the amount of data used to derive WQC (ANZECC/ARMCANZ, 2000). In France, 
there are four threshold types representing different degrees of threat faced by different bodies 
(Lepper, 2002). In OECD countries, only three types of MTCs are recognized, based on the 
reliability of the data used (OECD, 1995). 
Typically, the minimum protection levels for aquatic ecosystems are relatively consistent (albeit 
with some minor differences) across the globe despite the many types of WQC that have been 
developed. Canada, the United Kingdom and the Netherlands derive criteria to protect all aquatic 
species (“from adverse effects”— these words are only mentioned by the Netherlands) (RIVM, 
2001; CCME, 2007). Protection of aquatic ecosystems is listed as a central target for protection 
in South Africa, but has not been specifically listed in the USA, and the argument provided by 
the USEPA is that ecosystems should be able to tolerate some stress and intrinsically it is 
unnecessary to protect all species at all times (USEPA, 1985, Roux et al., 1996). Australia and 
New Zealand ANZECC/ARMCANZ guidelines specifically state that the aim is “to maintain 
and enhance the ‘ecological integrity’ of freshwater and marine ecosystem, including biological 
diversity, relative abundance and ecological processes” (ANZECC/ARMCANZ, 2000). 
Generally, irrespective of whether the ecosystem is mentioned or not, the goal of most nations 
is the same with regard to protecting aquatic ecosystems as opposed to a specific organism. 
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However, much of the tolerance data that are used to derive WQC is largely based on single-
species bioassays, largely due to the logistical constraints of conducting tests on entire ecosystem 
processes as opposed to single species that can be easily handled and manipulated in the 
laboratory. 
1.2.1.2 Toxicity data 
The core of deriving WQC relies on toxicity testing that includes adequate taxonomic diversity 
(TenBrook et al., 2008). Toxicity data are usually classified into two categories: acute data 
(short-term exposure to a particular toxicant or pollutant, with exposures typically less than 4 
days) and chronic data (long-term exposure to a particular toxicant or pollutant, with exposures 
typically more than 5 days) (RIVM, 2001). The former typically use mortality as the endpoint 
and quantify an LC50 or similar value, and for the latter, endpoints are often sub-lethal impacts, 
including altered behaviour, growth or reproduction (e.g. USEPA, 1985). Endpoints frequently 
used for chronic exposures include effect concentration, no obersered effect concentration 
(NOEC) or lowest observed effect concentration (LOEC) (e.g. OECD, 1995; RIVM, 2001). 
These three measures are traditional and widely used, but non-traditional endpoints (e.g., 
enzyme induction, stress protein induction, change in DNA levels) have been proposed in recent 
years (e.g. Crane et al., 2002; Callaghan et al., 2002). Decisions associated with an appropriate 
time period to evaluate these endpoints are also a point of debate, as there are no clear boundaries 
because these decisions are typically chosen after considering the physiology and life-cycle 
characteristics of the test species (RIVM, 2001). Good quality data should include the confirmed 
scientific name, species characteristics, analysis of test chemical, test type and the physico-
chemical parameters of the test water (RIVM, 2001; TenBrook et al., 2008).  
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Both the quality and quantity of the data are important for WQC derivation, and their minimum 
requirements have been recommended by experts in this field (Table 1.1). However, there are 
few extensive datasets, especially datasets with both acute and chronic toxicity data from 
multiple taxa and covering a broad range of chemicals (e.g. Mu et al., 2014). Most of the 
available data are restricted to acute data for a limited number of species. This is particularly 
true for many new chemicals where relevant material safety data sheets (MSDS) information 
often provides only toxicity data for anywhere between one to five test species (e.g., 2, 4, 6-
trichlorophenol) (Yin et al., 2003).  
 
Table 1.1 Minimum data requirements set by different countries/agencies 
Countries Minimum data required 
Australia and New Zealand 
(ANZECC/ARMCANZ, 2000) 
Three multispecies chronic NOEC values or five single-
species chronic NOEC values (resulting in High 
reliability TVs1); five single-species acute toxicity 
values (Moderate reliability TVs); a single acute or 
chronic toxicity data set (Low reliability TVs) 
Netherlands 
(RIVM, 2001) 
Four chronic NOEC values from unrelated species 
(Refined effects assessment); a single acute data set (a 
preliminary effect assessment) 2 
European Organisation for Economic Co-
operation and Development  
(OECD, 1995) 
Five chronic NOECs (using statistical extrapolation); 
eight chronic NOEC values from different families 
(using USEPA method) 3; 
United States 
(USEPA, 1985) 
Eight sets of acute toxicity data from different families4 
Canada (CCME, 2007) 
Three toxicity data sets on three residential fish (at 
least two of chronic responses) 
European Union (ECB, 2003) 
One data set (AF method); ten chronic NOECs from 
eight taxa (SSD method) 
France (Lepper, 2002) 
Data from three trophic levels (algae/plants, 
invertebrates, and fish) 
1Trigger values (TVs); 
 2, 3, 4Species required to meet specific criteria. 
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1.2.1.3 Improvement of derivation methods 
Procedures for deriving WQC are often based on single-species tests. However, given that WQC 
are often derived to protect the entire aquatic environment, it is often necessary to extrapolate 
values from a restricted set of single-species toxicity data to protect the ecosystem as a whole. 
Two mainstream approaches have been used for this purpose: 1) assessment factor (AF); and 2) 
species sensitivity distribution (SSD). The following section describes these two approaches. 
AF method 
AF is a method which involves dividing the lowest reported toxicity value by a safety factor, 
varying from 1 to 1000, with the factor based on the perceived quality of the toxicity data (e.g. 
Lepper, 2002). Historically, the USEPA (1984) modified this approach and used it in WQC 
derivation for the US, which was then followed by Canada (CCREM, 1991) and the OECD 
(1992). There are three types of extrapolations considered by the USEPA and OECD (Table 
1.2).  
Descriptions of extrapolation types are described as follows: 
(1) Extrapolating laboratory responses to field responses  
It is harder to obtain toxicity data of aquatic organisms in field than in the laboratory (USEPA, 
1986; OECD, 1995). Therefore, the majority of available toxicity data is derived from laboratory 
experiments because test organisms can be most “easily maintained” (Warne, 1998). These 
experiments also tend to focus on more common species rather than ‘sensitive species’, and also 
test for lethal doses at a particular stage of the organism’s life cycle rather than various stages 
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across the life cycle (Warne, 1998). A widely recognised limitation of laboratory studies is that 
data may not necessarily be representative of toxicity response in the field, and therefore may 
lead to inadequate WQC that are either set too high (i.e. does not adequately protect the 
environment) or too low (i.e. penalise industry) (Warne, 1998). 
(2) Extrapolating acute responses to chronic responses 
In this context, the definition of acute relates to LC values, for  tests conducted for a length of 
96 h or less, compared with chronic which applies to ECx tests of more than 4 days. 
Extrapolating between acute and chronic responses is often necessary because there is a great 
deal more acute toxicity data than chronic toxicity data, but the latter is preferred in the 
WQC/WQG derivation (OECD, 1995). The use of an “acute to chronic ratio” (ACR) was 
proposed by USEPA (1986) and CCREM (1991), which is usually used as the generic ratio of 
mean endpoint values (e.g. either LC50 or EC50) of acute to chronic tests for different species. 
Ratios of 2 or 10 were recommended by the CCME, with the ratio depending on the chemical’s 
characteristics, and a ratio of 10 was proposed by OECD (1995) and USEPA (1986). This 
extrapolation approach is also used in the chronic criteria calculation when there are insufficient 
data, which will be discussed further in the section describing the SSD method. 
(3) Extrapolating responses across species 
Extrapolating WQC values among species (i.e. interspecies AF) has also been proposed by 
OECD and USEPA when minimum data requirements cannot be met (USEPA, 1986; OECD, 
1995). However, different countries hold different opinions with respect to the use and 
appropriateness of interspecies AF. For example, the OECD and USEPA are in agreement on 
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the use of this method whereas the CCME and ANZECC are opposed (CCREM, 1991; 
ANZECC, 1992).  
 
Table 1.2 Safety factors used to meet considerations in two modified AF methods 
Available toxicity data 
Types of 
extrapolations1 
Safety factor used in 
modified USEPA 
method (OECD, 
1995) 
Safety factor used in 
CCME method 
Chronic NOEC (for the 
USEPA) (USEPA, 1985) 
or LOEC (for 
(ANZECC/ARMCANZ, 
2000) 
Field to laboratory 10 10 
Acute LC50 or EC50 
Field to laboratory/ 
Acute to chronic 
100 ACR2, or 20, or 100 
Acute LC50 or EC50 for 
one of two species 
Field to laboratory/ 
Acute to chronic/ 
Interspecies 
1000 ACR, or 20, or 1003 
1Types of exptrapolations that are combined; 
2ACR refers to acute to chronic ratio; 
3CCME is opposed to interspeceis extrapolations, thus the safety factor is the same as column above. 
The simplicity of this particular approach has resulted in the AF method being widely used 
across the globe (Zabel and Cole, 1999; BMU, 2001; Lepper, 2002; CCME, 2007). However, it 
is important to note that the magnitudes of safety factors used among these countries can vary 
considerably (i.e. from 1-10 to 1-1000), due to different situations and data used (USEPA, 1985; 
OECD, 1995; ANZECC/ARMCANZ, 2000; RIVM, 2001; ECB, 2003). The most frequent use 
of the AF method is to employ the acute to chronic ratio (ACR) method, which is a way of 
estimating chronic criteria from acute data when data on chronic toxicity responses are scant. 
There are several shortcomings associated with the use of the AF method. Firstly, the method is 
arbitrary and subjective, without any theoretical and scientific basis (Warne, 1998; TenBrook et 
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al., 2008). As with the two modified methods noted above, there is no clear reason why a factor 
of 10 is chosen, other than that a factor of 10 is widely accepted (TenBrook et al., 2008). Thus, 
AF seems more likely to formulate a target for management rather than to set an appropriate 
value for the protection of the ecosystem (TenBrook et al., 2008). When safety factors were 
chosen in AF method, a wide range of arbitrary values from 1 to 20000 can be applied, making 
it unrealistic to apply a simple generic number (e. g. 10 or other) to assess the toxicity across 
species, even across chemicals (Warne, 1998). Secondly, it remains highly uncertain whether 
values derived using the AF method are capable of protecting species and/or ecosystems 
(TenBrook et al., 2008).  
ANZECC (1992) suggest that the aim of protecting all components of aquatic ecosystems is not 
realistic. Chapman et al. (1998) held the viewpoint that an appropriate setting of the safety factor 
is feasible and could be set much lower to avoid overprotection. Even after proposing principles 
and guidelines for choosing safety factors, Chapman et al. (1998) noted that many of the 
shortcomings could not be overcome. The limited predictive ability provided by the AF method 
has also been criticized (Warne, 1998, Xing et al., 2014). Given these limitations, an alternative 
method of species sensitivity distribution (SSD) has been developed. 
SSD method 
SSD is a statistical extrapolation procedure that uses single-species toxicity data to make 
ecosystem predictions. It was utilized by USEPA (1985) and integrated into the WQC derivation 
for the USA. As the SSD method is statistically based, the advantage of this method is that it 
can offer different values associated with various proportion of aquatic species under protection, 
together with a measure of the associated uncertainty that provides flexibility and can be applied 
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according to different designated uses of water in practical water management (e.g. USEPA, 
1985).  
SSD uses toxicity data from tests on individual species and fits a statistical distribution to form 
an SSD curve, which builds relationships between endpoints (normally expressed on a 
logarithmic scale) and the percentage of species (within an assemblage) to be protected. Usually, 
a hazardous concentration affecting 5 % of test species (HC5) is chosen to be the WQC while, 
due to the uncertainty of HC5 derivation (i.e. using the HC5 derived from a data set based on 
limited species to protect the whole ecosystem involves uncertainty even after statistical 
simulation via the SSD), an assessment factor (AF) within a range of 1-5 has also been used and 
2 was set as AF for most situations (USEPA, 1985; ECB, 2003;Van Sprang et al., 2004). 
Normally, a cumulative frequency plot of the available toxicity data forms the starting point for 
SSD, assuming that toxicity data consist of a random sample of all species that can be described 
by one distribution model. Distribution models used to perform this statistical simulation vary 
among countries. The USEPA (1985) use a log-triangular model, whereas a log-normal model 
(Wagner and Lokke, 1991) is utilized in the Netherlands (Aldenberg and Jaworska, 2000). An 
additional alternative is the log-logistic model (Aldenberg and Slob, 1993). Australia and New 
Zealand have not adopted the SSD approach of the USEPA (1985) because data requirements 
are too strict and not all available data are used (because a maximum of four data sets are chosen 
based on the taxa with the greatest sensitivity). In the ANZECC and ARMCANZ guidelines 
(2000), a BurIII distribution (Xing et al., 2014) is used to calculate high and moderate reliability 
TVs as mentioned above.  
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In summary, when available data are limited, the AF is the commonly accepted method, whereas 
the SSD method is preferred if sufficient data are available; SSD is the most flexible method for 
derivation of WQC because there are numerous options for its application (Wheeler et al., 2002; 
Xing et al., 2014). 
1.2.2 The issues in developing WQC with SSD 
Generally, SSD has been widely used by the majority of research in WQC derivation because it 
provides percentiles and confidence levels (e.g. Shao, 2000; Van Straalen and Van Leeuwen, 
2002; CCME, 2007). The important components (data and methods) have been the focus on 
developing SSD and the main constraints in developing SSD are threefold. The first is how to 
collect the large quantity of toxicity data required, the second is how to choose appropriate data, 
and the last is what the most appropriate model to develop the SSD. 
1.2.2.1 Improving toxicity data quantity 
Toxicity data can be derived in two main ways. One is to conduct toxicity experiments directly 
and the other involves mathematical modelling (e.g. Mayer et al., 1992). Conducting toxicity 
experiments is often time consuming and more costly than deriving estimates from mathematical 
models. Data for a range of species and chemicals are now widely available via online databases 
(e.g. ECOTOX) (https://cfpub.epa.gov/ecotox/), but most data have been derived from species 
in North America or northern Europe, so further testing is required for other geographical 
regions, particularly for developing countries such as China (e.g. Jin et al., 2011; Yan et al., 
2012a).  
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One of the main efforts to overcome the paucity of toxicity data has been directed towards 
developing models. Estimation models are often more cost effective than direct toxicity testing 
and several models have been developed. Examples include the quantitative species sensitivity 
relationships (QSSRs); multifactor probit analysis (MPA) software; interspecies correlation 
estimation software/online (ICE, web-ICE), biotic ligand model (BLM) and quantitative ion 
character-activity relationships (QICAR) (Mayer et al., 1992; Vaal et al., 1997a, b; Paquin et al., 
2000; USEPA, 2003a; Mu et al., 2014). Specifically, MPA uses data on acute fish responses to 
estimate chronic responses, which can be difficult to determine in the laboratory (Mayer et al., 
1992). ICE is used to predict toxicity of untested species, even important, endangered, or 
threatened species, based on the relationships built on similar test species and chemicals 
(USEPA, 2003a). Other models are restricted in their use as they are based on data limited to 
certain chemicals, such as heavy metals (Wu et al., 2013; Mu et al., 2014). While it has been 
shown that these models are practical for data estimation (Niyogi and Wood, 2004; Dyer et al., 
2006), they can only provide estimates of toxicity given that direct toxicity tests have not been 
conducted (Paquin et al., 2000). 
Besides using models to overcome the lack of toxicity data, an alternative to conducting toxicity 
experiments on native or local species is to use data from published literature and databases 
holding rich toxicity information on multiple chemicals (e.g. ECOTOX). This data source has 
been widely used in deriving WQC for areas with limited or no native/local data, such as China 
(Yan et al., 2011a, b; Feng et al., 2013). In fact, the majority of available toxicity data originates 
from North America (Maltby et al., 2005). Whether these toxicity data can be used to derive 
WQC for other countries or regions is one of the major concerns, given that the data should be 
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ecologically relevant to the area of interest (Solomon et al., 1996; Versteeg et al., 1999). For 
example, the use of toxicity data based on non-native species to address localised problems has 
been frequently explored, particularly in Australia where the trans-hemisphere application of 
toxicity data has long been questioned (Johnston et al., 1990; Sunderam et al., 1992; Davies et 
al., 1994). In contrast, similar sensitivities among North American and European taxa with 
different geographical distributions are evident (Dyer et al., 1997; Maltby et al., 2002). Due to 
the paucity of locally derived toxicity data, many international data values have been used for 
developing Chinese WQC (Yan et al., 2011a, b, 2012a; Feng et al., 2013); the validity of this 
inclusion hinges on the sensitivities of Chinese and non-Chinese taxa being comparable. The 
latter has not been assessed and this topic will be discussed later in the section on the status of 
Chinese research (Jin et al., 2011). 
1.2.2.2 The improvement of data quality to build robust SSD 
Acute and chronic data are two main categories of data used in developing SSD. Compared with 
acute data, chronic data are preferentially used in SSD as subtle, long-term effects can be 
reflected (Sijm et al., 2002; Bachman, 2009). However, the appropriateness of using chronic 
data is restricted by the following two reasons: firstly, the quantity of available chronic data can 
be poor compared with acute data (Maltby et al., 2005; Jesenska et al., 2013), and secondly, 
chronic toxicity data relate to a wide range of responses and test durations, thereby introducing 
additional variability into the SSD. Inversely, acute data relate to a limited number of responses 
and time scales (typically as 48-h or 96-h mortality data) (Maltby et al., 2005). It has been widely 
accepted that acute data are more reliable for inclusion into SSD development and that an ACR 
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can be used to extrapolate acute effects to chronic effects (De Zwart, 2002; Van den Brink et al., 
2006; Jager, 2012). 
In addition to the arguments on choosing acute versus chronic data, there is another argument 
associated with which endpoints are more appropriate to reflect the effects of the test exposure 
(TenBrook et al., 2008). Traditional endpoints focus on the effect at the whole organism level 
(such as mortality and growth). However, there has been a growing body of research 
investigating the effects of biochemical and gene expression response in aquatic species; it is 
believed that non-traditional endpoints at the molecular level can provide more conservative 
estimates than traditional observations as rapid onset response can now be detected at the 
molecular level (Snell et al., 2003; Forbes et al., 2006; Menzel et al., 2009). In fact, research on 
biomarkers using biochemical effects and gene expression has been developed rapidly across 
the past decade (Callaghan et al., 2002; Park and Kwark, 2008; 2010). Unfortunately, such non-
traditional endpoint data are limited for the majority of chemicals, including chemicals with 
otherwise rich data libraries available. Fedorenkova et al. (2010) compared cadmium toxicity 
based on acute and chronic data, including gene expression, and, while it turned out gene 
expression response values were more sensitive than acute values, chronic data values indicated 
higher sensitivity than gene expression. Fedorenkova et al. (2010) pointed out that their 
comparisons were based on limited data and others (Van Straalen et al., 2010) have questioned 
their findings. However, the same trend in sensitivity was reported in study with three metals: 
chronic toxicity data were more sensitive than gene expression data, followed by acute toxicity 
data (Yan et al., 2012b). Gene expression data were expected to show an early response by 
species when exposed to pollutants; once the endpoints on gene expression level were verified 
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to be sensitive, the LOEC data based on these sublethal endpoints could be incorporated into the 
WQC derivation. Further research on the comparison of acute and chronic data using traditional 
endpoints and data based on non-traditional endpoints are needed to guide the optimization with 
respect to the choice of data. 
1.2.2.3 Improvement of methods for calculating SSD 
When developing SSD, different models (including log-logistic, BurIII, log-normal, log-
triangle) have been recommended by different countries and agencies (USPEA, 1985; 
ANZECC/ARMCANZ, 2000; RIVM, 2001), which indicates that these models have their 
advantages and disadvantages. Consequently, consideration as to which model is most 
appropriate is important. Apart from this debate, there is also criticism of the assumption that it 
is appropriate to fit all species data into an ideal distribution model (Jagoe and Newman, 1997; 
Grist et al., 2002; Wang et al., 2008). To overcome this issue, a non-parametric method (e.g. 
bootstrap) without any distribution assumption has been introduced (Jagoe and Newman, 1997). 
However, this bootstrap approach has also been criticised by Grist (2002), who suggests that: 
(1) not all the confidence intervals of HCx concentrations could be developed; and (2) the 
bootstrap estimation could become increasingly unstable with smaller sample sizes, but that this 
could be improved with a ‘regression’ adjustment. Wang et al. (2008) further refined the 
bootstrap method by first sorting the sample data before resampling and using log-logistic 
models, in order to avoid picking repetitive values in each resample, and to guarantee the same 
order of sensitivities of individual species before and after resampling. Although efforts have 
been made to improve the methodology, all of the models mentioned have their own set of 
uncertainties and shortcomings. There is still no answer as to which model best suits all data 
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sets. In fact, to develop SSD, either model can be chosen and used according to the scale and 
quality of toxicity data obtained (Xing et al., 2014). Hence, it has been suggested that it might 
be better to undertake a data fitness analysis before choosing any particular method (Wheeler et 
al., 2002; Xing et al., 2014).  
In addition to the uncertainty of which method to use, sensitivities among classes of organisms 
such as vertebrates, invertebrates, and algae are highly likely to be different; in effect the 
selection of biological data is equally, if not more important than the statistical models used. The 
weighted species sensitivity distribution (WSSD) (Xing et al., 2012) can be applied to allocate 
separate weighting to the three primary biological categories in most aquatic systems: 
invertebrate, vertebrate, and algae. Using this approach, the shortcoming perceived in SSD 
approaches that do not currently incorporate weighted taxonomic group data when calculating 
HC values could be overcome. However, to develop such a method requires significant 
background information on the aquatic biota from the area of interest, which potentially restricts 
its wide use (Kooijman, 1987; Xing et al., 2012). Moreover, according to the purpose of 
developing SSD to protect the entire ecosystem rather than specific species, the data should be 
randomly chosen even though this is generally not the case as most toxicity test data are 
generated using sensitive taxa, or the test species were chosen based on availability or ease of 
maintenance in culture rather than by random sampling (Rice, 2011). To overcome the 
shortcoming of non-random selection of toxicity data, an alternative improvement would be to 
use SSD based on post-stratified preliminary sampling theory (Wang et al., 2015). When 
applying this method, all known aquatic life associated with the relative area of interest should 
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be listed, which unfortunately restricts a wider application beyond the boundaries of the site 
specific region (Forbes and Calow, 2002). 
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1.2.3 Field-validation to test level of protection 
1.2.3.1 The importance of conducting field validation 
In addition to the issues associated with the two essential toxicity data and model components 
for developing the SSD, there is a concern whether the standards based on laboratory-based data 
can provide protection to the field organisms and ecosystems given that the condition of 
laboratory and field exposure can be very different. 
Laboratory experiments fulfil the important first step for providing preliminary, quantifiable 
information regarding upper or lower tolerances of organisms to a range of chemical 
concentrations (e.g. Yan et al., 2012a; Yang et al., 2012). The laboratory environment provides 
the advantage of being able to control one or more variables, where similar control is often 
difficult in the field (Warne, 1998). However, researchers can never be certain that the 
laboratory-based results are representative of those that occur in the field. Van den Brink et al. 
(2002) and Schroer et al. (2004) showed that SSD curves and resulting protective concentration 
to 95% of organisms (PC95) values derived from laboratory data were similar to those derived 
from semi-field (mesocosm) data, which provides some support for the adequacy of the SSD 
concept for predicting safe environmental concentrations. There are also debates regarding 
whether single-species toxicity data are accurate predictors of ecosystem effects (e.g. Hose and 
Van Den Brink, 2004; Maltby et al., 2005). To make the criteria more applicable, many agencies 
still prefer to utilize multispecies data, or to use field or microcosm data for derivation of WQC 
(Irmer et al., 1995; ANZECC/ARMCANZ, 2000; ECB, 2003), or to include and compare these 
laboratory values to field or mesocosm data (RIVM, 2001). Additionally, an opinion is held that 
the final criteria should be adjusted if strong field evidence indicates that single-species criteria 
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are over- or under-protective (Zabel and Cole, 1999, RIVM, 2001, USEPA, 1985, 2003b). 
Unfortunately, field data are often scarce or of poor quality due to lack of standardization, lack 
of replication and difficulty with interpretation (Sanderson, 2002). This degree of uncertainty is 
considered to be the main constraint associated with the use of field data for WQC development 
(TenBrook et al., 2008). 
Conducting extensive field experiments according to strict experimental design principles 
(including replicates and conditions, for example) can be an ideal way to overcome the 
constraint, however, due to large time, effort and monetary constraints, it is often unrealistic 
(USEPA, 1985). Field validation (FV) is important for verifying the relevance of laboratory 
results and determining feasibility to extrapolate to the field, and whether the extrapolations are 
relevant for higher levels of biological organisation (i.e. population and community) (Cairns and 
Mount, 1990; Lamberson et al., 1992). Common FV approaches are used to determine the 
relationships between laboratory test response and field effects measured on field-collected 
samples or in situ, between laboratory toxicity data and biotic conditions in the field (Oreskes et 
al., 1994; Cormier et al., 2008; Ferraro and Faith, 2002). Mebane (2010) proposed an approach 
to compare the occurrence of apparent instream effects to criteria exceedances at a particular 
location. The presence of apparent effects at sites where criteria are frequently exceeded would 
support the relevance of the criteria and the converse of this would call into question the 
protectiveness or relevance of the criteria. However, limitations are listed as: (1) absence of in 
situ effects can never be proven given that some specific impacts may be too subtle to be detected 
by field surveys; and (2) the relationship between targeted effects and the specific stressor could 
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be confounded by other unmeasured or correlated variables that either mask or elicit a similar 
effect (Mebane, 2010). 
1.2.3.2 The potential for using macroinvertebrates in field validation and choosing aquatic 
models 
Macroinvertebrates are frequently chosen as bioindicators because: (1) they are ubiquitous and 
diverse in aquatic environments; (2) they are functionally important; (3) taxa vary in their 
sensitivity to different stressors; (4) short life cycles reflect recent impacts at a field site; and (5) 
there are no current legal or ethical constraints associated with their use in most countries 
(Chessman, 1995; Townsend, 2013). Macroinvertebrates are an important component of stream 
and river systems and play crucial roles in maintaining the structural and functional integrity of 
freshwater ecosystems (Wallace and Webster 1996). Also, they are the most commonly used 
biological indicators in most aquatic ecosystems due to their variable sensitivity to 
environmental change and ease of sampling. In Australia, aquatic macroinvertebrates have been 
classified into different groups according to their sensitivities to environmental stressors. Some 
standard methods have been built in rapid biological assessment and a scoring system for 
macroinvertebrates in Australian rivers has been developed in which EPT taxa (Ephemeroptera, 
Plecoptera, and Trichoptera) are considered as an important component of healthly river 
systems, whilst oligochaete and gastropoda taxa are often indicators of poor water quality and 
overall ‘poor’ river or catchment health. By using such an approach, the relationship of the 
ecosystems’ health and macroinvertebrate assemblages can be built. Comprehensive historical 
macroinvertebrate data enabled Kefford et al. (2006) to validate the predictions by SSD against 
loss of species with increasing salinity; it was found that species richness delined with increasing 
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salinity and it was suggested that the SSD is a useful measure to identify and highlight risk of 
macroinvertebrate species loss in situ. Such prediction is very helpful in determining the 
appropriateness of using SSD in protecting field ecosystems; unfortunately such research is rare 
given the extensive background information needed, especially for countries with long-term 
poor water quality. There is significant potential in using macroinvertebrates as indicators to test 
the compliance of theoretical WQC against real responses in the ecosystem, which would greatly 
improve the applicability of WQC. 
In addition to macroinvertebrate assemblages that could be used as indicators to validate 
theoretical values, the sensitivities identified in organisms from laboratory and field 
investigations are also important to clarify the appropriateness of laboratory-based data. Among 
macroinvertebrates, organisms from the family Chironomidae are widely distributed, 
ecologically important, and their biology is well known. Many endpoints can be readily 
measured in bioassays using these species (Oliver, 1971; King and Wrubleski, 1998; Vermeulen 
et al., 2000; Meregalli et al., 2001; Bhattacharyay et al., 2005; Townsend et al., 2009; Dreyer et 
al., 2012). Additionally, many Chironomus species (e.g., Chironomus riparius and Chironomus 
tentans) have been targeted as standard test organisms for aquatic toxicity (e.g. USEPA, 2002; 
OECD, 2004a, b). During laboratory testing, the premise is that test Chironomidae are exposed 
to a chemical or environmental stressor over a defined time period (normally 48 h for acute 
experiments and more than 5 d to detect chronic responses), after which each response is 
recorded and compared with controls (OECD, 2004a, b). Acute experiments generally use 
mortality as the endpoint while chronic tests traditionally use other endpoints such as growth, 
reproduction, development and behavior (Townsend, 2013; USEPA, 1985, 2013). With the 
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development of molecular techniques, the suite of valid endpoints has broadened markedly to 
include biochemical endpoints (e.g. glutathione S-transferase activity [GST] and 
acetylcholinesterase activity [AchE]) and gene expression (e.g., heat shock gene); all of which 
have been investigated to determine their significance as biomarkers of effect to support 
understanding of the reaction to stressors by communities or ecosystems (Crane et al., 2002; 
Callaghan et al., 2002; Park et al., 2009). In summary, larvae of Chironomidae are considered 
as suitable aquatic toxicological response models (Park and Kwak, 2008, 2010). 
1.2.4 The development of WQC in Chinese river systems 
Historically, WQC for China did not exist prior to 1990, and only very broad water quality 
standards were used, mainly based on foreign criteria or standards without any scientific basis 
(Xia and Zhang, 1990). Water quality, and the associated health of aquatic ecosystems, are 
becoming increasingly degraded in many provinces in China, so existing water quality standards 
cannot meet ecosystem protection (e.g., Yin et al., 2003; Yan et al., 2012a; Feng et al., 2013). 
Research on deriving WQC for Chinese river systems has increased over the past two decades, 
with the main research emphases falling into the following three types: (1) the development of 
WQC for identified pollutants that represent major pollution problems in China (e.g. 
nitrobenzene, Cd, ammonia) (Wu et al., 2011a, b; Yan et al., 2011a); (2) the development of 
WQC for pollutants that have received worldwide attention and provided a sensitivity 
comparison between native and non-native species (e.g. 2,4,6-trichlorophenol, triclosan) (Yin et 
al., 2003; Wang et al., 2013); and (3) the development of site-specific WQC for river basins such 
as Lake Taihu (Chen et al., 2016). Until now, there has been no research on field validation of 
the theoretically-derived WQC.  
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1.2.4.1 Typical pollutants of major concern in China 
Heavy metals, including Cd, Zn, Cu, and Cr, and some nutrient pollutants associated with 
fertilizer use and animal waste, such as ammonia, are common pollutants in Chinese rivers and 
lakes. The concentrations of these pollutants have exceeded the upper limits set by Chinese 
national environmental standards for surface waters and other water bodies, thus resulting in 
potential toxic effects on aquatic life (Wu et al., 2012). The lack of scientifically-determined 
WQC may be one reason for the poor environmental status. National Chinese WQC have been 
developed for heavy metals and nutrient loading, while data from ECOTOX and other published 
works have been including in the derivation of WQC. The appropriateness of incorporating data 
that was not based on local species testing for local WQC derivation remains questionable. 
Nitrobenzene is also considered a priority pollutant in Chinese river systems, as one of the largest 
water pollution accidents occurred in 2007 at Songhuajiang, in which nitrobenzene was the 
principal compound involved (Wu et al., 2011b). National criteria for nitrobenzene have 
subsequently been developed (Wu et al., 2011b; Yan et al., 2012a). The data on which the criteria 
are based were partly from direct toxicity experiments using six resident species, and partly from 
foreign databases and published literature (Yan et al., 2012a), indicating a continued reliance 
on, and lack of independence from, international data. 
In summary, WQC have been derived for the typical pollutants that generate serious problems 
in Chinese river systems, however the main shortcoming is the reliance on foreign data. Even 
though extensive research on these pollutants has been conducted across multiple decades in 
other countries, the relative toxicity on native or local Chinese species should also be studied, 
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particularly with respect to the appropriateness of using foreign data for the derivation of 
Chinese WQC. 
1.2.4.2 Pollutants receiving world-wide attention  
Multiple criteria for organic chemicals that have received world-wide attention have been 
developed in China, including 2,4,6-trichlorophenol, 2,4-dichlorophenol, 4-nonylphenol, 
tetrabromobisphenolA (TBBPA) and triclosan (Yin et al., 2003a, b; Jin et al., 2011; Lei et al., 
2012; Yang et al., 2012; Wang et al., 2013). There were no international criteria proposed for 
these chemicals prior to Chinese studies, making the findings meaningful not only for Chinese 
river systems, but also for river systems elsewhere. Moreover, in some of these studies, the 
sensitivities of native (i.e. native to China) and non-native species were compared, as well as 
WQC derived from data based on native and non-native species, enabling the relevance of using 
one geographical region to assess the hazard posed to species in a different region to be assessed. 
It was concluded that there was no significant difference between overall trend of sensitivities 
of native and non-native species, nor the WQC derived using toxicity data from native or non-
native Chinese species for 2,4-dichlorophenol and triclosan (Jin et al., 2011; Wang et al., 2013). 
This finding also aligns with other international research on testing species sensitivities from 
different regions, including Australian and non-Australian taxa, North American and European 
taxa (Dyer et al., 1997; Maltby et al., 2002, 2005). However, this interpretation is not widely 
held and it remains unclear whether the quality and suitability of the derived criteria can alter 
dependent on the source of the data used (e.g. from local laboratory, from published literature, 
or from USEPA guidelines).  
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It should also be noted that all criteria derived in China are applied at the country rather than 
regional level due to a lack of toxicity data on local species (e.g., Wu et al., 2012; Yang et al., 
2011b). Another issue to bring out here is that the majority of experiments are based on acute 
toxicity exposure and studies have been rarely conducted to test the chronic effect of chemicals 
on freshwater organisms (Jin et al., 2011). 
1.2.4.3 Site-specific WQC for Chinese river basins 
Compared with national WQC derivation, site-specific WQC for Chinese specific river basins 
are rare. The main constraint is associated with paucity of site-specific toxicity data. There are 
fewer locally endemic species in a specific river basin than native species to a nation, thus the 
reliance on foreign database and published data for developing site-specific WQC in a basin is 
not as great as for developing national WQC. Moreover, some study areas are very limited. 
Compared with other Chinese freshwater river systems, the Lake Taihu WQC derivation is well 
developed (Shi et al., 2014; Chen et al., 2016). Site-specific copper and pentachlorophenol WQC 
for Tai Lake were derived using an innovative method of weighted SSD (Shi et al., 2014; Chen 
et al., 2016). The weighted SSD allows derivation of a different WQC based on an earlier species 
composition baseline, which is useful when monitoring the improvement and restoration of river 
systems, but is not available for most Chinese freshwater river systems. A water effect ratio 
(WER) has also been calculated for site-specific pentachlorophenol WQC (Chen et al., 2016), 
and adjustment with WER is helpful when refining WQC values as it considers the geochemical 
characteristics of site water. Site-specific ammonia WQC have been also been derived for Liao 
River Basin (Yan et al., 2011b) and Tai Lake (Shi et al., 2012), but the same issues which apply 
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to deriving national WQC, also applies here; the toxicity data used are based on international 
rather than locally-derived data, decreasing the level of confidence in the derived WQC. 
In general, existing toxicity data for aquatic fauna in China are very limited, especially for 
specific river basins, even for common chemicals such as ammonia. Specific development of 
local species toxicity data is needed to generate and build the local toxicity database.  
Although the published literature and foreign databases (e.g. ECOTOX) provide considerable 
information relevant to derivation of WQC where local data is insufficient, it is acknowledged 
that the data set should be statistically and ecologically representative of the community, and 
that ecologically relevant species are used to derive WQC for a specific area. Thus, the derivation 
of WQC using national or international data might not be truly representative of species or 
environmental conditions in specific Chinese river systems. Moreover, based on current 
knowledge, no field validation research has been conducted for WQC (which are derived from 
laboratory based data) for Chinese freshwater river systems either at a regional or national level. 
1.3 Study region and problems to be solved 
1.3.1 Study region 
The Liao River Basin, one of the seven largest river basins in China, is situated in northeast 
China, covering Jilin, Liaoning, and Hebei provinces, and Inner Mongolia Autonomous region 
(Fig. 1.1). The basin ranges from a latitude of 39.43° N to 45.10° N and a longitude of 116.30° 
E to 125.47° E. This area is markedly influenced by a temperate and warm temperate continental 
climate. The basin covers an area of 21.9×104 km2, with the length of 706 km from south to north, 
and width of 490 km from east to west (Meng et al., 2009; Li et al., 2012). The river basin 
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comprises four main rivers, the Liao River (a length of 523 km in Liaoning Province), Hun River 
(a length of 415 km), Taizi River (a length of 413 km), and the Da Liao River (a length of 95 
km). The estuary of Liao River is located in Panjin City, and the Hun River and Taizi River both 
merge into the Da Liao River, the estuary of which is located in Yingkou City. Liao River and 
Da Liao River both connect with Liaodong Harbor to the south (Qiu et al., 2014). 
According to the latest environmental report, among the 106 state-monitored sites of the river 
basin, the percentage of sites classified as Grade I to V and V+ were 1.9, 31.1, 12.3, 22.6, 17.0, 
and 15.1%, respectively (2016 State of Environmental Report).   
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Fig. 1.1 The location of Liao River Basin in Liaoning Province, China.  
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Ammonia is listed as one of the main pollutants in the Liao River (2015 State of Environmental 
Report). The rivers in the basin flow through a large agricultural and urbanised region: ammonia 
originates mainly from non-point discharge from extensive use of chemical fertilizers and animal 
breeding, and human-derived wastewater release directly into the river system (Meng, 2013).  
In China, the "Major Science and Technology Program for Water Pollution Control and 
Treatment" is one of 16 major projects of the national medium and long term science and 
technology development plan. During the “12th Five-year” Plan (2011-2015), the Liao River 
Basin is identified as one of the key basins for state water pollution control. In this PhD study, 
the Liao River Basin and ammonia concentration are targeted as the primary study area and 
corresponding core pollutant. 
1.3.2 General questions for consideration within the thesis 
The scientific research questions investigated in this PhD thesis are: 
(1) Given the various toxicity data that are available for resident species that could be used in 
the WQC derivation, including local, national and international data, which data set is most 
appropriate for site-specific WQC derivation? 
(2) While SSD is a common method used to derive WQC, the statistical distributions used to 
fit SSD are varied (e.g. logistic, Bur III, and normal distributions). Therefore, the second 
main research question addressed whether a particular statistical distribution was best suited 
for the development of WQC derivation? 
(3) What are the site-specific WQC for ammonia in Liao River Basin? 
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(4) How do the toxicity values derived from laboratory-based experiments based on laboratory-
raised organisms compare with the toxicity values derived from laboratory tests where 
specimens have been collected from the field using either a laboratory-based or field-based 
medium? 
(5) Which groups of data showed the highest sensitivity with a considerable confidence: acute 
data, chronic data, or data on biochemical and gene expression responses and how could 
they be incorporated in the development of WQC? 
(6) Macroinvertebrates are important components of freshwaterwater ecosystems. Do 
macroinvertebrate assemblages provide an appropriate indicator for field validation of 
WQC for ammonia that have been derived using laboratoty-based toxicity data? 
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Chapter 2 Deriving site-specific water quality criteria for 
ammonia from national versus international toxicity data 
This chapter presents the submitted manuscript investigating the derivation of site-specific water 
quality criteria for ammonia using national versus international toxicity data.  
2.1 Abstract 
A key question to be asked when developing regional WQC with scarce available toxicity data 
is whether such data need to be locally derived. To address this, ammonia toxicity data from 
local aquatic species in the Liao River were compared against data from species native and non-
native to China based on the comparisons of the overall trends of SSD curves and WQC derived. 
Liao River data were acquired by acute and chronic tests using five local freshwater invertebrate 
species, and then compiled alongside published data from Chinese national guidelines and 
international literature Models of best fit using three SSD approaches (log-logistic, log-normal, 
and Burr III) did not vary markedly (r2>0.9), and no specific model  provided a best fit across 
all datasets. The comparisons of the overall trend of SSD curves  showed no  significant 
differences at either a national  (Chinese native taxa tested in China versus non-native taxa)  
or regional level (Liao River taxa versus non-Liao River taxa). The comparisons also revealed 
that  the inclusion or exclusions of different ecological groups had little influence on the overall 
trends of SSD curves. These findings suggested data on non-local and non-native species, and 
data from local species tested elsewhere could be appropriate for guiding ammonia WQC for 
regions such as Liao River. However, caution is needed when using HC5 values in the 
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development of site-specific WQC for a river basin due to the considerable variation observed 
(16.8–56.6 mg/L), although these differences were not statistically significant. Based on the 
toxicity test evaluation, a preliminary acute value of 10.0 mg/L and chronic value of 1.7 mg/L 
(at pH of 7.0 and 20 °C) are proposed as site-specific ammonia WQC for the Liao River, China. 
2.2 Introduction 
Water quality criteria (WQC) are considered to be an effective management tool for protecting 
aquatic environments as they constitute the basis for the development of water quality standards 
(WQS) and can be used in the assessment, prediction and control of water pollution (USEPA, 
2003). WQC are widely used in management of aquatic ecosystems by many developed 
countries, though different terminologies have been used, including ambient WQC/WQS (the 
United States of America), Environmental Quality Standards (EQC) (most European Union 
countries), and Guidelines for Fresh and Marine Water Quality (Australia and New Zealand) 
(USEPA, 1985; OECD, 1995; ANZECC/ARMCANZ, 2000). To construct a WQC/WQS system 
for water management, China initially adopted international WQC/WQS directly (Xia and 
Zhang, 1990), without knowledge of whether the foreign WQC or standards could be over- or 
under-protective for aquatic ecosystems in China, considering the differences in taxonomic 
composition and physical, chemical and biological factors in water that can affect the toxicity of 
a substance (Yin et al, 2003a, b). To develop appropriate WQC for Chinese river systems, 
research on the derivation of national criteria has progressed significantly over the past two 
decades, particularly in relation to selected organic pollutants and heavy metals (e.g. Yin et al., 
2003a, b; Yan et al., 2012; Yang et al., 2012). Toxicity testing on resident Chinese species has 
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been conducted to generate toxicity data for native species, which have been combined with 
international values generated for species that occur in China but were not tested in China. 
Despite this, these data have then been used to generate relative WQC for China. However, the 
emphasis on including international data for WQC derivation in data-poor regions has been 
questioned as to its appropriateness (Davies et al., 1994). 
Comparative research investigating the difference in sensitivity between native and non-native 
species and WQC derived from native and non-native data has been undertaken in light of 
prioritising the development of national WQC for China (Jin et al., 2011; Feng et al., 2013; 
Wang et al., 2013; Wu et al., 2015). The highly-variable spatial scale of Chinese river systems 
and equally variable water quality in different river basins present a considerable challenge for 
management. Regional-level studies are needed if site-specific WQC are to be derived, 
particularly as legislative requirements for river basin water management and site-specific risk 
assessment increase (Meng, 2013). However, due to the paucity of toxicity data applicable to 
resident species from river basins in China, the ability to test the appropriateness of site-specific 
WQC derived from toxicity data on species that occur in the specific river versus WQC derived 
in other Chinese rivers or outside of China has been hindered. 
In addition to a paucity in the quantity and quality of toxicity data, choosing the most appropriate 
derivation method is equally important to consider (Chapman et al., 1998). Two methods are 
normally used to calculate WQC, namely assessment factors (AF) and species sensitivity 
distributions (SSD). Typically, SSD are preferred because appropriate percentiles and 
confidence levels can be determined, whereas the AF method is problematic because it lacks 
any expression of uncertainty and only one protective level can be determined (TenBrook et al., 
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2008; Xing et al., 2014). By fitting cumulative probability distributions to species toxicity data 
based on rank-assigned percentiles, the SSD of specific pollutants can be generated. Based on 
the generated SSD, a point estimate known as HC5 (hazardous concentration for 5 % of species) 
can then be calculated and, after incorporating a safety factor between one and five (normally 
two), WQC for the corresponding pollutant are then derived (van Straalen and van Rijn, 1998). 
However, more than one distribution model can be used to develop SSD, leading to the question 
of whether a model of best fit could be developed (Wheeler et al., 2002, Xing et al., 2014). The 
USEPA (1985) use a log-triangular model, whereas a log-normal model is utilized in the 
Netherlands (Wagner and Lokke, 1991; Aldenberg and Jaworska, 2000). Two additional 
alternatives are the log-logistic model (Aldenberg and Slob, 1993) and Burr type III, which has 
been used in Australia and New Zealand (Shao, 2000). Among all models mentioned above, the 
log-logistic model is preferred by most researchers as it provides a comparatively better model 
fit over other distributions (Wu et al., 2013). However, the fit of different models can vary with 
the quantity and quality of toxicity data (Wheeler et al., 2002). Thus, when deriving WQC for a 
specific area such as a river basin, the most appropriate model requires investigation. 
In the present study, the Liao River, located in north-eastern China and one of the seven largest 
rivers in China, was chosen to conduct the case study. Ammonia was targeted for the case study 
as a representative pollutant because ammonia is a primary pollutant affecting water quality in 
the Liao River system (Meng 2013; China Environmental State Bulletin, 2015). Additionally, a 
large dataset relevant to ammonia toxicity is available, but the toxicity of ammonia on Chinese 
species is not well established. Five local species from different taxonomic levels (five Families 
from two Phyla) were selected for acute toxicity testing, with two of these chosen for chronic 
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toxicity testing. The objectives were to: (1) provide ammonia toxicity data for local species of 
the Liao River region; (2) choose appropriate methods for deriving WQC for the Liao River by 
comparing the ‘goodness of fit’ among the various models; and (3) determine suitable data sets 
for determining WQC by comparing differences among SSDs. The derivation of point-estimate 
toxicity values is tested on the few site-specific data available in China, and will enhance the 
derivation of appropriate site-specific WQC to protect aquatic environments. Based on the 
shared physiologies of the test organisms and the fact that the findings by several studies have 
supported that geography does not significantly affect sensitivities of species, the hypotheses in 
this study were that SSD curves would not differ among: 1) Chinese native taxa and non-native 
taxa; 2) local (endemic) taxa collected from the Liao River versus Chinese native taxa collected 
outside of the Liao River; and 3) for toxicity data compiled within and outside (i.e. international 
data) of China. 
2.3 Materials and methods 
2.3.1 Test reagents 
Ammonia used in the bioassays consisted of analytical grade ammonium chloride (NH4Cl) with 
99.5 % purity (Tianjin Kermel Chemical Reagent Company, Ltd). 
2.3.2 Test organisms 
Five local invertebrate species of the Liao River Basin were selected as test organisms 
representing two phyla and five families. These, in combination with data on four local fish (Liu 
et al. in review, included here as Appendix 2) (to clarify, toxicity data for these four fishes were 
 47 
included in the SSD generation and WQC derivation all through the present study but were not 
directly tested as a part of this work), generated local data for three phyla and eight families, 
thus meeting requirements of USEPA (1985) technical guidelines. It should be noted that the 
inclusion of aquatic plants is also usually recommended to derive robust WQC, but this is not 
the case for ammonia (USEPA, 2013a). Species were selected on the basis that they were widely 
distributed in China and the Liao River Basin and were adaptable to laboratory conditions. 
Daphnia magna (water flea, Arthropoda, Pulicidae) (which was identified by Institute of 
Hydrobiology, Chinese Academy of Sciences) and Chironomus riparius (midge larvae, 
Arthropoda, Chironomidae) (which was identified to species according to keys of Wang et al., 
2011) were cultured from stock captured from the Hun River (Liao River Basin). Cyclops 
strenuus (copepod, Arthropoda, Cyclopidae), Macrobrachium nipponense (shrimp, Arthropoda, 
Palaemonidae), and Limnodrilus hoffmeisteri (oligochaete worm, Annelida, Tubificidae) were 
purchased from Shenyang Jinqiao Fish Market, all of which were originally sourced from Liao 
River. Three of these five test species were cosmopolitan species and since they have been 
studied before, it allowed us to compare whether geographical dissimilarity would result in 
sensitivity differences, even for the same species. As mentioned above, in the dataset to derive 
local WQC for Liao River, data on four local fishes were also included in the dataset, to make 
WQC derived as protective as possible for local ecosystems of Liao River Basin. According to 
the USEPA 2013 guidelines, mussels are extremely sensitive to ammonia and should be 
considered as test organisms. However, laboratory rearing of a ‘local’ freshwater mussel was 
not possible as mussels are absent from the Liao River, and cannot be purchased from local fish 
markets. Additionally, it has been reported that the freshwater mussel, Corbicula fluminea, 
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showed the same tolerance to ammonia as the oligochaete worm, L. hoffmeisteri (Liu et al., 
2014). Prior to the toxicity tests, all test organisms were acclimated to general test conditions 
(20 ± 1 °C, pH 7.2 ± 0.1) for a minimum of seven days, and fed powdered fish food (Gold 
Growth, Tetra®, Germany) once they were settled in the laboratory. 
2.3.3 Dilution water and sediments 
Dechlorinated tap water (activated carbon) was used as dilution water for all tests. Measured 
mean (± standard error where estimated) of chemical parameters of dilution water were as 
follows: total ammonia 0.01 ± 0.005 mg/L, pH 7.0 ± 0.5, DO 7.5 ± 0.3 mg/L, total organic 
carbon 0.02 mg/L, conductivity 516 mmhos/cm and hardness as CaCO3 170 ± 0.5 mg/L. 
Dissolved oxygen, pH, and conductivity were measured daily using a multi-parameter meter 
(HQ40D, HACH). Total organic carbon was measured weekly using the “Combustion oxidation 
nondispersive infrared absorption method” (Chinese National Standard HJ 501-2009) and 
hardness was measured weekly according to Chinese National Standard (GB/T 6909-2008). 
Sediments were collected from the field (37° 72’ N, 144° 85’ E) (30 km from the residence zone 
and no known waste water discharge). A dip net with a 360-μm mesh was used to scoop surface 
sediments. Sediments were filtered in situ through a 64-μm mesh net into a bucket. After the 
sediment had settled, the remaining water was decanted. Filtering ensured minimal effects of 
grain size on macroinvertebrate colonisation and that animals already inhabiting sediments were 
removed (Sharley et al., 2008). Sixty litres of filtered sediment were obtained. Wet sediment 
was homogenised and stored at 4  C in 500-mL glass jars until use. Total N, total ammonia, 
 49 
total P, and total organic matters were measured at 5852 mg/kg, 13 mg/kg, 489 mg/kg, and 47 
g/kg, respectively. 
2.3.4 Toxicity tests 
All tests were conducted according to ASTM standard guidelines (ASTM, 2012, 2014; Wu et 
al., 2015) and tests with C. riparius were conducted according to OECD guidelines 235 (for 
acute) and 219 (for chronic exposures) (OECD, 2004, 2011). The test acceptability criteria used 
were survival ratios of control groups above 90 % in acute tests and 80 % in chronic tests. 
2.3.4.1 Acute toxicity tests 
Tests with C. riparius (1st instar) and D. magna (＜24 h old) were conducted using single pulse 
static exposures, while tests on the other three species were static renewal exposures whereby 
total replacement of test solutions occurred at 24-h intervals over the test duration period. As 
temperature and pH are two important parameters that affect the toxicity of ammonia, both were 
measured every 12 h in addition to ammonia concentrations for all groups of different exposure 
concentrations. Acute toxicity tests were conducted with three replicates, each containing 10 
organisms which were put into a 200-mL test chamber with 100 mL test medium. Ammonia 
treatments consisted of five concentrations together with a control (0 mg/L) (Table 2.1). As 
NH4Cl was used as the source of ammonia, for different treatments, 1M of NaOH solution was 
used to adjust the pH to the level shown in Table 2.1. All tests were undertaken using a light: 
dark photoperiod of 12:12 h and were run in sequence for each species (Yan et al., 2012). The 
temperatures reflected the ambient laboratory temperature at the time of the experiment and pH 
were adjusted for each test to match the pH value of the control. Nominal NH3 concentrations 
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were selected based on preliminary experiments to determine the concentration at which there 
was 100 % mortality for each species. After taking this concentration as the maximum 
concentration, all other intermediate concentrations were set at a dilution ratio of 2, as per the 
OECD guidelines (OECD, 1995). 
 
Table 2.1 Acute ammonia toxicity exposure to local freshwater species of the Liao River Basin 
Species 
Broad 
taxonomic 
group 
Wet 
weight (g) 
Length 
(cm) 
Exposure 
time (h) 
Nominal NH3 
concentrations (mg/L) 
Temp.
（°C） pH 
C. riparius Arthropod (insect) NM NM 48 
0, 50, 100, 200, 400, 
800 25±1 7.0±0.2 
D. magna Arthropod (cladoceran) NM NM 48 0, 10, 20, 40, 80, 160 23±1 7.5±0.2 
C. strenuus Arthropod (copepod) NM 2.5±0.2 48 0, 20, 40, 80, 160, 320 20±1 7.5±0.2 
M. nipponense Arthropod (shrimp) 0.13±0.01 2.7±0.2 96 
0, 25, 50, 100, 200, 
400 20±1 7.5±0.2 
L. hoffmeisteri Annelid (oligochaete) NM 3.5±0.3 96 0, 20, 40, 80, 160, 320 20±1 7.5±0.2 
NM: Not measured. 
 
2.3.4.2 Chronic toxicity tests 
Chronic toxicity tests were only conducted with C. riparius and D. magna because they could 
be cultured in the laboratory to allow for longer-term observations. 
The number of replicates (n = 3), ammonia treatments (n = 5 plus a control of 0 mg/L), number 
of organisms per vessel (n = 10), photoperiod, and the size and age of organisms used in chronic 
tests were within the same range used during acute toxicity testing (1st instar C. riparius larvae 
and ＜24 h old of D. magna). At the end of each test, the no observed effect concentration 
(NOEC) and lowest observed effect concentration (LOEC) were recorded and the maximum 
acceptable toxicity concentration (MATC, geometric mean of NOEC and LOEC) was then 
calculated (Yan et al. 2012). 
 52 
Twenty-one day survival-reproduction tests using neonates of D. magna (＜24 h old) were 
conducted in 150-mL beakers containing 100 mL test solution at 22 ± 1 °C. The pH of each 
treatment was adjusted to 7.5 by adding 1 M NaOH solution. Daphnia were fed once every day 
with green algae (Scenedesmus obliquus) at a cell concentration of 1.0×105 cells/mL. Survival 
and reproduction were recorded daily during the test. Measured endpoints included the time to 
first brood, number of broods and number of exuviations. Nominal ammonia concentrations in 
the chronic test were 0.0, 2.5, 5.0, 10.0, 20.0, 40.0 mg/L, respectively, again based on responses 
observed during the acute toxicity testing. 
2.3.4.3 Measurements of total ammonia 
Total ammonia was measured in all tests according to the Nessler's Reagent Spectrophotometry 
method (HJ 535-2009). The detection limit for this method is 0.025 mg/L, and the maximum 
concentration measured was 2.0 mg/L. Briefly, based on the nominal concentrations and 
detection limits, adequate volumes of test solutions (normally less than 2 mL) were placed into 
test chambers of 50 mL, and diluted with distilled water to 50 mL. One mL of potassium sodium 
tartrate solution (500 g/L) and 1.0 mL of Nessler’s Reagent (100 g/L of mercury iodide, 70 g/L 
of potassium iodide, and 160 g/L of sodium hydroxide) were added into the test chambers, and 
then mixed. After 10 min, the mixed solution was placed into the 20-cm cuvette to measure the 
absorbance of the solution using spectrophotometry (UV 1700, Shimadzu, Japan) at 420 nm. 
Ammonia concentrations were then calculated against the ammonia concentration standard 
curve. The recovery rate was in a range of 95 % to 105 %. 
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2.3.5 Data collection and grouping 
Published toxicity data relating to the derivation of WQC for ammonia, were collected from 
USEPA documents (USEPA, 2013a), CNKI (http://www.cnki.net), and Google Scholar 
(http://scholar.google.com) (all published before December of 2015). The search key words 
included “ammonia toxicity”, “acute toxicity of ammonia”, “chronic toxicity of ammonia”, 
“ammonia water quality criteria” and “ammonia water quality standards”. Data for fish were 
also included from Liu et al. (2018) (Appendix 2). Multiple restrictions were used when 
screening toxicity data from published research: (1) only endpoints on survival, reproduction, 
and growth of individual organisms were selected; (2) 48 h and 96 h were considered as the 
appropriate test period for acute data selection; (3) only freshwater tests were selected; (4) if 
different life stages of the same species were tested, the toxicity data using the earliest life stage 
was selected; and (5) if the same life stage of species were tested in different studies, the 
geometric values of all toxicity values were calculated to form the toxicity value for the 
corresponding species. 
To identify whether SSDs for species toxicity data differed among nations, regions and the Liao 
River within China, all available global toxicity data were categorised into two comparisons: (1) 
national level, including Chinese native versus non-native species; and (2) regional level, 
including species endemic to the Liao River versus Chinese native species that occur outside of 
the Liao River. Many species (e.g. invertebrates), however, are cosmopolitan and therefore are 
native to a number of different nations and regions. Data on these species were considered to be 
native and resident in the Liao River for the categories described above. Where more than one 
toxicity test existed for any taxon within a comparison, the geometric mean of individual tests 
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was used, as per the USEPA guidelines (e.g. USEPA, 1985). To clarify any potential impact of 
differences relative to where data were derived, the dataset for Chinese native species was 
classified into two groups, including toxicity data derived for Chinese native species in China 
versus toxicity data for Chinese native species that were derived overseas. Similarly, the dataset 
for species that are occur in the Liao River was classified into three groups, including toxicity 
data that was derived from test species collected directly from the Liao River (local), toxicity 
data for the same test species that occur in China outside of Liao River (non-local, Chinese) and 
toxicity data for the same test species that occur outside of the Liao River and China (non-local, 
non-Chinese). In some instances, this meant that the same organism was included more than 
once if it had been tested in multiple locations. The comparisons of different datasets  are 
summarised in Fig. 2.2. All data are provided in the Supporting Documents (Appendix 3). 
Differences in sensitivity among the different data were compared in addition to the WQC 
derived from each specific data set. 
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Fig. 2.2 Categories of data used for comparisons of SSD curves that involved endemic (local) and 
native taxa found within and outside of China together with non-native taxa that do not occur in 
China (10 data sets in total and two levels (i.e. national and regional) of comparisons).  
 
When screening toxicity data from the literature, temperature and pH for each toxicity 
experiment were identified because both variables can influence the toxicity of ammonia 
(Erikson, 1985). Where total ammonia was not reported, formulae (1) and (2) were used to 
calculate those values (USEPA, 1985). All ammonia toxicity data were then transformed to the 
equivalent of a pH of 7.0 and temperature of 20 °C using formulae (3)-(6), as per USEPA 
①Chinese & 
International taxa (n = 
120 )1 
②Chinese Native taxa 
(n = 30 )2 
③Non-native taxa (n = 
90 ) 
④Toxicity tests conducted in China 
(Chinese) (n = 22 ) 
⑤Toxicity tests conducted outside 
China (non-Chinese) (n = 8 ) 
Chinese Native & 
Endemic taxa 
⑥Liao River taxa (n = 
22 ) 
⑦Non-Liao River taxa 
(n = 8) 
⑧Liao River taxa collected directly from 
Liao River (local) (n = 9 ) 
⑨Liao River Taxa collected outside of 
Liao River (non-local, Chinese) (n = 11 ) 
⑩Liao River taxa tested outside China 
(non-local, non-Chinese) (11 ) 
1Chinese & International taxa: toxicity data for both native and endemic species to China plus non-native taxa that 
occur outside of China? Data includes toxicity tests that were conducted on Chinese native taxa both in China and 
elsewhere overseas; 
2Chinese Native & Endemic taxa:  native taxa includes species with a widespread distribution across China versus 
endemic taxa that includes species with distributions restricted to Liao River Basin; 
3 Data derived from experiments conducted in this study. 
Taxa not found in China 
Taxa not found in Liao River but in 
other Chinese river systems 
National level 
Regional level 
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guidelines (USEPA, 2013a). In addition, total ammonia was used for the purposes of this study. 
If the source data comprised un-ionized or ionized forms, they were recalculated to the 
equivalent total ammonia.  
Calculations used for the transformations above are as follows (Erikson, 1985): 
)101/(])[]([ )(43
pHpKaNHNHTAN −+ ++=        (1) 
)2.273/(92.272909018.0 TpKa ++=        (2) 
where TAN was the concentration of total ammonia (mg/L), [NH3] and [NH4+] were 
concentrations of un-ionized ammonia and ionized ammonia (mg/L), T was temperature, and 
pKa was the dissociation constant. 
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where AVt and CVt (mg/L) were the acute and chronic toxicity values under the given 
temperature and pH, AVt,7 and CVt,7 were the transformed values under pH of 7 (mg/L), AVt,7,20 
and CVt,7,20 (mg/L) were the transformed value under pH of 7 and temperature of 20°C, where t 
was temperature at which the experiment was conducted (USEPA, 2013a). 
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2.3.6 Statistical analysis and WQC derivation 
Point estimate 48-h LC50 and 96-h LC50 values and the corresponding 95 % confidence intervals 
were calculated using Probit methodology in SPSS 20.0. LOEC and NOEC were estimated using 
one-way ANOVA (Dunnett’s test) for multiple comparisons in SPSS 20.0. 
Three SSD approaches, including log-logistic, log-normal, and Burr type III were employed to 
construct SSD curves based on all the data sets in this study. These included SSD model 
approaches recommended by the Netherlands National Institute for Public Health and the 
Environment (log-normal) and Australian and New Zealand Environmental and Conservation 
Council (Burr type III), plus log-logistic SSD (Albenberg and Slob, 1993; 
ANZECC/ARMCANZ, 2000; RIVM, 2001). All the SSD curves were generated and all r2 and 
residual sum of squares (RSS) were calculated using a nonlinear curve fit in Origin 8.0. A two-
sample Kolmogorov-Smirnov test in SPSS 20.0 was used for the comparison among all the SSD 
generated from the different data sets. 
As the temperature and pH affect the toxicity of ammonia to quatic species (USEPA, 2013a), 
following the guideline of USEPA, WQC (acute and chronic) for ammonia under different pH 
and temperature should be derived as follows: 
𝐴𝐴𝐴𝐴𝐴𝐴𝐴𝐴𝐴𝐴 𝑊𝑊𝑊𝑊𝑊𝑊 =  Acute WQC at pH of 7.0 and T of 20℃
Lowest GMAV of all species × � 0.01141+107.204−𝑝𝑝𝑝𝑝 + 1.61811+10𝑝𝑝𝑝𝑝−7.204� ×
𝑀𝑀𝑀𝑀𝑀𝑀 �
lowest GMAV of vertebrate species,lowest GMAV of invertebrate species × 100.036×(20−𝑇𝑇)�(7) 
𝑊𝑊ℎ𝑟𝑟𝑟𝑟𝑀𝑀𝑀𝑀𝐴𝐴 𝑊𝑊𝑊𝑊𝑊𝑊 = 𝐴𝐴𝐴𝐴𝐴𝐴𝐴𝐴𝐴𝐴 𝑊𝑊𝑊𝑊𝑊𝑊 𝐴𝐴𝑊𝑊𝐴𝐴�   (8) 
In formulae (7) and (8), T represents temperature, Min is the minimum value, GMAV is the 
genus geometric mean of acute value, and all values were based on the relationship between the 
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toxicity of ammonia and two water parameters (pH and temperature) (USEPA, 2013a). It should 
be noted that these equations were based on the USEPA guideline (2013a) for site-specific WQC 
development where mussels and Oncorhynchus spp. are absent. The reasons why they are not 
included in the derivation of WQC in the present study are: (1) Oncorhynchus spp. are not 
endemic to Liao River or native to China; and (2) the sensitivity of mussels tested in China is 
less than the sensitive taxa listed in USEPA guidelines. 
In the present study, to derive a preliminary WQC for Liao River basin, the datasets were built 
in two ways and the WQC derived were compared for each of: (1) “local taxa” as defined in Fig. 
2.2; and (2) all appropriate data compiled using the guidelines of USEPA (2013b) which 
includes selecting appropriate surrogate species for the Liao River (i.e. species are those that 
occur within or are edemic to Liao River or are from the same genus or family as Liao River 
species). 
2.4 Results 
2.4.1 Toxicity results 
2.4.1.1 Acute toxicity testingNominal concentrations were used to estimate LC50 values as, over 
a course of 24 h in a static system, the ammonia concentrations decreased by 10 %, which is 
considered negligible (Ankley et al., 1995). Results of acute toxicity tests (Table 2.2) were 
transformed to standard toxicity values (pH of 7.0 and temperature of 20 °C) as it was considered 
most appropriate to compare them under uniform conditions. Mortality rates of all control groups 
in acute tests were less than 10 % as listed in the Supporting documents (Appendix 3). The water 
flea, D. magna, with a 48-h LC50 of 100.1 mg/L which was the most sensitive in previous 
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studies conducted in China (Yin et al., 2003a, b), was also the most sensitive among the five 
species used in this study (Table 2.2). The next most sensitive was C. strenuus, followed by M. 
nipponense, L. hoffmeisteri, and C. riparius, with the difference between the most and least 
sensitive species being 3.9 times the ammonia concentration. 
 
Table 2.2 Acute toxicity of ammonia (total ammonia) of five local species from the Liao River 
Species Broad taxomic group pH Temperature (°C) LC50 (mg/L) LC50* (mg/L) 
D. magna Arthropod (crustacean) 7.5 22 46.7 100.1 
C. strenuus Arthropod (crustacean) 7.5 20 89.4 162.2 
M. nipponense Arthropod (shrimp) 7.5 20 118.7 215.3 
L.hoffmeisteri Arthropod (oligochaete) 7.5 23 123.2 286.7 
C. riparius Arthropod (insect) 7.0 23 304.6 390.6 
 
2.4.1.2 Chronic toxicity testingMortality rates of all control groups in chronic tests were less 
than 10 % (as shown in the Supporting documents in Appendix 3). During chronic toxicity 
testing (Table 2.4), three different endpoints were recorded for D. magna, with the number of 
broods (MATC of 14.1 mg/L) and number of exuviations (MATC of 14.1 mg/L) being more 
sensitive to ammonia than the first time to brood, for which no MATC value could be calculated. 
For the two different endpoints observed for C. riparius, the emergence ratio (MATC of 35.4 
mg/L) appeared to be more sensitive to ammonia than the development ratio (MATC of 141.4 
mg/L) when chronically exposed, which agreed with previous studies (Monda et al., 1995). 
 
 
 
 
 
 60 
Table 2.3 Chronic toxicity of total ammonia on C. riparius and D. magna from the Liao River 
Species Endpoints NOEC/LOEC (mg/L) MATC (mg/L) MATC*(mg/L) LC50*(mg/L) ACR 
C. riparius 21-d Development ratio 100/200 141.4 195.2 390.6 2.00 
 21-d Emergence ratio 25/50 35.4 48.8 390.6 8.00 
D. magna 21-d First time to brood No observed effect NA NA NA NA 
 21d-Number of broods 10/20 14.1 21.7 100.1 4.61 
 21-d Number of exuviations 10/20 14.1 21.7 100.1 4.61 
NOEC: No observed effect concentration; 
LOEC: Lowest observed effect concentration; 
MATC: Maximum acceptable toxicity concentrations, the geometric mean of NOEC and LOEC;  
MATC*: MATC transformed to the condition of pH of 7.0, temperature of 20 °C using formulae (5) and (6) (USEPA, 2013); 
LC50*: Acute values from Table 2.2; 
ACR: Ratio of acute values to chronic values; 
NA: Not available as no effect was observed for all the treatments. 
 
2.4.2 Model of best fit for data groups using SSD methods 
Based on comparisons of three widely-used SSD approaches, the goodness of fit for each of the 
different data sets was high (r2＞0.9) (Table 2.5). The number of data points used in the 
comparison ranged from a minimum of eight (Non-Liao River taxa) up to a maximum of 120 
(All Chinese & International Data). 
For data sets with more than 20 data points, the difference among HC5 values derived from the 
various SSD was not large, with a factor of 1.1-1.2 between the highest and lowest derived value. 
However, where the number of data points in the data set decreased, the range of HC5 values 
derived from the different SSD models using the same data set was wider. 
Among the 10 different datasets, log-logistic was the model of best fit for four data groups, 
namely “Native taxa”, “Non-Chinese taxa”, “Non-local, Chinese taxa” and “Non-local, non-
Chinese taxa”, and log-normal made the model of best fit for “Local taxa” only. For the 
remaining five datasets, Bur III was tested to be the model of best fit. However, no specific 
model provided a best fit for all datasets in developing SSDs or calculating HC5 values, 
notwithstanding the number of data points in the dataset. 
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Table 2.4 Goodness of fit tests for differenct total ammonia toxicity data sets derived for native and 
non-native species in China and overseas. These data were compared using three SSD models to 
derive HC5 values. 
Taxa N Models r2 RSS AIC HC5 95 % CI (HC5) Factor 
 Chinese native taxa 30 Log-logistic 0.9889 0.0250 -208.7023 29.8 28.3-31.4 1.1 
 30 Log-normal 0.9872 0.0290 -204.2911 32.7 30.9-34.5  
 30 Bur III 0.9889 0.0242 -207.6656 30.1 25.2-35.9  
Non-native taxa 90 Log-logistic 0.9940 0.0438 -682.5138 31.3 30.8-31.8 1.2 
 90 Log-normal 0.9942 0.0419 -686.5266 34.6 34.1-35.1  
 90 Bur III 0.9952 0.0345 -702.0989 36.9 34.8-39.1  
All Chinese & International taxa 120 Log-logistic 0.9955 0.0442 -944.8370 30.8 30.4-31.2 1.1 
 120 Log-normal 0.9955 0.0444 -944.3220 34.1 33.7-34.6  
 120 Bur III 0.9961 0.0376 -962.3169 34.4 32.8-36.1  
Liao River taxa 22 Log-logistic 0.9845 0.0248 -145.3439 26.5 24.6-28.7 1.2 
 22 Log-normal 0.9835 0.0264 -144.0012 29.7 27.5-32.0  
 22 Bur III 0.9855 0.0220 -145.9307 32.2 25.2-40.8  
Non-Liao River taxa 8 Log-logistic 0.9509 0.0218 -43.2350 26.8 24.6-28.7 1.5 
 8 Log-normal 0.9482 0.0230 -42.8067 29.7 27.5-32.1  
 8 Bur III 0.9860 0.0052 -52.7237 29.2 25.2-40.7  
Chinese taxa 20 Log-logistic 0.9851 0.0213 -132.9332 26.0 23.7-28.5 1.3 
 20 Log-normal 0.9853 0.0210 -133.1603 29.3 26.8-31.9  
 20 Bur III 0.9890 0.0149 -138.0560 21.7 17.6-27.1  
Non-Chinese taxa 15 Log-logistic 0.9583 0.0423 -84.0546 51.1 45.5-56.9 1.1 
 15 Log-normal 0.9512 0.0496 -81.6772 56.6 50.0-63.7  
 15 Bur III 0.9554 0.0419 -82.2257 54.2 30.4-79.1  
Local taxa 9 Log-logistic 0.9792 0.0109 -56.4377 16.8 13.9-20.4 1.2 
 9 Log-normal 0.9809 0.0100 -57.2126 20.1 17.0-23.8  
 9 Bur III 0.9761 0.0108 -54.5456 18.7 10.2-34.2  
Non-local, Chinese taxa 11 Log-logistic 0.9659 0.0234 -63.6680 78.3 67.0-91.1 1.4 
 11 Log-normal 0.9609 0.0269 -62.1610 85.5 73.0-99.4  
 11 Bur III 0.9655 0.0211 -62.8149 62.5 35.6-110.7  
Non-local, non-Chinese 11 Log-logistic 0.9342 0.0453 -56.4231 24.5 18.1-32.4 1.1 
 11 Log-normal 0.9245 0.0519 -54.9133 25.7 18.6-34.7  
 11 Bur III 0.9258 0.0453 -54.4085 27.2 10.5-53.9  
N: Number of data points in the data set; 
RSS: Residual sum of squares; 
AIC: Aikake information criterion (AIC) (Spiess et al., 2008); 
HC5: Hazardous concentration affecting 5 % of species;  
95 % CL: 95 % confidence intervals; 
Factor: The ratio of the maximum to the minimum values of HC5 derived using the same data set (taxa). 
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2.4.3 Comparison of SSD among different data sets 
To identify differences in SSDs among species residing in different regions and countries, SSDs 
based on native species and non-native species were compared (Fig.2.3a). Over the whole curve, 
the SSD of native species shifted slightly to the right of that of non-native species. Sections of 
curves (especially at cumulative probabilities over 0.3) varied among datasets, but the 
comparison showed that there was no statistically-significant difference between the overall 
trend of SSD curves constructed by native and non-native taxa (Kolmogorov-Smirnov test: ks = 
1.107, n1 = 30, n2 = 90, p = 0.172). 
Besides comparing SSDs at a national scale, in the present study, SSDs built by data on Liao 
River species and non-Liao River species were also compared at a regional level (Fig. 2.3b). 
There were no obvious differences in the overall trend of two SSD curves, which was confirmed 
by statistical testing (ks = 0.550, n1 = 8, n2 = 22, p = 0.922). 
Based on the comparison of data collected from Chinese test organisms with test organisms from 
outside China (Fig. 2.3c), despite the percentage point differences between HC5 derived from 
Chinese and non-Chinese taxa, the statistical comparison of SSD showed that there was no 
overall significant difference (ks = 0.634, n1 = 20, n2 = 15, p = 0.816). Additionally, to determine 
a suitable data source at a regional level, SSD curves constructed on Liao species are presented 
in Fig. 2.3d. Despite these observed differences, statistical comparison of SSD for all three data 
sets indicated that there was no statistically significant differences between non-local, Chinese 
taxa and local taxa (ks = 0.876, n1 = 9, n2 = 11, p = 0.426), nor between local taxa and non-local, 
non-Chinese taxa (ks = 0.405, n1 = 9, n2 = 11, p = 0.997). Moreover, there was no statistically-
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significant difference for Liao species when compared with non-local, non-Chinese taxa either 
(ks = 1.279, n1 = 11, n2 = 11, p = 0.076). 
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Fig. 2.3 SSDs using different data comparing total ammonia toxicity data: (a) SSDs comparing 
‘Native taxa’ (Chinese native species), ‘non-native taxa’ (non-native Chinese species), and ‘All 
taxa’ (native plus non-native taxa); (b) SSDs comparing ‘Liao taxa’ (species resident to Liao 
River), ‘Non-Liao taxa’ (native China species, not resident to Liao River), and ‘native taxa’ 
(native plus endemic); (c) SSDs comparing ‘Chinese taxa’ (China native species, for toxicity tests 
conducted in China) (‘Chinese taxa’), ‘non-Chinese taxa’ (China native species, for toxicity tests 
conducted outside of China, and ‘native taxa’ (same as referred in (a)); and (d) SSDs comparing 
‘Local taxa’ (Liao River resident species, test organisms were from the Liao River), ‘Non-local, 
Chinese taxa’ (Liao River resident species, test organisms were from China while outside of Liao 
River), “Non-local, non-Chinese taxa’ (Liao River resident species, test organisms were from 
outside of China, and Liao taxa’ (as referred in (b)). 
 
2.4.4 Site-specific WQC derivation 
Two different groups of data were used to derive WQC in this present study (Table 2.5). One 
derivation was based on ‘local taxa’ built in the present study and the other one was built based 
on the guidelines of USEPA (2013b), in which data on Chinese taxa (for similar genera and 
species) that occur naturally in the Liao River were gathered. 
 
 65 
Table 2.5 Datasets built on species that are appropriate to be used in site-specific water quality 
critertia derivation according to USEPA guidelines (2013b) 
Order Species Genus Family 
1Liao 
species 
2Surrogate 
species 
3SMAV 4SMAV 
1 Leuciscus cephalus Leuciscus Cyprinidae    40.9 
2 Acipenser sinensis Acipenser Acipenseridae    44.6 
3 Abbottina liaoningensis Abbottina Cyprinidae  
 45.2 45.2 
4 Mylopharyngodon piceus Mylopharyngodon Cyprinidae  
  57.2 
5 Ctenogobius giurinus Ctenogobius Gobiidae  
 61.5 61.5 
6 Corbicula fluminea Corbicula Cyrenidae    62.1 
7 Rana pipiens Rana Ranidae    96.4 
8 Daphnia pulicaria Daphnia Daphniidae    99.0 
9 Cyprinus carpio Cyprinus Cyprinidae    106.3 
10 Eriocheir sinensis Eriocheir Varunidae    112.9 
11 Pseudorasbora parva Pseudorasbora Cyprinidae   116.0 116.0 
12 Ceriodaphnia dubia Ceriodaphnia Daphniidae    134.2 
13 Simocephalus vetulus Simocephalus Daphniidae    142.9 
14 Acipenser brevirostrum Acipenser Acipenseridae 
   156.7 
15 Cyclops strenuuss Cyclops Cyclopidae   162.2 162.2 
16 Physa gyrina Physa Physidae    164.5 
17 Daphnia magna Daphnia Daphniidae   100.1 164.8 
18 Tubifex tubifex Tubifex Tubificidae    216.5 
19 Cottus bairdii Cottus Cottidae    222.2 
20 Limnodrilus hoffmeisteri Limnodrilus Tubificidae  
 286.7 241.5 
21 Anguilla anguilla Anguilla Anguillidae    286.0 
22 Macrobrachium nipponense Macrobrachium Palaemonidae  
 215.3 366.7 
23 Drunella grandis Drunella Ephemerellidae    442.4 
24 Rana chensinensis Rana Ranidae    461.2 
25 Cipangopaludina cahayensis Cipangopaludina Viviparidae  
  532.1 
26 Chironomus tentans Chironomus Chironomidae    546.2 
27 Misgurnus anguillicaudatus Misgurnus Cobitidae  
 796.1 784.9 
28 Chironomus riparius Chironomus Chironomidae   390.6 1029.0 
1Species that can be naturally found in Liao River; 
2Species that are from the same genus as species that can be naturally found in Liao River; 
3Geometric mean acute values (mg/L) for Liao species only and all transformed to baseline conditions of 20oC and a pH of 7; 
4Geometric mean acute values (mg/L) for all species (i.e. Liao species and surrogate species) sand all transformed to baseline 
conditions of 20oC and a pH of 7; 
Bold: species that are locally tested in Liao River (test organisms were sourced from Liao River) 
For deriving the Acute WQC when ‘local taxa’ were used, the lowest genus geometric mean of 
the acute values (GMAV) derived was for A. liaoningensis (fish), with a GMAV of 45.2 mg/L 
at pH of 7.0 and temperature of 20 °C. The lowest GMAV for an invertebrate species was 
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100.1 mg/L for D. magna. Given this, and using values derived from the log-normal model 
(highest r2, Table 2,4), the acute WQC at pH of 7.0 and temperature of 20 °C was 10.04 mg/L 
(1/2 of the HC5 20.1 mg/L for local taxa), 0.2 times the lowest GMAV of 45.2 mg/L. Therefore, 
the final formula for the Acute WQC was derived as: 
𝐴𝐴𝐴𝐴𝐴𝐴𝐴𝐴𝐴𝐴𝑊𝑊𝑊𝑊𝑊𝑊 = 0.2224 × � 0.0114
1+107.204−𝑝𝑝𝑝𝑝 + 1.61811+10𝑝𝑝𝑝𝑝−7.204� × 𝑀𝑀𝑀𝑀𝑀𝑀�45.15, 100.07 ×100.036×(20−𝑇𝑇)� (9) 
The alternative model based on the USEPA (2013b), provided the lowest GMAV for Leuciscus 
cephalus (a fish, 40.9 mg/L at pH of 7.0 and temperature of 20 °C) while the lowest GMAV of 
invertebrate species was 99.0 mg/L for Daphnia pulicaria. Given these values together with 
values derived from the log-logistic model (with lowest AIC, Table 2.6), the acute WQC at pH 
of 7.0 and temperature of 20 oC was 15.1 mg/L (1/2 of the HC5 30.2 mg/L for local taxa), 0.4 
times the lowest GMAV of 40.9 mg/L. Therefore, the final formula for the Acute WQC was 
derived as: 
𝐴𝐴𝐴𝐴𝐴𝐴𝐴𝐴𝐴𝐴𝑊𝑊𝑊𝑊𝑊𝑊 = 0.3692 × � 0.0114
1+107.204−𝑝𝑝𝑝𝑝 + 1.61811+10𝑝𝑝𝑝𝑝−7.204� × 𝑀𝑀𝑀𝑀𝑀𝑀�40.9, 99.0 × 100.036×(20−𝑇𝑇)�
 (10) 
 
Table 2.6 The comparison of parameters from different models when dataset was built based on 
“Revised deletion process for the site-specific recalculation procedure for aquatic life criteria” 
Models r2 RSS AIC HC5 95% CI (HC5) 
Log-logistic 0.98893 0.02484 -192.7701 1.48 1.45 1.51 
Log-normal 0.98863 0.02552 -192.0139 1.52 1.49 1.56 
BurIII 0.98887 0.02402 -191.7100 1.53 1.45 1.61 
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2.5 Discussion 
2.5.1 Comparison of toxicity values 
2.5.1.1 Acute toxicity values 
In other studies using the same species as in the present study, D. magna, M. nipponense, and L. 
hoffmeisteri were tested for their sensitivity to other stresses including heavy metals and organic 
pollutants, and 96-h LC50 values reported ranged from 1.2 to 7.8 mg/L for tetrabromobisphenol 
A, 0.04 to 52.6 mg/L for nitrobenzene, and 0.7 to 3.8 mg/L for zinc, respectively (Yan et al., 
2012; Yang et al., 2012; Feng et al., 2013). Compared to the pollutants listed above, which had 
higher LC50 values for the same test species in the present study, ammonia was relatively less 
toxic. 
Four fishes resident to the Liao River were tested for ammonia toxicity in another study (Liu et 
al., 2018), including three pelagic fishes, Ctenogobius giurinus (Chordata, Gobiidae), 
Pseudorasbora parva (Chordata, Cyprinidae) and Abbottina liaoningensis (Chordata, 
Cyprinidae) and a benthic fish, Misgurnus anguillicaudatus (Chordata, Cobitidae). All three 
pelagic fishes exhibited a higher sensitivity to ammonia compared to that of the pelagic 
invertebrate, D. magna, with 96-h LC50 values of 45.2, 55.7, and 62.7 mg/L for A. liaoningensis, 
P. parva, and C. giurinus, respectively (Liu et al., 2018). The benthic fish showed a higher 
tolerance than any other resident fish and invertebrate species with a 96-h LC50 (743.3 mg/L) 
that exceeded the value of 390.6 mg/L for C. riparius. In order, the relative sensitivities for the 
nine local Liao River species had the pelagic fish as most sensitive, followed by the water flea, 
shrimp, insects, oligochaete and benthic fish. The fish P. parva and M. anguillicaudatus, water 
flea (D. magna), shrimp (M. nipponense), oligochaete (L. hoffmeisteri), and insect (Chironomus 
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sp.) are all native to China and are widely used to derive WQC in China (Yan et al., 2012; Wang 
et al., 2013; Wu et al., 2015). P. parva and D. magna were considered sensitive species and L. 
hoffmeisteri considered tolerant in the studies mentioned above. Results of the present study 
concur with this assessment of the degree of sensitivity for each of these test species. 
Chironomus sp., M. nipponecse, and M. anguillicaudatus, which were not identified as sensitive 
to ammonia in this study have, however, been shown to be sensitive to organochlorine pesticides, 
nitrobenzene, and triclosan, respectively (Yan et al., 2012; Wang et al., 2013; Wu et al., 2015). 
In these studies, species displayed different sensitivities to the range of specific chemicals, with 
no single species being the most sensitive to all chemicals tested (Yan et al., 2012), indicating a 
degree of species specificity to chemical sensitivity. The sensitivity order of test species to 
ammonia in the present study also differs from the sensitivity order recorded for the same test 
species to other chemicals. 
The toxicity point estimates for ammonia determined from this study were also compared with 
toxicity values for the same species tested outside of China (Table 2.7). The 48-h LC50 value of 
100.1 mg/L for D. magna in the current study is well within the range of 37.7 to 419.1 mg/L 
reported elsewhere (Reinbold and Pescitelli, 1982; Gulyasand Fleit, 1990). In contrast, Monda 
et al. (1995) reported a 96-h LC50 of 1029 mg/L for 2-3 instar C. riparius, which was about 
three times higher than the 390.4 mg/L recorded in this study and L. hoffmeisteri showed less 
sensitivity in our study (286.7 mg/L 96-h LC50) than in that by Williams et al. (1986) (170.2 
mg/L 96-h LC50). Thus, values obtained in this study are broadly consistent with those obtained 
elsewhere, but there are some region-specific differences. 
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It is important to note that rivers in China are already significantly affected by a range of 
pollutants and thus, local extant fauna may represent only a tolerant subset of the fauna that 
originally inhabited those systems. No data, to our knowledge, exist to quantify the taxa that 
may have been lost from the system previously. The sensitivities of Chinese species may have 
changed due to pollution already having resulted in the loss of the more sensitive species. 
Alternatively, the lower sensitivity of these species could also be due to selection pressure,  
resulting in the evolution of resistance within species. Thus, the WQC derived for Chinese 
systems may not be appropriate for application in other more-pristine regions. 
The comparison between Chinese National data and local Liao River data demonstrates potential 
site-specific sensitivity to ammonia. For example, previous reports have shown that D. magna 
(there was no source information in the relevant published study) were less sensitive to ammonia 
than those sampled in the Liao River (48-h LC50 for D. magna is reported as 304.8 mg/L in Zhao, 
2011, compared to 100.1 mg/L in this study). Similarly, M. nipponense exhibited higher 
sensitivity in this study (96-h LC50 values being 215.3 mg/L in the present study compared with 
366.7 mg/L in Zhao et al., 2011). Conversely, L. hoffmeisteri exhibited lower sensitivity than in 
another reported study (96-h LC50 value of 286.7 mg/L in the present study compared with 258.9 
mg/L in Liu et al., 2014). It could be seen that even for the same species, there were differences 
in their sensitivities between local populations and those from other areas, which might be due 
to genetic differences. 
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Table 2.7 Comparisons of LC50 values (total ammonia) for D. magna, M. nipponense, L. hoffmeisteri 
and C. riparius in the present study and in other studies 
Species pH Temperature (°C) LC50 (mg/L) LC50* (mg/L) References 
L. hoffmeisteri 7.0 25.0 80.6 122.0 Liu et al. 2014 
L. hoffmeisteri 7.5 25.0 80.6 221.2 Liu et al. 2014 
L. hoffmeisteri 8.0 25.0 42.7 277.6 Liu et al. 2014 
L. hoffmeisteri 8.5 25.0 18.8 320.1 Liu et al. 2014 
L. hoffmeisteri 9.0 25.0 11.8 485.9 Liu et al. 2014 
L. hoffmeisteri 7.9 11.5 96.6 170.2 Williams et al. 1986 
L. hoffmeisteri 7.5 23.0 123.2 286.7 This study 
M. nipponense 7.9 22.0 87.2 366.7 Zhao 2011 
M. nipponense 7.5 20.0 118.7 215.3 This study 
D. magna 7.9 22.0 69.5 292.4 Zhao 2011 
D. magna 8.5 20.0 26.3 296.9 Gersich and Hopkins 1986 
D. magna 7.9 21.0 9.5 37.7 Gulyas and Fleit 1990 
D. magna 8.2 25.0 20.7 197.5 Parkhurst et al. 1979, 1981 
D. magna 8.3 19.7 51.9 419.1 Reinbold and Pescitelli 1982 
D. magna 8.1 19.6 51.1 242.4 Russo et al. 1985 
D. magna 7.5 20.1 48.3 89.7 Russo et al. 1985 
D. magna 7.5 20.1 55.4 106.1 Russo et al. 1985 
D. magna 7.5 20.3 43.5 81.0 Russo et al. 1985 
D. magna 7.4 20.6 42.3 69.9 Russo et al. 1985 
D. magna 8.1 20.9 41.5 227.9 Russo et al. 1985 
D. magna 8.0 22.0 51.3 236.7 Russo et al. 1985 
D. magna 8.2 22.0 37.4 252.8 Russo et al. 1985 
D. magna 8.0 22.8 38.7 226.1 Russo et al. 1985 
D. magna 7.5 22.0 46.7 100.1 This study 
C. riparius 7.7 21.7 357.7 1029.0 Monda et al. 1995 
C. riparius 7.0 23.0 304.6 390.6 This study 
LC50 *: Toxicity values transformed to the condition of pH of 7.0, temperature of 20°C (USEPA, 2013). 
 
2.5.1.2 Chronic toxicity values 
Chronic toxicity values for D. magna have been tested both outside and inside China, albeit with 
different endpoints (Reinbold and Pescitelli, 1982; Gersich and Hopkins, 1986; Zhao et al., 
2011). These previous studies found that the number of exuviations was more sensitive to 
increasing ammonia concentrations than reproduction, which coincided with results in this study. 
In previous attempts to derive a WQC for ammonia (Yan et al., 2011a), the lack of chronic values 
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was cited as a major constraint, and ratio of acute values to chronic values was used as an 
alternative when insufficient chronic data were available. In this study, for resident species to 
Liao River, two more chronic data points have been added, which will be of substantial value in 
deriving a site-specific WQC for ammonia in Liao River. If more chronic data (at least eight 
data points to meet USEPA guideline) on resident species (including invertebrate and vertebrate 
species both) were derived, the SSD curve using chronic data could be developed to derive 
chronic WQC. 
2.5.2 Model of best fit 
Requirements for data quantity and model choice when constructing SSDs to derive HC5 are 
factors open to debate (Newman et al., 2000; Wheeler et al., 2002; Xing et al., 2014). In the 
present study, different HC5 values were derived from SSD curves that were modeled on two 
different datasets (“Non-native taxa” and “All taxa”). There was no specific model with a best 
fit for all different datasets built in the present study and no pattern was found between models 
with best fit and the number of data points in the dataset. It has been recommended that, where 
possible, all available SSD approaches should be used to determine which model is best, based 
on goodness of fit, for an individual data set to ensure the greatest degree of accuracy when 
deriving criteria (Wheeler et al., 2002). This is particularly important when deriving WQC for a 
region with limited locally-derived data, where data quantity and data quality for the region are 
often supplemented by national and international data sources. 
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2.5.3 SSDs among different datasets 
Using toxicity data for species from one geographical region to assess the ecological risk posed 
to species in a different region has been challenged as species are expected to vary their 
sensitivities to pollutants due to their adaptability to local conditions (Davies et al., 1994). 
According to the USEPA (1985) guidelines, toxicity data established from native species are 
recommended for deriving WQC. Consideration needs to be given to whether the species 
distribution is relevant to the region of interest, whether the physical, chemical and biological 
factors could alter the toxicity of a substance in those aquatic organisms and whether 
toxicological tolerance of the organisms changes under different conditions (Yin et al., 2003a). 
Based on the comparisons shown by SSDs constructed for “Native taxa” and “Non-native taxa”, 
no significant difference was found.  
Similar comparisons for other chemicals have also reported no significant differences in 
sensitivity distributions of native and non-native taxa (Aldenberg and Jaworska, 2000; Newman 
et al., 2000; Jin et al., 2011; Feng et al., 2013; Wang et al., 2013; Wu et al., 2015). At the national 
level, the finding of no significant differences existing between SSD curves built by native and 
non-native taxa means that toxicity data to derive WQC for a country are not particularly needed 
to be biological relevant to the area,. If this is the case, it will help to remove the constraint of 
limited data quantity for many developing countries, such as China. 
Besides the comparison at a national level, the comparision at a regional level (i.e. Liao River 
taxa versus Non-Liao River taxa) was also conducted. Similarly, for the comparison of “Liao 
taxa” and “non-Liao taxa”, there were no significant differences found on the overall trend of 
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SSD curves developed by these two datasets. To my knowledge, similar comparisons at a 
regional level for a river versus the broader landscape have not been reported previously for any 
chemical contaminant. 
As mentioned earlier, many species are widely distributed across different nations and data on 
resident/native species where test organisms were from other regions/nations have been used in 
WQC derivation when data on local species were limited (Yan et al., 2012). Based on Fig. 2c, 
the curve of “Chinese taxa” showed a steeper SSD than that of the non-Chinese taxa. The trend 
of curve crossover is consistent with a previous study where the sensitivities of native and non-
native species to triclosan were compared: there, the reason for variation in the curve was 
attributed to missing toxicity data for two tolerant non-native annelid and insect taxa (Wang et 
al., 2013). In the present study, the taxonomic groups used in each case were similar and the 
slope of the two sigmoidal curves did not vary enough to result significant difference identified 
between the overall trend of two SSDs built by Chinese taxa and non-Chinese taxa. 
From the comparison shown in Fig 2d, the SSD curve of “non-local, Chinese taxa” was shifted 
to the right of that for “local taxa”, which indicated that “local taxa” were slightly more sensitive 
to ammonia than “non-local, Chinese taxa”. A comparison between the curves for “non-local, 
non-Chinese taxa” and “local taxa” indicated a greater sensitivity in “local taxa” at the tail of 
below a cumulative probability of 0.5 compared to that of “non-local, non-Chinese taxa”, with 
a reversal in trend above this point. It was somewhat surprising that no statistically significant 
difference was found among all three SSDs based on resident species in the Liao River, given 
the obvious shift shown by the “non-local, Chinese taxa”. However, the difference is clearly not 
large enough to be statistically significant given the sample sizes involved, although it may be 
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indicative of low statistical power for this particular comparison. Based on this lack of 
statistically-significant difference, the results described here potentially improve our confidence 
in the use of non-locally derived data in site-specific WQC derivation. 
In general, there was no significant difference between the overall trend of SSDs built on native 
and non-native species exposed to ammonia. At a national scale, no matter where the test species 
came from, no significant difference existed between the overall trends of SSDs. Furthermore, 
at a regional scale, the overall trends of SSDs by Chinese and non-Chinese taxa showed no 
significant difference as well. Based on findings in this study and those of previous studies, 
natural history, habitat type and geographical distribution do not appear to have a significant 
influence on the overall trend of SSD curves (Hose and Van den Brink, 2004; Frampton et al., 
2006). Therefore, it also appears that both regional native and non-native species can be used in 
addition to national and foreign data sets on native species when deriving WQC. The current 
difficulties associated with developing site-specific WQC in regional areas with limited data, 
could be potentially removed if published data are included. Foreign toxicity data or data from 
other regions focussing on both native species and/or non-native species could reasonably be 
used in the absence of local species data. It should be noted that the smallest sample size among 
different datasets was eight (local taxa) which could affect the power of the analysis on 
distributions using these datasets while for other datasets, like native (30 data) and non-native 
taxa (90 data), there should have been sufficient data to detect differences if they existed, which 
made these findings more  meaningful. While this conclusion is based on ammonia exposure 
to freshwater systems, it is not yet robust enough to encompass other aquatic contaminants or 
water types, as only a limited number of chemicals have been tested and compared worldwide. 
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If these results were replicated for other chemicals and locations, a worldwide database could 
be constructed and it would significantly aid many developing countries to manage and protect 
their aquatic ecosystems. 
2.5.4 WQC comparison 
Toxicity data on resident species were recommended for use in the calculation of water quality 
criteria (USEPA, 1985), as are data for ecologically relevant species (Hickey et al., 2008; Jin et 
al., 2012). If data from species restricted to Liao River were used, with the condition that test 
organisms should come from Liao River, the preliminary acute and chronic site-specific WQC 
for ammonia in Liao River were derived as 10.0 mg/L and 1.7 mg/L (for a pH of 7.0 and 
temperature of 20°C), and if data that were chosen based on the guideline of USEPA (2013b) 
were used, the acute and chronic site-specific WQC for ammonia in Liao River were derived as 
15.1 mg/L and 2.9 mg/L at the same pH and temperature conditions. These derived values were 
compared with those derived by other studies. Yan et al. (2011a) derived acute and chronic WQC 
for the Liao River using data on local species that were tested outside of China, which were 51.6 
mg/L and 3.1 mg/L, respectively, under the same standard conditions. The substantial 
differences in values derived in the present study and those by Yan et al. (2011a) demonstrate 
the value in including toxicity data for local species despite  no significant differences 
occurring among SSDs built by local and non-local taxa. Additionally, when using data on native 
species that were tested outside of China, the derived acute national WQC for ammonia was 
65.3 mg/L (Yan et al., 2011b), a value that is 6-fold higher than the acute value calculated in this 
study. Interestingly, differences between WQC in this study and in the United States (2013a) 
were smaller than the aforementioned values developed for China. There was less than a two-
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fold difference in acute WQC between the two (17 mg/L from USEPA), although it should be 
noted that the derivation of WQC by USEPA was based on the four most sensitive genera rather 
than all available taxa (USEPA, 1985). Comparison among chronic values showed a less than 
2-fold difference among the three available values, namely that derived in this study for Liao 
River, and the existing values derived for China and for the USA, having values of 1.7, 1.5, and 
1.9 mg/L, respectively. 
One main concern associated with WQC derived in this study is its applicability to guide water 
management in China, given that the LC50 values of the local species tested in the present study 
were 10 to 30 times higher than the acute WQC, and the MATC values derived from D. magna 
and C. riparius were 29 and 13 times greater than the chronic WQC derived in the present study. 
This highlights a potential problem as the derived WQC are very low, thus potentially 
challenging the government’s effectiveness at being able to comply with these WQC values to 
improve water quality. Whilst only invertebrates were tested in the present study due to animal 
ethics considerations, it can be seen from the sensitivity records in the toxicity database (listed 
in the Appendix 3), that most invertebrates were less sensitive than vertebrates such as finfish. 
Using the local taxa as an example, the taxa listed with greatest sensitivity is A. liaoningensis, a 
resident fish with an LC50 of 45.1 mg/L, which is 4.5 times higher than the acute WQC derived 
in the present study (10.0 mg/L). In relation to chronic WQC, toxicity data on local and native 
species are limited, consequently the USEPA (2013a) chronic database was referred to for 
selection of chronic sensitivity in finfish, e.g. Bluegill Lepomis macrochirus, with an EC20 of 
3.273 mg/L, was higher than D. magna (EC20 of 41.46 mg/L). The derived chronic WQC might 
be lower than the level required to protect fishes in the aquatic environment, and further studies 
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on chronic toxicity from ammonia in local fishes are needed. There was another concern about 
using WQC derived in this study given that other than two standard species (C. riparius and D. 
magna), other organisms  from the Liao River directly while the information on where these 
organisms were collected was hindered, which bring the problem that if these sites were polluted, 
these test organisms might show a high tolerance to pollutants than those living in “clean” sites. 
However, these data should prevent the disappearance of the remaining tolerant specens from 
the Liao River if that is all that currently remain. 
 
2.6 Conclusion 
This study represents a significant contribution to the derivation of site-specific WQC for data-
poor regions in China and other developing countries with limited toxicity data. Toxicity values 
of five acute and two chronic test exposures were used to identify the sensitivity of five native 
invertebrate species to ammonia from five families belonging to two phyla. Among the test 
species, D. magna was the most sensitive to ammonia followed by shrimp, annelids and insects. 
The species sensitivity distributions of local species (based on at least five invertebrate species 
in the present study plus four fish species from Liu et al., 2018) were compared against Chinese 
and non-Chinese data sets. No single method for deriving a model provided a best fit across all 
datasets. Comparisons among the overall trend of SSDs showed that there were no significant 
difference in SSD when derived from Chinese native compared with non-native taxa, nor for 
data from Liao River compared with non-Liao River taxa. For widely distributed species, 
whether tests were conducted locally or overseas  did not significantly change the assessment 
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of hazard either. These results indicate that, to derive ammonia WQC for data-poor regions, 
toxicity data from other sources, in addition to, or perhaps even replacing, local toxicity 
bioassays could be used despite apparent (but non-significant) differences in the HC5 values 
derived. The preliminary acute and chronic site-specific WQC for ammonia using test organisms 
collected from the Liao River were derived to be 10.0 mg/L and 1.7 mg/L at a pH of 7.0 and 
temperature of 20 °C, respectively. 
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Chapter 3 Chironomidae (midge) sensitivities to ammonia using 
multiple endpoints in China and Australia for the development 
of water quality criteria for freshwater river systems in China 
This chapter comprises the manuscript “Chironomidae (midge) sensitivities to ammonia using 
multiple endpoints in China and Australia for the development of water quality criteria for freshwater 
river systems in China” which has been prepared for submission to the journal “Environmental 
Toxicology and Chemistry”. 
3.1 Abstract 
In deriving water quality criteria (WQC) for aquatic risk assessment and water management relevant 
for freshwater systems in China, adequate toxicity data are needed. The appropriateness of using 
published data from other countries and data from laboratory-derived bioassays in the development 
of WQC, and the selection of appropriate endpoints for such WQC, need to be further investigated. 
In this study, Chironomidae larvae (Chironomus sp. and Polypedium sp.) were used as the model 
species for a series of acute and chronic ammonia toxicity tests in China and Australia. A series of 
11 ammonia exposure bioassays were conducted. In China, laboratory-raised 1st instar C. riparius 
larvae were used for 48-h acute exposure, 21-d chronic exposure experiments, as well as 24-h acute 
exposure experiments for detection of gene expression and enzyme activity. In Australia, laboratory-
raised 1st instar Chironomus sp. larvae were used for 48-h acute exposure so that sensitivities could 
be compared between Australia and China to assess comparability of internationally-derived data. 
Further toxicity tests in Australia using Polypedium sp. compared sensitivities of laboratory-raised 
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larvae versus larvae collected directly from the field (among three life stages: 1st; 2nd; and 3rd-4th instar) 
that were exposed to either laboratory-water or field-water treatments spiked with ammonia. The 
Chinese 1st instar C. riparius larvae (48-h LC50 of 264.1 ± 46.7 mg/L) were somewhat more sensitive 
than Australian 1st instar Chironomus sp. larvae (48-h LC50 of 384.6 ± 56.4 mg/L), however there 
were no statistically-significant differences between the results from the two countries. In Australia, 
laboratory-raised 1st instar larvae (Chironomus sp.) exposed to laboratory water (LC50 value of 384.6 
mg/L) were more sensitive than all three larval stages collected directly from the field whether they 
were exposed to spiked laboratory water or field water. Chronic ammonia values for Chinese C. 
riparius 1st instar larvae were estimated to be 24.96/51.07/35.70 mg/L (no observed effect 
concentration [NOEC]/lowest observed effect concentration [LOEC]/maximum acceptable toxicity 
concentration [MATC]) based on the observation of emergence ratio (number of larvae emerged 
divided by the total number of larvae), development rate, time to emergence, and sex ratio. The 
expression of heat shock protein (HSP) 70 and cytochrome P450 (CYP450) genes was up-regulated 
significantly at ammonia exposures of ≥  48.96 mg/L and ≥  9.89 mg/L respectively. The 
activities of glutathione S-transferases (GST) and catalase (CAT) were significantly higher when the 
ammonia concentrations were ≥ 48.96 mg/L and ≥ 247.15 mg/L respectively. Given the lack of 
statistical difference between results from China and Australia, we concluded that published data on 
native species generated overseas could be appropriate to be included in the development of local 
Chinese WQC. In addition, for Chironomidae larvae, laboratory-based data could provide sufficient 
protection for in situ field organisms where sensitive life stages are used and, specifically for C. 
riparius, endpoints linked to effects of biochemical and gene expression could be as sensitive as or 
more sensitive than chronic endpoints, which were both more sensitive than acute endpoints. These 
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findings help in the development of WQC by demonstrating the suitability of data from a range of 
sources, as well as adding to the overall pool of knowledge regarding sensitivity to ammonia which 
can be used in aquatic risk assessment. 
 
3.2 Introduction 
Accurate toxicity data are greatly in need for the development of water quality criteria (WQC) and 
aquatic risk assessments (Soloman et al., 1996; Wheeler et al., 2002; Feng et al., 2013; Liu et al., in 
review). The derivation of WQC for a region or country and regional is reliant on databases 
comprising native and/or local species and accepted minimum data sizes vary among international 
organizations (USEPA, 1985; ECB, 2003). When deriving national Chinese WQC, the requirements 
of appropriate data size have been met by including data from published research and international 
databases, using the principle that the species should be either endemic or widespread in China to be 
included, irrespective of where test organisms originated (Wu et al., 2012; Yan et al., 2012a). This 
approach has been helpful when data for Chinese species are limited and the pressure to develop 
national WQC is great. However, due to local adapation to different aquatic ecosystems, the tolerance 
exhibited by organisms from different countries could vary, even within the same species (Davies et 
al., 1994; Jin et al., 2011). Thus, Chinese WQC derived using published data from other 
countries/areas could result in either over- or under- protection of aquatic ecosystems, even when 
based on data from species native to China (Liu et al., 2018, Appendix 2). 
Laboratory-based toxicity data, which are derived from tests using laboratory-raised animals, are 
mainly used but it is unclear whether values derived from such data provide appropriate protection 
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of organisms in the field. Some authors have found that values derived from laboratory data are 
similar to those derived from mesocosm or field data and could be protective for field conditions 
(Van den Brink et al., 2002; Schroer et al., 2004; Hose and Van Den Brink 2004; Maltby et al., 2005), 
whereas others have questioned this (Okkerman et al. 1993; Versteeg et al. 1999; Schulz and Liess 
2000). To further understand the validity of incorporating laboratory data, toxicity experiments to 
compare sensitivities of organisms raised in the laboratory to those collected from the field need to 
be conducted.  
Both acute and chronic toxicity data are used when deriving WQC. Acute data are based on the 
estimated endpoints of LC50 (lethal concentration to 50 % of test organisms) or EC50 (effective 
concentration to 50 % of test organisms) for example, for an exposure periods of 4 days or less and 
chronic data are based on a longer exposure period (TenBrook et al., 2008). Chronic tests are 
typically based on the survival or growth of individuals. However, there is a rapidly growing body 
of research investigating other sublethal effects associated with biochemical processes and gene 
expression in aquatic species and it is believed that endpoints at the molecular level are more sensitive 
than those at the individual level, and that some early life-stage responses or endpoints can be equally 
important as predictive biomarkers (Snell et al., 2003; Forbes et al., 2006; Menzel et al., 2009). 
Fedorenkova et al. (2010) compared cadmium toxicity data based on acute, chronic, and gene 
expression responses. Among these three kinds of responses, the authors concluded that that chronic 
responses were most sensitivity, followed by gene expression and then acute responses: a finding 
which has been debated by others (Van Straalen et al., 2010). Thus, research to compare different 
endpoints when exposed to the same stressor is necessary to better guide the choice of endpoints in 
criteria derivation and risk assessment. 
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Chironomidae are widely distributed, ecologically important, and their biology is well known. They 
have many biological endpoints that can be readily measured in the field and laboratory 
(Bhattacharyay et al. 2005; Townsend et al. 2009; Dreyer et al. 2012). Due to the relative ease of 
rearing them in the laboratory and identifying their life stages, many Chironomus species (e.g., 
Chironomus riparius and Chironomus tentans) have been targeted as standard test organisms for 
aquatic toxicity (e.g. USEPA, 2002; OECD, 2004a, b). Additionally, multiple endpoints measured in 
Chironomus sp. when exposed to various chemicals have been well documented (e.g. Park and 
Kwak, 2008; 2010), which supports selection of the Chironomidae family as appropriate aquatic 
toxicity model species (Park et al., 2009).  
In this study, Chironomus sp. 1st instar larvae from both China and Australia (using first generation 
from field-collected larvae from the same genus in both countries) were used to conduct 48-h acute 
toxicity exposures to ammonia, which is a common contaminant in both Chinese and Australian river 
systems with intensive agricultural and urban discharges (Hickey and Vickers, 1994; Meng, 2013). 
Also, tests in Australia included using both laboratory-raised larvae and larvae collected directly 
from the field, both exposed to spiked ammonia treatments either in a medium of laboratory water 
or field water. For those tests, chironomids were Polypedilum sp. (Chironominae) and the 
experimental tests compared the sensitivities of three different larval stages: 1st instar, small 
(estimated 2nd instar) and large (estimated 3rd and 4th instar larvae). In China, chronic exposure tests 
were conducted involving 1st instar C. riparius larvae to compare responses across four endpoints: 
sex ratios, larval development rate, time to emergence and emergence ratios. These were used to 
derive NOEC, LOEC and MATC values. Finally, 4th instar C. riparius larvae were used in 24-hr 
acute tests for detection of enzyme activities (glutathione S-transferases [GST] and catalase [CAT]), 
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gene expression (cytochrome P450 [CYP450]) and heat shock protein [HSP] 70). Biochemical 
effects of ammonia on C. riparius were assessed in the current study by detecting the activity of GST 
and CAT. GSTs are a family of multi-functional enzymes that have varying catalytic roles 
(Blanchette et al., 2007). The antioxidant enzyme (CAT) was previously studied as an oxidative 
stress marker in C. riparius by Lee and Choi (2006). HSP70 is the most frequently studied HSP in 
aquatic invertebrates and is often used as a non-specific biomarker because it is induced by pollutants 
as well as heat stress (Lee and Choi, 2006; Park and Kwak, 2008; Planelló et al., 2008). CYP450 
represents an inducible enzyme system and increased levels of specific P450 isozymes are observed 
following exposure to a variety of organic chemicals (Rakotondravelo et al., 2006). P450 is also one 
of the most important enzyme systems involved in the detoxification of xenobiotics and hormone 
regulation in insects (Rakotondravelo et al., 2006).  
Thus, the aims of this study were:  
1.  to compare the sensitivities of laboratory-raised 1st instar congeneric larvae that were exposed 
to ammonia in China or Australia in acute exposure tests;  
2.  to compare the sensitivities of laboratory-raised chironomid larvae with those collected 
directly from the field, when exposed to either laboratory or field water spiked with ammonia 
in acute exposure tests. These tests occurred in Australia using Polypedium sp. and also 
included a comparison of sensitivities across different larval stages;  
3.  to compare the sensitivities of 1st instar C. riparius larval in chronic exposure tests, based on 
four endpoints: sex ratios, development rates, time to emergence and emergence ratios. This 
test was conducted in China; and 
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4.  to examine whether biomarkers (enzyme activity for glutathione S-transferases and catalase, 
and gene expression for cytochrome P450 and heat shock protein 70) are sensitive to ammonia 
exposure in Chironomus larvae and how they may incorporated into water quality guidelines. 
This test was also conducted in China. 
This study was designed to further clarify the appropriateness of using both international-based 
published data (so builds upon results from Chapter 2) and laboratory-based toxicity data and to 
guide the selection of endpoints appropriate for WQC derivation. The main hypotheses to be tested 
in the present study were that:  
1) sensitivities of Chronomidae larvae from China and Australia would not be statistically different, 
suggesting that data from Australia would be suitable for use in the derivation of Chinese WQC; 
2) laboratory-based toxicity data (i.e. laboratory-raised organisms tested in the laboratory) for 
Chironomidae larvae will be protective for field organisms; and 
3) toxicity data based on biochemical and gene expression levels will be more sensitive than data 
based on endpoints based at the whole-individual level (e.g. survival or growth), and can then be 
incorporated into the WQC derivation. 
3.3 Materials and methods 
3.3.1 Test organisms for all tests in both countries 
Chinese chironomid larvae were collected from Lianhua Lake in China (Tieling, Liaoning) from July 
2014. Australian chironomid egg masses and larvae were collected from Lake Pertobe in 
Warrnambool, Victoria from November 2015 and consisted of a mix of instars.  
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In China, all field-collected larvae were placed into different water tanks (30 × 20 cm) with 200 mL 
of laboratory water and a 2-3 cm sediment layer comprising clean fine sand (for composition of water 
and sediment see Section 3.3.2 below). The tanks were aerated continuously after the larvae were 
introduced. The top of each tank was covered with 150-µm mesh to capture adults, which typically 
emerged after 2 to 3 weeks. Larvae were fed daily with Tetra Fin gold fish flakes (Tetra®, Australia, 
approximately 0.5 mg per larva per day). Adults typically laid their eggs between one to two weeks 
post-emergence. After laying, eggs were gently transferred into separate containers (20 × 15 cm) 
with 300 mL of aerated lab water (one egg mass per container). Eggs usually hatched within 2 to 3 
days. 
In Australia, chironomid egg masses (three in total) and larvae (approximately 2000) were both 
collected from Lake Pertobe. The field-collected egg masses were transferred into containers with 
300 mL of in situ field water (one egg mass per container) until they hatched (typically 2-3 days) and 
then those larvae were used in bioassays (referred to herein as 1st instar field-collected larvae). The 
field-collected larvae were categorised into two size classes comprising small (length 0.4-1 cm) and 
large larvae (length 3-5 cm) for bioassay use. The remaining field-collected adults were then allowed 
to lay eggs and these then hatched to produce 1st instar larvae (referred to as 1st instar laboratory 
larvae) for the 48-hr acute toxicity experiment that was a repeat of the same trial previously 
conducted in China. Larvae were given two days to acclimate to laboratory conditions before toxicity 
experiments. 
Laboratory temperatures in both China and Australia were maintained at 20 °C with a light regime 
that included a morning and evening ‘twilight’ period: 1 hr low light; 14 hrs full light; 1 hr low light; 
8 hrs dark.  
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Species identification of Chironomidae is only possible after death, so identification was conducted 
following completion of the laboratory experiments. These later identifications revealed that the 
species used for laboratory experiments in China was Chironomus sp. (according to Wang et al., 
2011). Species used in Australian bioassays were Chironomus sp. (laboratory-raised 1st instar larvae) 
and Polypedium spp. (larvae hatched from field-collected egg masses and 97 % of field-collected 
larvae) according to Cranston (2010; chirokey.skullisland.info). 
3.3.2 Medium and solutions 
Medium M7 (OECD, 2011) was used as laboratory water in China and Martin solution was used as 
laboratory water in Australia, as that solution was specifically developed for Australian species  
(Martin et al., 1980). The water was aerated for 48 h prior to undertaking all experiments. In contrast, 
field water taken directly from Lake Pertobe was allowed to settle for two days, after which the top 
clean water was used and also aerated for 48 h ahead of acclimitisation and experimental exposure 
trials. It should be noted that initial total ammonia measurements occurred after 48 h of aeration, 
immediately prior to use in the experiments, and the concentration was below detection level (0.01 
mg/L). 
A consistent sediment mix for all trials was formulated using OECD Test Guideline 219 (2004) with 
5 % peat, 75 % quartz sand and 20 % kaolin clay. pH was adjusted to 7.0 ± 0.2 by adding CaCO3 as 
required. 
The stock ammonia solution consisted of 38.19 g of dried NH4Cl (105 °C) diluted with laboratory 
water to 1 L, giving a concentration of 10 g/L of total ammonia. A solution of 1M NaOH was used 
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as buffer to adjust pH for the experiments in China (to pH of 7.0) and standard buffer solutions of 
pH 4.00 and 10.00 at 20 °C (Scharlau, Spain) were used in Australia (to pH of 7.0). 
3.3.3 Experiments 
3.3.3.1 Design of 48-h acute toxicity experiment  
For acute experiments, all exposures were performed in solution only (i.e. no sediment used). For 1st 
and 2nd instar larvae, the nominal ammonia concentrations were 50, 100, 200, 400 and 800 mg/L, 
and for 3rd-4th instar larvae, the nominal concentrations were the same with the addition of a 1600-
mg/L treatment. pH for all the exposure treatments (including 0 mg/L controls) were adjusted to 7.0 
± 0.1 using buffer solutions. For acute experiments conducted in Australia, the experiments using 
field-collected larvae (i.e. 2nd and 3rd-4th instars field-collected larvae) were conducted at the same 
time while the experiments using 1st instar field larvae (i.e. larvae hatched from field-collected egg 
mass) and 1st instar laboratory larvae (i.e. larvae hatched from laboratory-raised egg mass) were 
conducted at different times. Water types used and laboratory conditions were consistent for all acute 
experiments in Australia. Furthermore, all experiments in Australia included two controls: one using 
laboratory water without buffer and a buffer control (i.e. including laboratory water and buffer). Each 
ammonia treatment and the controls were replicated across three beakers (250 mL) and each replicate 
used ten larvae. Microscopic observations for mortalities were taken every 24 h. Those animals that 
did not change their position (e.g. by crawling or swimming movements) within 15 seconds after 
mechanical stimulation were considered to be moribund or dead. Individuals that had not emerged 
after 14 days were also considered dead. 
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3.3.3.2 Design of 21-d chronic toxicity experiment 
Chronic experiments were conducted in China only and all exposures were performed in solution 
with sediment. A spiked water-sediment system was used to study the chronic effects of ammonia 
on C. riparius according to OECD Guideline 219 (1985). Briefly, a flow-through system was used 
because ammonia is volatile under aeration. The velocity created by the peristaltic pump was 0.3 
mL/s, equivalent to changing the overlying water once every three days. Each test vessel (600 mL) 
contained 400 mL of medium M7 and 100 g of moist formulated sediment (with a thickness of 3-4 
cm) with a pH of 7.0 ± 0.2. After preparation of the test vessels, the spiked water-sediment system 
was left under test conditions (at two bubbles per second) for seven days prior to the addition of 1st 
instar larvae. Five days before adding the test organisms to the test vessels, egg masses were taken 
from the cultures and placed in culture dishes in culture medium. At the beginning of the chronic 
test, aeration was stopped for 24 hours to allow the larvae to settle within the sediment. Organisms 
were exposed to one of five nominal ammonia concentrations of 25, 50, 100, 200, 400 mg/L 
continuously for 21 days, or to one solvent control. Three replicate vessels containing ten larvae were 
used for each treatment and the control. The larvae were fed with ground gold fish food (Gold Growth, 
Tetra®, Germany) once every two days. Each vessel received 1 mL of a suspension (equivalent to 
0.5 mg fish food per larva per day) made with 2 g of finely ground food and 200 mL of medium M7. 
Beakers were individually covered with netting to prevent the escape of adults. Four endpoints were 
measured during this experiment. The first endpoint was larval development rate. The second and 
third endpoints were time to emergence and emergence ratio, respectively while the last endpoint 
was the sex ratio of emerged adults.  
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For time to emergence, the number of adult midges that emerged from the vessels was recorded every 
day after the 6th day. For the development rate, x�: 
x� = � fixinemi=1  
where: i was the index of inspection interval, m was the maximum number of inspection intervals, fi 
was the number of midges emerged in the inspection interval i, and ne was the number of adult midges 
that had emerged at the end of the experiment (=∑ fi). xi was calculated as: xi = 1 (dayi − li2)�  
where: dayi was the inspection day (days since interdiction of the larvae) and li was the length of 
inspection interval i (days, usually 1 day). 
The time to emergence, y, was calculated as: 
y = � fim
i=1
xi 
where terms were as defined above.  
The emergence ratio, z, was calculated as: 
z = net  
where: t was the total number of larvae put in each vessel at the beginning of the chronic experiments, 
and ne was as defined above was the development rate, i was the index of inspection interval, m was 
the maximum number of ins). The calculations of these three endpoints were according to OECD 
guidelines (OECD, 2011). 
 98 
The last endpoint used was the sex ratio of emerged midges that were collected from each vessel and 
the sex of midges was identified based on antennae (i.e. if the antennae is trichomate, then the the 
midge is male, otherwise, the midge is female). 
3.3.3.3 Design of enzyme activities and gene expression experiment 
Exposure conditions for molecular-level effect 
The nominal concentrations for total ammonia used to test gene expression and enzyme activates 
were 10, 50, and 250 mg/L. All tests involved 4th instar C. riparius larvae only, which were acquired 
by day 12 after hatching from the same batch of egg masses collected for the acute experiments. 
Twenty larvae were then transferred to crystallizing dishes (250 mL, Schott, Germany) that contained 
150 mL of different concentrations of ammonia, and exposed for 24 h. The control group and 
treatment groups were conducted in triplicate (20 larvae in each beaker) using independent samples. 
Each treatment group contained ten larvae that were utilized for subsequent gene expression analyses 
and another ten were utilized for subsequent enzyme activities analyses. 
Gene expression analysis 
Total RNA was isolated from C. riparius larvae using EZ-10 DNA AWAYTM RNA Mini-prep Kit 
(Shenggong, Shanghai) according to the manufacturer’s instructions. The purity and contents of 
RNA were measured by nucleic acid protein analyzer (Eppendorf BioPhotometer Plus) and the 
contents were standardized by Takara DL2000 DNA Marker (TaKaRa, Biotechnology, Dalian) using 
1 % agarose gel electrophoresis. Single-strand cDNA was then synthesized from 3 µg of total RNA 
using the PrimeScript 1st Strand cDNA Synthesis Kit (TaKaRa, Biotechnology, Dalian) with random 
hexamer primer for reverse transcription in a 20-µL reaction mix. Next, the obtained cDNAs were 
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used as templates for PCR using primers specific to the HSP70 and CYP450 genes. The sequences 
of the oligonucleotide primers are shown in Table 3.1. 
Quantitative PCR amplifications and subsequent measurements were performed using a multiple 
real-time quantitative PCR (RT-PCR) (Biorad iQ5) according to the manufacturer’s instructions. To 
quantify the cDNA, RT-PCR was performed using a master mix with a final volume of 20 µL that 
contained 4 µL of SYBR®Taq II (Tli RNaseH Plus) (TaKaRa, Biotechnology, Dalian), 1 µL of 
premixed primers (10 µmol/L of each primer), 1 µL (30 ng) of cDNA template, and 14 µL of 
deionized water. The following PCR conditions were used to amplify the genes: 95 °C for 45 s, 
followed by 40 cycles of 95 °C for 15 s, 61 °C for 20 s, and 72 °C for 30 s. Fold changes in the 
expression levels were calculated using the comparative CT method, which was normalized against 
the β-actin expression of the same samples. Each test consisted of three replicates in three different 
beakers. 
Table 3.1 Primers used to amplify specific genes 
Gene Primer sequences Amplified size Genbank number 
P450 F: 5’GAAAACTTATCGCTCCAGCC3’ 327 bp AY880065 
 R: 5’TGATGGGAGGTTTCCTTCTG3’   
HSP70 F: 5’CATGTGAACGAGCCAAGAGA3’ 300 bp AY163157 
 R: 5’TCGAGTTGATCCACCAACAA3’   
β actin F: 5’GATGAAGATCCTCACCGAACG3’ 253 bp EU999991 
 R: 5’CGGAAACGTTCATTACCG3’   
 
Enzyme activity analysis 
All ten larvae collected from each control and experimental tank after 24 h were pooled for 
measurement of enzyme activity. Briefly, pooled larvae from each replicate were homogenized in 2 
mL of Tris EDTA buffer (40 mM, pH 7.8; Amresco Inc.) with a glass-Teflon homogenizer. The 
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crude homogenate was then centrifuged for 15 min at 500 rpm (4 °C), after which the supernatant 
was centrifuged for 30 min at 12,000 rpm (4 °C). The resulting supernatant was then used to measure 
the enzyme activities. The GST activity was assessed spectrophotometrically through the 
measurement of glutathione-1-chloro-2,4-dinitro benzene conjugate production (Habig et al., 1974). 
The rate of H2O2 disappearance (measured at 240 nm) was used to quantify catalase activity (Beers 
and Sizer, 1952). In addition, the enzymatic activity was calculated relative to the measured protein 
content of the extracts according to the PierceTM BCA protein assay Kit (Park et al., 2009). 
3.3.4 Measurements of ammonia 
Nessler’s reagent spectrophotometry was used in China to measure ammonia during the experiments 
(Chinese national standard HJ 535-2009). In Australia, DR/890 Colorimeter (HACH®, USA) was 
used. 
3.3.5 Data analysis 
Point estimates of 48-h LC values were calculated using Probit methodology in SPSS 20.0 for all 
acute experiments and the measured ammonia concentrations (at the start of the experiments) were 
used rather than the nominal concentrations. 
For the analysis of acute toxicity, Bray-Curtis similarity matrices were constructed from mortality 
data, using a dummy variable of 1, with individual tanks as the unit of replication. Differences in the 
sensitivity of chironomids to ammonia were tested between countries using a one-factor 
PERMANCOVA, with country (2 levels, fixed) as the factor and measured ammonia concentration 
at the start of the experiment was used as a covariate. For all experiments using laboratory water in 
Australia, one-factor PERMANCOVA was also conducted to test the differences among the 
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sensitivities of larvae with larvae types (4 levels, fixed) as the factor and measured ammonia 
concentrations as a covariate. Separate analyses, using the same design decribed for the laboratory 
water, was then conducted for all experiments using field water because these experiments were not 
conducted at the same time. All analyses on acute data using mortality as an endpoint were conducted 
in PRIMER 7.0 with the PERMANOVA+ add-on. Assessment of significant differences in pH 
changes was tested based on whether their 95 % confidence intervals overlapped. 
For the analysis of chronic toxicity, LOEC and NOEC for each of the chronic endpoints were tested 
using measured ammonia concentrations as a factor in a one-way ANOVA (Dunnett t tests) in SPSS 
20.0, and the same statistical method was used to test for any significant differences in enzyme 
activities and gene expression among treatments. All figures were developed with Origin 8.0. 
3.4 Results 
3.4.1 48-h acute toxicity 
3.4.1.1 Change in pH and ammonia concentrations during acute tests in Australia 
The pH changes in acute bioassays using field-collected larvae between laboratory water were 
measured and compared (Table 3.2). At the beginning of experiment, the pH of all treatments was 
adjusted to be 7.0 ± 0.1. Average pH change across different treatments in experiments using 2nd 
instar larvae was far lower than in treatments using 3rd-4th instar larvae. When 2nd instar larvae were 
used, at the end of experiments, there was a significant difference between the pH in laboratory and 
field controls (0 mg/L ammonia). When 3rd-4th instar larvae were used, at the end of the experiments, 
significant differences were found between the pH in laboratory and field controls (0 mg/L) and 
between the pH in laboratory and field treantments of 1600 mg/L (nominal concentration). These 
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significant differences identified may help explain observed differences in point-estimated values 
from the different experiments detailed below. 
 
Table 3.2 pH of water in the 48-h acute toxicity experiments using Polypedium sp. larvae collected from 
the field- in Australia. 
Test medium Larval stage Ammonia nominal concentrations (mg/L) pH1 95% confidence intervals 
Laboratory water 2nd instar 0 7.3 6.95-7.71 
800 6.5 6.39-6.68 
Field water 2nd instar 0 8.7 8.35-9.11 
800 6.6 6.35-6.85 
Laboratory water 3rd- 4th instar 0 7.1 6.85-7.35 
800 6.3 6.05-6.55 
1600 6.3 6.19-6.48 
Field water 3rd- 4th instar 0 8.5 8.32-8.61 
800 6.2 5.85-6.61 
1600 5.5 5.09-5.85 
1Mean values of pH measured at the end of the experiments. 
 
In addition, ammonia concentrations were measured at the start and 24-h after the beginning of the 
experiments (Table 3.3). Compared with their nominal ammonia concentrations, the actual measured 
ammonia concentrations at the start were generally lower, particularly in Australia, except for the 
treatments of 50 mg/L of nominal concentration. After 24 hours, the ammonia concentrations 
changes in treatments of laboratory water and field water were different. For laboratory water, an 
increasing trend was typical except the 400 mg/L (nominal concentration) treatment, no matter what 
type of larvae was used. In comparison, when field water was used as test medium, for treatments 
with nominal concentrations of 50 mg/L 400 mg/L, and 800 mg/L, ammonia concentrations 
decreased after 24 h, while the opposite trend was found for other two nominal concentration 
treatments (100 mg/L and 200 mg/L). Increasing trends could be a result of the defecation and death 
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of test organisms, while decreasing trends might be due to the natural loss and volatilization of NH3 
(Ankley et al., 1995) but the reason for the variability among treatments is unclear. Overall, 
differences in actual ammonia concentrations are likely to have contributed to the observed 
differences in sensitivity among experiments or test medium. 
Table 3.3 The change of measured ammonia concentrations after 24-h (Mean ± Standard Deviation) 
Test medium Ammonia nominal 
concentrations (mg/L) 
Ammonia measured concentrations (mg/L) 
Start1 After 24 h2 After 24 h3 
Laboratory water 0 0.00 ± 0.00 0.48 ± 0.02 0.59 ± 0.02  
50 68.91 ± 2.74 70.82 ± 2.82 80.64 ± 3.21  
100 90.52 ± 3.60 88.05 ± 3.51 114.66 ± 4.56  
200 162.94 ± 6.49 176.03 ± 7.01 205.18 ± 8.17  
400 378.15 ± 15.06 365.76 ± 14.56 374.16 ± 14.90  
800 651.82 ± 25.95 683.83 ± 27.22 742.07 ± 29.54  
1600 1212.18 ± 48.26 
 
1312.36 ± 52.25 
Field water 0 0.00 ± 0.00 0.25 ± 0.01 0.53 ± 0.02  
50 51.55 ± 2.05 44.36 ± 1.77 46.96 ± 1.87  
100 78.45 ± 3.12 79.82 ± 3.18 90.52 ± 3.60  
200 146.85 ± 5.85 150.81 ± 6.00 164.95 ± 6.57  
400 374.16 ± 14.90 330.41 ± 13.15 307.78 ± 12.25  
800 650.49 ± 22.85 614.27 ± 24.46 606.70 ± 24.15  
1600 1309.69 ± 55.44 
 
1402.52 ± 55.84 
1Ammonia concentrations measured at the start of the experiments. 
2Ammonia concentrations measured after 24-h of the beginning the experiments for tests using 2nd field-collected larvae; 
3A mmonia concentrations measured after 24-h of the beginning the experiments for tests using 3rd-4th field-collected larvae. 
 
3.4.1.2 Comparison of 1st instar Chironomus spp. in China versus Australia  
The sensitivities of laboratory-raised 1st instar larvae of Chironomus spp. in China and in Australia 
to ammonia were compared. The mortalities in all controls were below 10 % and more than 90 % of 
larvae died at their maximum exposure concentrations (767.12 mg/L for the Chinese larvae and 
656.09 mg/L for the Australian larvae) (Fig. 3.1). The 48-h LC50 value estimated for Australian 1st 
instar larvae in laboratory water was 384.6 mg/L (± 56.4 mg/L), and Chinese 1st instar larvae were 
estimated with a 48-h LC50 value of 264.1 mg/L (± 46.7 mg/L ). 
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When concentrations were below 100 mg/L for both tests, less than 20 % of organisms were affected. 
When concentrations exceeded 100 mg/L, to the mortalities in treatments increased sharply for both 
Chinese and Australian larvae (Fig 3.1). However, the incidence of mortality in Chinese larvae did 
not change much between nominal concentrations of 100 mg/L and 800 mg/L. At a nominal 
concentration of 800 mg/L, some Australian larvae were still alive in the 800 mg/L treatment in 
contrast to all Chinese larvae dying at this ammonia concentration. However, these apparently 
different trends in larval sensitivities between countries were not statistically different (Table 3.4). 
The covariate (ammonia concentration) was statistically significant as expected and there was no 
interaction between the covariate and country of origin (Table 3.4), indicating that the response to 
increasing ammonia concentration was consistent across the two countries.  
 
Fig. 3.1 Mortality of Chironomus spp. 1st instar larvae exposed to acute 48-hr ammonia treatments in 
China and Australia. (Means ± standard deviation). 
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Table 3.4 Results of PERMANCOVA on the comparison of countries 
Factors df SS MS Pseudo-F P (perm) 
Ammonia concentration 1 29257.0 29257.0 66.185 0.001 
Country (China versus Australia) 1 1200.5 1200.5 2.716 0.100 
 
 
3.4.1.3 Comparison of different larvae when tested in laboratory water and field water 
Mortalities of larvae from different life stages exposed to ammonia (in laboratory water and field 
water) were compared for Australian larvae. These tests revealed a clear dose-effect relationship for 
laboratory-raised 1st instar larvae that were exposed to either laboratory or field water (Fig. 3.2a). A 
similar dose effect was evident for field-collected larvae that were exposed to spiked field water, but 
they were less sensitive than those exposed to laboratory water (Fig. 3.2b). Mortality of 2nd instar 
field-collected larvae was highly variable at lower ammonia concentrations in laboratory water, but 
exhibited consistently higher mortality at 651.8 mg/L (Fig 3.2c). 3rd-4th instar field-collected larvae 
were less sensitive to ammonia than 2nd instar field-collected larvae, and never reached more than 
50 % mortality when exposed to spiked laboratory water (Fig. 3.2d). A similar trend was also 
observed for 3rd-4th instar field-collected larvae exposed to spiked field water up until 1309.7 mg/L, 
where mortalities were highly variable, at least partly due to 100 % mortality in one of the three 
replicates.For tests using laboratory or field water, PERMANCOVA results showed that, for each, 
there was a significant covariate (ammonia concentration) by larval type interaction (Table 3.5), 
indicating that the different larval types responded inconsistently to increasing ammonia 
concentrations. 
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Table 3.5 One-factor PERMANCOVA comparing chironomid larvae mortality among larval types when 
tested in laboratory water or field water separately, using ammonia concentration as a covariate. 
Test medium Factors df SS MS Pseudo-F P(perm) 
Laboratory water Ammonia treatment concentrations (covariate) 1 20884.0 20884.0 46.201 0.001 
 Larvae types 3 9692.4 3230.8 7.148 0.001 
 Ammonia x larval type 3 6989.3 2329.8 5.154 0.003 
Field water Ammonia treatment concentrations (covariate) 1 26878.0 26878.0 50.167 0.001 
 Larvae types 3 10225.0 3408.3 6.361 0.001 
 Ammonia x larval type 3 9005.6 3001.9 5.603 0.001 
 107 
 
Fig. 3.2 Mortalities of Australian larvae at different life stages when tested in laboratory water or field water (a) 1st instar larvae hatched from laboratory-raised 
egg mass; (b) 1st instar larvae hatched from field-collected egg mass; (c) 2nd instar offield-collected larvae; (d)3rd-4th instar of field-collected larvae (Mean ± 
standard deviation)
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Among all the Australian larvae tested, the laboratory-raised larvae that were exposed to spiked field 
water showed the lowest LC50 of 194.2 mg/L, followed by laboratory-raised larvae exposed to 
laboratory water (LC50 of 384.6 mg/L). This value was almost twice that of the laboratory-raised 
larvae that were exposed to the field water (Table 3.6). The largest larvae tested, collected directly 
from the field in Australia, were the least sensitive to ammonia and exhibited the highest point 
estimate value (LC20 of 573.6 and 576.3 mg/L when exposed to field or laboratory water, 
respectively). Among the four point-estimate values for Australian larvae exposed to laboratory 
medium, the 1st instar larvae hatched and raised in the laboratory exhibited the lowest LC50 (384.6 
mg/L), followed by 2nd instar field-collected larvae (LC50 of 456.6 mg/L), 1st instar larvae taken 
directly from the field (LC50 of 704.0 mg/L), and then 3rd-4th instar field-collected larvae (LC20 of 
576.3 mg/L). Mortalities for these larger larvae never exceeded 50 %, even in the most concentration 
ammonia treatment and these differences among treatments were statistically-significant. For the 
point-estimate values for Australian larvae exposed to spiked field water, 1st instar laboratory-
hatched and raised larvae also had the lowest toxicity value (LC50 of 194.2 mg/L), followed by 1st 
instar field-collected larvae (LC50 of 451.2 mg/L), 2nd instar field-collected larvae (LC50 of 464.4 
mg/L), and 3rd-4th instar field-collected larvae (LC20 of 573.6 mg/L). Again, mortality of the larger 
larvae never reached 50 % even at the highest ammonia treatment. Overall, the point-estimate values 
indicated a general trend towards earlier larval stages exhibiting greater sensitivity to ammonia 
concentration relative to later and more well-developed life stages. 
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Table 3.6 48-h LC point estimate values (± standard deviation) (mg/L) for all experiments conducted in 
Australia 
 Australia 
Organisms Exposed to Laboratory Water Exposed to Field Water (Lake Pertobe) 
1st instar1 384.6 ± 56.4 194.2 ± 36.2 
1st instar2   704.6 ± 274.95  451.2 ± 153.9 
2nd instar larvae3  456.6 ± 158.9 464.4 ± 94.9  
3rd-4th instar larvae4   576.3 ± 261.1*   573.6 ± 253.2* 
1Chironomid larvae hatched directly from egg masses laid in the laboratory and raised using laboratory water medium and sediment; 
2 Chironomid larvae hatched directly from egg masses that were collected in the field; 
3 Chironomid larvae collected directly from the field (length of 0.4-1 cm, 2nd instar); 
4 Chironomid larvae collected directly from the field (length of 3-5 cm, 3rd-4th instar); 
*values represent LC20 rather than LC50 because mortalities never exceeded 50 % even at the highest exposure concentration. 
 
 
3.4.2 21-d chronic toxicity 
Four chronic exposure endpoints for C. riparius larvae exposed to ammonia were compared, 
including the influence of ammonia on sex ratio, development rate, time to emergence, and 
emergence ratio (Fig. 3.4, Table 3.7). No significant difference in sex ratio was observed for any of 
the five treatments (Table 3.8). Organisms that were treated with 196.74 and 391.26 mg/L ammonia 
concentrations showed significantly slower development rates compared with the control organisms. 
Correspondingly, at the concentrations of 200 and 400 mg/L, larvae also took longer to emerge 
compared to the control group (Fig. 3.4). Compared to the three endpoints above, the emergence 
ratio was the most sensitive, with a significantly lower ratio than the control group at ammonia 
concentrations as low as 51.07 mg/L (Table 3.8). As a result, the maximum acceptable toxicity 
concentration (MATC) for the emergence ratio was the lowest at 35.70 mg/L, followed by the MATC 
for the development rate and average emergence days. No MATC value was able to be calculated 
for the sex ratio because no significant difference was found even at the highest exposed 
concentration.  
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Fig. 3.3 Four endpoints (Sex ratio (a), Development ratio (b), Time to emergence (c), and Emergence 
ratio (d)) showing the response of 4th instar C. riparius larvae to 21-day chronic exposure to ammonia 
(* indicates significant differences at α = 0.05 between the rate for the ammonia concentration in 
question compared with the control group for each endpoint) (nominal concentrations were labelled in 
the figures and the actual concentrations for six treatments were 0.00, 24.96, 51.07, 98.84, 196.74, and 
391.26 mg/L) (Mean ± standard deviation). n = 3 per ammonia concentration and each replicate 
consisted of 10 larvae.  
 
Table 3.7 Chronic toxicity test values comparing four endpoints for laboratory raised C. riparius 4th 
instar larvae exposed to ammonia under Chinese laboratory conditions at a pH of 7 and a temperature 
of 20 oC 
Endpoints NOEC/LOEC (mg/L) MATC (mg/L) 
Sex ratio NA NA 
Development rate 98.84/196.74 139.45 
Time to emergence 98.84/196.74 139.45 
Emergence ratio 24.96/51.07 35.70 
NOEC: No observed effect concentration; 
LOEC: Lowest observed effect concentration; 
MATC: Maximum acceptable toxicity concentrations, the geometric mean of NOEC and LOEC;  
NA: Not available as no effect was observed for any treatment. 
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Table 3.8 ANOVA of chronic toxicity endpoints for Chinese C. riparius exposed to ammonia 
Factors Sum of Squares df Mean Square Pseudo-F P(perm) 
Sex ratio 2.077 5 0.415 0.766 0.591 
Development rate 0.001 5 0.000 13.806 0.000 
Time to emergence 19.375 5 3.875 18.404 0.000 
Emergence ratio 0.468 5 0.094 7.664 0.002 
 
3.4.3 Enzyme activity and gene expression 
Expression of HSP70 and CYP450 genes and two enzyme activities was measured in 4th instar C. 
riparius larvae after exposure to ammonia for 24 h (Figs. 3.4 and 3.5). The expression of HSP70 
gene increased significantly at medium and high concentrations of ammonia, but no significant 
difference was detected at low exposure. For the CYP450 gene, significant differences in expression 
were detected for all three treatments compared against the control group. When comparing activity 
for the two enzymes, there was no significant difference for treatments below 100 mg/L for CAT, 
while there was an increase in GST activity at concentrations of 48.96 mg/L and higher. 
 
(a)              (b) 
  
 
Fig. 3.4 (a) Expression of the HSP70 and CYP450 genes in C. riparius 4th instar larvae that were 
exposed to ammonia (nominal concentrations were labelled in the figures and the actual concentrations 
for four treatments were 0.00, 9.89, 48.96, and 247.15 mg/L) for 24 h. (b) Mean expression values for 
HSP70 and CYP450, normalized using β-actin mRNA. * indicates significant differences at α = 0.05 
between the relative expression for the ammonia concentration in question compared with the control 
group for each gene (Mean ± standard error) 
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Fig. 3.5 Glutathione-S-transferase (GST) and Catalase (CAT) activities measured in C. riparius 4th 
instar larvae exposed to ammonia (nominal concentrations were labelled in the figures and the 
actual concentrations for four treatments were 0.00, 9.89, 48.96, and 247.15 mg/L) for 24 h (* 
indicates significant differences, at α = 0.05, with the control group) (Mean ± standard deviation) 
3.5 Discussion 
First instar Chironomus sp. larvae were used to compare the sensitivities of similar species tested 
across both Asia Pacific countries. No statistical differences existed between the sensitivities of 
Chinese and Australian Chironomidae, which indicates that the range in toxicity values observed did 
not infer systematic, substantial differences in sensitivity and, therefore, that the toxicity data of C. 
riparius from China and Australia could be shared. A study assessing ammonia toxicity to C. riparius 
in North America reported 96-h LC50 of 390.6 mg/L (at pH of 7.7 and temperature of 21.7 °C) and 
1026.0 mg/L (at pH of 7.0 and temperature of 20 °C) (Monda et al., 1995). While these overseas 
values differ from those derived in this study, it should be noted that 3rd instar larvae were used in 
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the North American exposures (Monda et al., 1995) compared to 1st instar larvae used in this study. 
Similar published comparisons among the same species and instars to study their toxicity to ammonia 
are difficult to find, although there are a few studies on the comparison of their sensitivities to other 
pollutants, such as phenanthrene. It was found the C. riparius from China showed apparently higher 
sensitivity (48 h-LC50 of 337.18 μg/L) (Deng et al., 2017) than those from North America (48 h-
LC50 of 198.19μg/L) (Verrhiest et al., 2017). However, these values were from different studies and 
the significant difference could not be tested which was conducted in the present study. 
Similar country-to-country comparisons have been conducted on other species and their differences 
have been found. For example, using two species of fish, Gambusia holbrooki and Oncorhynchus 
mykiss, Hose and Van den Brink (2004) showed that toxicity values for specimens exposed to 
endosulfan in Australia were 2.7 and 1.0 μg/L (a 2.7-fold difference) respectively, while test 
organisms of the same species tested outside of Australia, exhibited endosulfan toxicity values of 3.2 
and 0.8 μg/L (a 4-fold difference) respectively. For Chironmidae larvae used in the present study, 
organisms from China and Australia were not found to differ statistically in their sensitivity to 
ammonia, which provides evidence that using published native species data generated from overseas 
studies for inclusion in local WQC might be appropriate, at least in some cases. 
In Australia, LC50 values of Chironomidae field-collected larvae from different life stages exposed 
to ammonia were compared and no significant difference was found between 1st and 2nd instar larvae. 
As seen from Fig. 3.2, 3rd-4th instar field-collected larvae exhibited extremely high tolerance to 
ammonia, which might be due to  larger larvae potentially altering water pH due to increased CO2 
output via increased respiration, thus decreasing ammonia toxicity (USEPA, 2013), as one possible 
explanation. Generally, the mortality of organisms hatched from egg masses (1st instar) showed a 
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clear dose-effect relationship, while for larvae collected directly from the field, the responses were 
not consistent, especially for small larvae tested in laboratory water, where high mortalities were 
observed at the lower treatment concentrations (e.g. 50 mg/L of nominal concentration). The reason 
for these higher mortalities for smaller field-collected larvae are largely unknown, but may have 
resulted from differences in handling between laboratory-raised larvae versus those collected from 
the field, given that field-collected larvae were hand picked from field sediments, despite efforts to 
standardise treatment of all larvae. The small larvae were handled as gently as possible, but the 
handling stress for these animals may have been greater than those handed in the laboratory and 
handling stress is known to be an important factor in toxicity tests (Hickey and Vickers, 1994). First 
instar organisms were found to be sensitive compared to other life stages and toxicity data using 1st 
instar larvae are typically recommended to be used for WQC derivation (Weltje et al., 2010).  
The LC50 values of Chironomidae larvae tested in laboratory water and field water were not 
statistically compared, as the experiments were not conducted simultaneously. Anecdotally, there 
appeared to be differeces in sensitivity between media for 1st instar of laboratory-raised larvae. 
Sensitivities for other instars collected from the field showed little difference in LC50 values derived 
for each of the two different test media. For 1st instar larvae, the higher LC50 values in laboratory 
water than field water suggest that prior exposure across the life history of these animals might 
moderate their sensitivity to ammonia under experimental conditions (Townsend, 2013). Whilst there 
is very limited information on ammonia levels in Lake Pertobe, the lake itself is shallow, subject to 
wind mixing across the entire water column, and intermittent site to site variation in pH levels 
(Howitt et al., 2014). Another possible reason to explain the apparently different sensitivities of 1st 
instar larvae to laboratory water and field water may be differences in pH of field water among 
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treatments, which were more obvious at the end of the experiment than laboratory water (Table 3.2). 
The larger change in pH of water from Lake Pertobe across the duration of the experiment despite 
the addition of buffer suggests that water in Lake Pertobe has a limited ability to buffer against 
changes in pH (i.e. via low alkalinity). 
The changing pH is also likely to have altered the toxicity of ammonia and in the present study, for 
different treatments, pH showed a decrasing trend as the ammonia concentrations in different 
treatments increasd (Table 3.2). And it was also found that the change of pH in field water was more 
obvious than the change in laboratory water which could be explained by that the added ammonia in 
the field water has stimulated ammonia bacteria present in the medium. This was an unusal way of 
testing pH both at the start and end of the experiments given the only pH prior to the start of the test 
is usually measured. The findings in the pH change might play an important role in affecting the 
outcome in toxicity studies using ammonia. 
To our knowledge, there is no recommended method to test the difference of ammonia toxicity to 
laboratory-raised larvae and field-collected individuals as was done in the present study. There have 
been methods developed for testing the metals toxicity differnce to individuals in laboratory test 
medium and in situ test medium, namely the water effect ratio (WER) (Delos, 1992; USEPA, 1991). 
WER is aimed at assessing the different sensitivities shown by aquatic species in water with different 
physical and chemical properties that might affect metal toxicity. The present study tested the toxicity 
differences of laboratory-raised larvae and field-collected larvae in the same test medium, either 
laboratory water or field water. It was found that 1st instar laboratory-raised larvae exposed to 
laboratory water (with a LC50 value of 384.6 mg/L) showed the lowest toxicity values to ammonia 
when compared with all field organisms tested in field water (with LC50 values of 451.2 mg/L or 
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more) (although it is important to note that these tests were not conducted concurrently). LC50 values 
were generally used for WQC derivation, thus it could be concluded that at least for species of 
Chironomidae, laboratory-based data could be useful in establishing a set of toxicity values for 
protection in the field. It has been suggested that laboratory tests do not significantly affect the 
outcome of risk assessments (Hose and Van den Brink, 2004), and the findings in the current study 
support this. However, it should be noted that the field-collected larvae and egg mass of Chironomids 
were captured from Lake Pertobe which receives periodic urban water runoff, and high nutrient loads 
after storm events representative of dynamic seasonal shifts in water and sediment quality (Howitt et 
al. 2014). Consequently, tolerance in local chironomids to changes in water quality in this shallow 
lake system could be high. The field-collected larval response, in this case, is likely to be 
representative of organisms acclimated to intermittent poor water quality (ie. not specifically 
representative of animals from sites free of pollution), and ideally, should be further compared with 
animals from ‘cleaner’ freshwater field sites.  
The main constratint that related to the findings in the present study is that we did not have the test 
organisms identified to species. This is a constraint because different species of Chironomidae larvae 
could have different sensitivities to ammonia, which could affect the outcomes of the comparisons 
conducted in the present study (including comparison of sensitivities of larvae from China and 
Australia and the comparion of sensitivities of laboratory-raised and filed-collected larvae). However, 
this is difficult to resolve because the identification of field-collected larvae can only be confirmed 
by examining head capsules under the microscope following completion of the experiments. This 
issue could be largely resolved if egg masses could be found in the field for the same species as those 
raised in laboratory. Despite that, the findings from comparison between the sensitivities of 
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laboratory-raised larvae and field-collected larvae were still helpful as these animals were from the 
same source and their life history (i.e. pollution exposure) was the same.  
In contrast to the high number of acute toxicity data sets available on species from different countries, 
few chronic datasets are available to cover the majority of chemicals present globally. Chronic effect 
data for heavy metals and organic pollutants are available for Chironomus species, whereas the 
chronic effects of ammonia have not previously been published. The toxicity of ammonia is generally 
considered to be relatively low compared to other stressors (Pascoe et al., 1989; Roman et al., 2007). 
Using pyriproxyfen as an example, the same test organisms (C. riparius) and endpoints (emergence 
ratio) indicated NOEC and LOEC values at 0.01 and 0.03 mg/L (Tassou and Schulz 2009), while 
corresponding values for ammonia were 24.96 and 51.07 mg/L, respectively in the current study. 
Among the four chronic responses in the current study, emergence ratio and development rate are 
recommended by OECD as the endpoints to be observed during chronic experiments using C. 
riparius, and emergence ratio appeared to be the most sensitive, consistent with the findings of 
Tassou and Schulz (2009). It has been suggested that NOEC, LOEC, or MATC be used in the chronic 
WQC derivation by many organizations (USEPA, 1985; CCME, 2003). However, NOEC or LOEC 
values for aquatic species are likely to change as the exposure concentration intervals, duration of 
exposure and measured endpoints vary, and which would also generate high levels of uncertainty 
when using chronic values to develop WQC. Furthermore, it has been demonstrated in previous 
studies that the derived LOEC was not the value that would result in the lowest damage to organisms 
(Maltby et al., 2005; Jager, 2012). In fact, the problem of deciding what effect level best represents 
a no-effect level remains (TenBrook et al., 2008). Chapman et al. (1998) also highlighted that, as the 
acute data were more standardized than chronic data, acute to chronic ratios (ACRs) should be used 
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as a substitute for measured chronic data. This approach is also debated given that, in some cases, 
average ACRs from limited species might be inadequate to extrapolate accurately from acute to 
chronic data. Based on the findings in the current study, chronic values generated from different 
endpoints can vary, emphasizing further that better guidelines are needed to enhance confidence in 
the selection of chronic values. 
In the current study, both enzymes chosen were affected by ammonia exposure. The increased 
activity of GST at exposures of 48.96 mg/L and 247.15 mg/L ammonia represented a possible 
involvement of the GSH conjugation pathway in detoxification of ammonia (Park et al., 2009). This 
non-specific response indicates that GST activity might be an appropriate biomarker for C. riparius 
across a wide range of pollutants. Previous studies have shown that antioxidant enzymes were 
abundant in C. riparius larvae and the early antioxidant enzymes response by the larvae could be 
considered as a reliable biomarker of the effect (Lee and Choi, 2006). The response of antioxidant 
enzyme (CAT) did not appear to be as sensitive as that of detoxification indicator (GST) to ammonia 
exposure as increased activity was only evident at the highest ammonia concentration of 247.15 
mg/L.  
As for gene expression result, it was indicated that the expression of HSP70 increased in response to 
elevated ammonia exposure. Environmental ammonia-induced induction of HSP70 has only been 
clearly documented in the mud eel, Monopterus cechia (Hangzo et al. 2017). The expression of 
CYP450 was also upregulated in response to ammonia exposure and in a dose-dependent manner, 
indicating that ammonia might cause disturbances in the C. riparius hormone system, including 
growth and development process. Indeed, 48.96 mg/L exposure induced changes in the emergence 
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ratio of C. riparius larvae in the chronic bioassays. To date, there is no documented evidence of 
ammonia-induced CYP450 induction in other aquatic invertebrates in the literature.   
In the current study, multiple endpoints ranging from traditional acute and chronic endpoints such as 
survival and development, to non-traditional biochemical and gene expression levels were 
investigated. Chronic values showed greater sensitivity relative to the acute values and, at or below 
the LOEC concentrations observed in the chronic exposure, effects at the biochemical or gene 
expression level were observed. This suggests that biochemical and gene expression information is 
useful for risk assessment because an earlier warning could be detected over a shorter exposure 
duration. Previous studies have shown that gene expression data were less sensitive than chronic data 
for cadmium and the same trend was also found for zinc and copper (Fedorenkova et al., 2010; Yan 
et al., 2012b). The findings in the present study were not consistent with this; however, this study 
included only one species. Moreover, it has been stated that even though enzyme activity and gene 
expression endpoints are generally more sensitive, very few links have been established between the 
effects seen at the subcellular level and effects at the population, community, or ecosystem levels.  
Consequently, some consider these subcellular endpoints inappropriate for derivation of WQC 
(TenBrook et al., 2008), despite that a lot more work has done on linking effects at different levels. 
There has been little research on WQC derivation using toxicity data on gene expression levels. Due 
to the restriction on the minimum number of data points needed when developing SSDs, only 
chemicals with rich toxicity data can be used in WQC derivation studies, such as cadmium, copper, 
and zinc. The HC5 value of cadmium derived from data on gene expression level (0.72 μg/L) was 
compared with values derived from traditional acute (18.3 μg/L) and chronic data (0.23 μg/L) 
(Fedorenkova et al., 2010). Similarly, another study showed the HC5 values derived from data on 
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gene expression level and data on acute and chronic survival and development levels were 0.717 
μg/L, 5.26 μg/L, and 0.197 μg/L, respectively (Yan et al., 2012b). It could be concluded that toxicity 
data on gene expression levels have potential to be used in the risk assessment of aquatic ecosystem, 
but the paucity of such available data is the main constraint for their use in WQC derivation. 
There remain uncertainties within the literature on the senstitivies of data based on biochemical and 
gene expression levels (Yan et al., 2012b). For example, depending on biomarkers chosen in the 
bioassays, the toxity data could vary differently as could be seen from the findings in this study (the 
LOEC values of four different biochemical and gene expression endpoints vary from 50 mg/L to 250 
mg/L) and there remains the real possibility that the biomarkers chosen were not the most sensitive 
in the test species. Another problem associated with using such toxicity data was that LOEC values 
are normally used. It should be noted that the estimation of LOEC was based on hypothesis testing 
rather than regression analysis, which is the most widely accepted method in deriving toxicity data 
(TensBrook et al., 2008). The best way of increasing the confidence of toxicity data based on 
biochemical and gene expression levels might be to choose the appropriate target gene of specific 
species responding to pollutants by high-throughout screening and “genomics” technology (Yan et 
al., 2012b). Once the data are proven to be sensitive and of high quality, WQC derivation would be 
great benefit by incorporating such data. 
3.6 Conclusions 
The ammonia sensitivities of 1st instar larvae (Chironomus spp.) from China and Australia were 
compared, and the 48-h LC50 of organisms from China (271.9 mg /L) was somewhat lower than that 
of organisms from Australia (384.6 mg/L), but the difference was not statistically significant. The 
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comparison of toxicity values showed that 1st instar laboratory larvae tested in laboratory water 
(LC50 value of 384.6 mg/L) were lower than all life stages of field-collected larvae tested in field 
water (with the lowest LC50 value of 451.2 mg/L), when the LC values were used in WQC derivation, 
the field larvae could be under protection. The chronic ammonia value for C. riparius was estimated 
to be 35.70 mg/L (MATC) using emergence ratio as the endpoint. The expression of HSP70 and 
CYP450 genes were up-regulated significantly at the exposure concentrations of 48.96 mg/L and 
9.89 mg/L, respectively. GST and CAT showed a significant increase in activity when ammonia 
concentrations were 48.96 mg/L and 247.15 mg/L, respectively. Overall, based on this study, it was 
concluded that international published data on native species could be appropriate for the derivation 
of Chinese WQC. Specifically for Chronimidae larvae, laboratory-based data using standard test 
organisms (Chironomus riparius) are likely to provide point-estimate toxicity values sufficient to 
enable protection for in situ field organisms used in this study. Toxicity data based on gene 
expression could be as sensitive as traditional chronic data based on survival, growth, and 
reproduction, but constraints, such as enlarging data quantity and choosing appropriate biomarkers 
for non-standard test organisms, need to be overcome before these sublethal endpoints are 
incorporated in WQC derivation. 
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Chapter 4 Field validation of site-specific water quality criteria 
of ammonia in Liao River Basin, China using macroinvertebrates 
This chapter presents the completed manuscript investigating field validation of site-specific water 
quality criteria (WQC) of ammonia in the Liao River Basin, China using macroinvertebrates. The 
chapter has been prepared for submission to ‘Science of the Total Environment’. 
In this study, two of my supervisors (Associate Professor Julie Mondon and Dr Ty Matthews) went 
to China in October, 2015 to assist me with the field sampling.. The identification of field-collected 
organisms was done with the help from Dr Ty Matthews and the data analysis developed by PRIMER 
was undertaken with assistance from Dr Ty Mattthews and Associate Professor Rebeeca Lester. I 
chose the field sites and processed and analysed the macroinvertebrate, water and sediment samples, 
analysed the data and wrote the chapter. 
4.1 Abstract 
There is great potential to use macroinvertebrate assemblage structure to validate water quality 
criteria given the important ecological role of macroinvertebrates. Few studies have assessed 
macroinvertebrate assemblages and their relationship with physicochemical variables, including 
chemical contaminants, in Chinese freshwater river systems. The relationship between 
macroinvertebrate assemblages and 14 independent environmental variables was investigated in Liao 
River Basin, China. Macroinvertebrates were sampled using kick and core samples from 15 sites 
across the Basin. In total, 40 families belonging to 16 orders and 6 classes, were collected. 
Chironomidae was the most widespread taxon, occurring at all 15 sites, followed by Tubificidae (13 
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sites) and Corixidae (12 sites). Corixidae and Tubificidae made up the majority of organisms 
collected, accounting for 73 % of all individuals collected in both the kick and core samples. Few 
sensitive EPT (Ephemeroptera, Plecoptera, and Trichoptera) taxa were sampled, accounting for only 
4 % and 1 % of taxa in kick and core samples, respectively. This low percentage, together with the 
high abundance of tolerant taxa (e.g. chironomids and corixids) suggest that rivers in the Liao River 
Basin were in poor condition. Ammonia in water and sediments, arsenic and cadmium in sediments, 
and water pH were identified as the environmental variables best-correlated with macroinvertebrates 
assemblages in the Liao River Basin, although these relationships were not statistically significant. 
We then used these field data to validate theoretical water quality criteria (WQC) derived from 
toxicity data based on laboratory trials. Multivariate analyses were used to compare 
macroinvertebrate assemblages among sites where measured ammonia concentrations were either 
higher or lower than this theoretical WQC. Of the 15 sites sampled, only three sites exhibited 
ammonia concentrations below the WQC, and multivariate analyses failed to detect a significant 
difference in assemblages among sites with ammonia concentrations above and below the WQC, 
perhaps due to the low number of sites that met the WQC. The ratios of measured ammonia 
concentrations to corresponding WQC ranged from 0.06 to 16.02 among 15 sites, and the distance-
based linear regression analysis of these ratios and macroinvertebrate assemblages showed that there 
were no significant differences and the correlation was weak. Despite the lack of statistical difference, 
there were trends for decreased abundances of some sensitive taxa (e.g. Hydopsychidae [caddisflies] 
and Heptageniidae [mayflies]), at sites with high ammonia concentrations. This suggests that the 
theoretical WQC may be within an acceptable range to protect important aquatic taxa, but further 
field sampling at sites with lower ammonia concentrations is required to verify these trends, should 
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such sites exist. Finally, the present study highlights the difficulties associated with field validation 
of WQC, particularly in an already degraded river system, and provides a preliminary template for 
future field validation for WQC elsewhere.  
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4.2 Introduction 
Aquatic ecosystems are continuously influenced by pollutant discharge that includes a range of 
different industrial and agricultural chemicals (Fuerhacker 2009; Smital et al., 2012). The challenge 
for researchers and environmental managers is to determine the likely extent and biological impact 
caused by these chemicals and to then derive threshold concentrations for use in waterway 
management (Solomon et al., 2008; Rockström et al., 2009). In water management and aquatic risk 
assessment, such threshold concentrations are typically referred to as water quality criteria (WQC) 
(Stephen et al., 1985). To derive WQC, acute toxicity data (e.g. half maximal lethal concentration 
LC50 and half maximum effective concentration, EC50) or chronic data (e.g. no observed effect 
concentration, NOEC) are normally used (TenBrook et al., 2008). These data are typically derived 
in the laboratory because it is easier to control one or more environmental variables simultaneously, 
so more laboratory-based data are available compared to mesocosm or field-based data (Hose and 
Van den Brink, 2004; Ten Brook et al., 2008). 
Despite this prevalence, considerable debate surrounds the reliability of using laboratory-based data 
rather than field data to derive WQC (Hose and Van Den Brink, 2004; Maltby et al., 2005). Therefore, 
many agencies still prefer to utilize multispecies data, or to use field or microcosm data in preference 
to laboratory-derived WQC (Irmer et al. 1995; ANZECC and ARMCANZ, 2000; ECB, 2003), or to 
compare these laboratory values to field or mesocosm data (RIVM, 2001). Furthermore, a view exists 
that the final criteria should be adjusted if strong field evidence indicates that single-species criteria 
are over- or under-protective (Zabel and Cole, 1999, RIVM, 2001, USEPA, 2003). Moreover, there 
is a general consensus that the purpose of setting WQC is to protect aquatic ecosystems rather than 
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specific species (USEPA, 1985; ANZECC and ARMCANZ, 2000). Derived WQC based on  a 
small number of organisms may not afford significant protection to the ecosystem as a whole, so the 
validation of theoretical WQC in the field is becoming increasingly important (Hose and Van Den 
Brink, 2004; Maltby et al., 2005). 
A lack of quality field data is often considered to be the main constraint associated with greater 
refinement and development of WQC (TenBrook et al. 2008). Macroinvertebrates have been 
commonly used as indicators of aquatic ecosystem health because different groups exhibit a wide 
range of sensitivity to pollution and relative longevity (Beck and Hatch, 2009; Donnohue et al., 2009; 
Richman and Somers, 2010). Moreover, benthic macroinvertebrates in aquatic ecosystems play 
crucial roles in maintaining the structural and functional integrity of freshwater ecosystems (Wallace 
and Webster, 1996), making them ideal models for attempting to validate WQC. Macroinvertebrate 
assemblages also form an important part of river health assessments in Australia (e.g. SIGNAL and 
AUSRIVAS, Davies et al. 2000), in Europe (Kaboré et al. 2016) and North America (Wallace and 
Webster, 1996). However, incorporating field-based macroinvertebrate bioindicators into WQC 
validation continues to be an exception, given that field populations are usually exposed to a variety 
of potential toxicants rather than any single pollutant and there are multiple, interacting effects which 
can make it difficult to attribute patterns observed in the field with any single contaminant. However, 
Long et al. (1995) developed a method to assess the probability of a certain concentration of a 
contaminant in sediment causing toxicity, and both laboratory and field data are included in their 
database which provide a good guide for validating WQC of pollutants in surface waters. 
Assessments of river health in China have largely focused on physicochemical surveys rather than 
aquatic organisms (Wu et al., 1999; Zhang et al., 2009; Zhang et al., 2012). This makes it difficult to 
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assess historical changes that have occurred in invertebrate assemblages during periods of increased 
industrialisation despite measured improvements in water quality during the past decade (Zhang et 
al., 2012). Extensive use of chemical fertilizers and heavy human-derived wastewater discharge 
contribute the main sources of ammonia pollution, and major environmental stress, in many Chinese 
river basins, including the Liao River Basin (Meng, 2013). In particular, no historical records exist 
regarding macroinvertebrate species that could already have been lost as a result of past changes in 
river health, which might influence current efforts to assess the vulnerability of aquatic ecosystems. 
Assessments of river health following restoration efforts including minimizing wastewater discharge 
and controlling industrial pollution are becoming an increasing priority (Meng, 2013; State of 
Environmental Report, 2013). The inclusion of sampling macroinvertebrate assemblages could form 
an important part of these future river health assessments (Zhang et al., 2012) but currently 
descriptions of macroinvertebrate assemblages in China are extremely limited (Meng et al., 2009; 
Cai et al., 2012; Wang et al., 2012). Moreover, greater testing of relationships between 
macroinvertebrate assemblage structure and environmental variables is required to inform effective 
management of biodiversity conservation in Chinese river ecosystems (Morse et al., 2007; Zhang et 
al., 2012). 
The present study compares macroinvertebrate assemblages and physicochemical variables across 
15 sites in the Liao River Basin, the largest freshwater river basin in northeast China. The aims of 
the present study are to: 1) investigate relationships between macroinvertebrate assemblages and 
water quality variables; and 2) to validate site-specific WQC for ammonia that were developed in 
the laboratory by comparing invertebrate assemblages across sites that exhibited ammonia 
concentrations above and below the derived WQC. Identifying relationships between 
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macroinvertebrate assemblages and water quality could be used to form future targets for restoration 
efforts to improve river health in this region. This study adds new knowledge to the field of 
ecotoxicology because it is one of few studies to document lotic macroinvertebrate assemblages 
sampled in the field to validate WQC that were developed primarily from laboratory-derived toxicity 
data. It is also one of the few studies to describe lotic invertebrate assemblages in China. Elevated 
ammonia concentrations are widely cited as of primary environmental concern for many Chinese 
rivers (Meng, 2013), and historically there has been high discharge of ammonia into rivers in the 
study region (2014 State of Environmental Report). As a result the present study was designed to test 
the following hypotheses: 1) invertebrate assemblages will be more highly correlated with ammonia 
(sampled in sediments or water) than other water quality variables; and 2) invertebrate assemblages 
will differ across sites where ammonia concentrations are above or below the WQC. If the second 
hypothesis is supported, then the WQC for ammonia in the Liao River Basin would also be supported. 
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4.3 Materials and methods 
4.3.1 Study area 
The Liao River Basin is situated in northeast China, extending from latitude 39.43 °N to 45.10 °N 
and longitude 116.30 °E to 125.47 °E and covering an area of 219,000 km2 (Meng et al., 2009; Li et 
al., 2012). The area is influenced by a temperate to warm temperate climate. There are four main 
rivers occurring in the basin, i.e. the Liao (523 km length within Liaoning Province), Hun (415 km 
length), Taizi (413 km length) and Da Liao Rivers (95 km length). The Liao River Basin covers Jilin, 
Liaoning, Hebei provinces, and the Inner Mongolia Autonomous Region. The Liao River estuary is 
located in Panjin City, and the Hun and Taizi Rivers converge into the Da Liao River estuary, located 
in Yingkou City. Both the Liao and Da Liao Rivers flow into Liaodong Bay (Qiu et al., 2014). It is 
one of the seven largest river basins in China (Fig. 4.1).  
 
Fig. 4.1 The Liao River Basin and location of the 15 sites sampled during the present study 
4.3.2 Macroinvertebrate sampling 
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In October 2015, 15 sampling sites were selected across the entire Liao River Basin based on 
ammonia measured data (2014 State of Environmental Report) (Fig. 1). and were sampled once each.  
Sites near estuaries were excluded to avoid the potential influence of increased salinity. Four sites 
were selected from Hun River and the remaining 11 sites were from the Liao River and tributaries. 
At each site, two main methods were used to collect samples: kick sample and sediment core. One 
kick sample  , using a dip net (30-cm diameter D-frame net with 500-µm mesh), was taken at each 
site along a 10-m transect parallel to the shore (0.5 m water depth). Each kick sample covered the 
main microhabitats that occurred at each site (e.g. rocks, wood and macrophytes when present). Core 
samples were collected from bare sediment with a 65-mm diameter PVC corer and each core sample 
was taken to a depth of 10 cm. For each site, three randomly located core samples were pooled to 
form a single composite sample. Nearly all sampling sites consisted of soft-sediment substrata, but 
additional kick samples were taken for artificial riffles (hard substrata) or from nearby bridges where 
possible (two sites only, S10 and S11). All samples were screened in the field on a 250-µm mesh to 
remove any retained fine sediment and kept in 70 % ethanol until processing in the laboratory. Along 
the main channel of the Liao River, there was at least 20 m of riparian vegetation or grassed area on 
each bank. The riparian vegetation was dominated by naturally-grown plants although densities of 
tall plants were sparse. For the two sites which are located in urban regions (S1 and S3), both sides 
are managed as recreational reserves. 
4.3.3 Macroinvertebrate laboratory methods 
In the laboratory, macroinvertebrate samples were re-screened with a 250-µm mesh sieve and washed 
until free of sediment before the contents were placed into a sorting tray. All macroinvertebrates 
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were identified under a dissecting microscope to the lowest feasible taxonomic level, normally family 
following keys of Qiu et al. (2014). 
4.3.4 Measurement of environmental parameters 
Eight factors, including temperature (°C), pH, ambient conductivity (µS/cm), conductivity 
standardised to 25°C (µS/cm), dissolved oxygen (DO; mg/L and % saturation) were measured with 
a YSI Professional Plus multi-probe and turbidity was measured using a HACH® 2100Q turbidity 
meter. Three replicate readings were taken at 0.5 m water depth at each site, which corresponded 
with where macroinvertebrates were sampled. 
4.3.5 Measurement of ammonia in water and sediment 
Water samples and additional sediment samples were also collected at a water depth of 0.5 m. The 
samples were placed into plastic bottles (acid washed in 10 % sulphuric acid) and stored at 4 °C as 
soon as possible. A 2.5-cm diameter PVC corer was used to collect sediment samples to a sediment 
depth of 5 cm, which were then transferred into glass bottles and covered with distilled water. 
Duplicate water and sediment samples were collected for each site. Ammonia in water samples was 
measured using the Nessler’s Reagent Spectrophotometry method (GB/T 535-2009) in the laboratory. 
Ammonia in sediment samples was measured by the extraction with potassium chloride solution-
spectrophotometric method (GB/T 634-2012), again in the laboratory. 
4.3.6 Measurement of heavy metals in sediments 
A separate subsample of sediment was also taken to measure heavy metals. All sediment subsamples 
were dried at 105 °C until constant weight and the fraction less than  150 µm (using the mesh with 
a hole size of 150 µm) was used then (according to the method of Bao, 2000). Samples were digested 
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by Microwave Digestion System (APL MD6CN-H, China). Each sample (0.2-0.5 g) was digested in 
a microwave with 5 mL HNO3: 1 mL H2O2 (5: 1, v: v), and steps of microwave digestion were as 
follows (presented as controlling temperature/heating time/holding time): Step 1 120 °C/ 5 min/ 8 
min; Step 2 150 °C/ 5 min/ 5 min; and, Step 3 180 °C/ 5 min/ 5 min. After digestion, all samples 
were evaporated at 120 °C and the remaining solids in samples were then washed into the tube with 
distilled water and then the liquid was diluted to a volume of 25 mL. Digested solutions (the 
suspension) were then determined by inductively-coupled plasma mass spectrometer (ICP-MASS; 
Perkin Elmer, NexION 300X, USA). 
4.3.7 Data analyses 
All statistical analyses were conducted in PRIMER v.7.0. Multivariate abundance data from all 15 
sites were log(x+1) transformed (abundances ranged from 0 to 4000) and then Bray-Curtis similarity 
matrices constructed. It should be noted that for invertebrate data, three datasets were used, namely, 
abudnances for each of kick and core samples, and presence/absence data that combining families 
detected in both kick and core samples.Environmental data were normalized (using a mean-
standardisation in PRIMER) and then analysed using principal component analysis (PCA) to identify 
groups of variables that tended to act together. The relationships among environmental factors 
(ammonia in water and ammonia in sediments were all included for all analysis) and 
macroinvertebrate assemblages were analysed using distance-based linear models (DistLM) to 
identify linear relationships (Anderson, 2000) and BEST to identify environmental variables that 
were best correlated with patterns in the macroinvertebrate data as a whole (Clarke and Gorley, 2006). 
The preliminary values for the water quality criterion for ammonia which have been derived in our 
earlier study (Appendix 2) were tested using canonical analysis of principal coordinates (CAP) and 
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a permutational multivariate analysis of variance (PERMANOVA) to determine whether differences 
in macroinvertebrates assemblages existed among sites with ammonia concentrations that were lower 
or higher than the WQC. Further CAP analyses tested whether relative heavy metal concentrations 
(based on ISQG values) were associated with patterns in macrinvertebrate assemblages. DistLM 
analyses between ratios of measured ammonia concentration/chronic site-specific water quality 
criteria and invertebrate abundance data from each kick and core sample, as well as for the 
presence/absence data from the two methods combined were also developed. Lastly, similarity 
percentages (SIMPER) was employed to identify macroinvertebrate species that were contributing 
to any difference among sites that fell below or above the WQC for ammonia. All families with a 
ratio between the average dissimilarity and the standard deviation (SD) of the dissimilarity > 1 were 
listed, as these are considered reliable indicators of differences in assemblages (Clarke and Warwick, 
2001). 
4.4 Results 
4.4.1 Environmental parameters 
Water temperature ranged from 7.1 to 21.4 °C across sites from north to south and conductivity 
ranged between 104.1 µS/cm (S4) and 947.0 µS/cm (S12). Site 4 exhibited the highest turbidity (95.1 
NTU), more than three times higher than the average turbidity across the other sites (28.5 NTU). 
Ammonia concentrations in water ranged from 0.052 mg/L (S1) to 7.85 mg/L (S4), with an average 
of 1.63 mg/L, while ammonia in sediments ranged from 2.84 mg/kg (S5) to 56.67 mg/kg (S6). Site 
4 had the highest ammonia concentration in water, but had low ammonia in sediments (13.82 mg/kg). 
The substrates sampled mainly consisted of fine clay and sand, except for two sites located in urban 
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environments which predominantly had riffle substrates (S1 and S3 which had additional 
macroinvertebrate sampling within those habitats).  
Results of PCA indicated that there were four principal component axes with eigenvalues greater 
than one (Table 4.1). Of those, PC1 and PC2 accounted for 35.0 and 18.0 % of the total variance of 
environmental variables, respectively. PC1 was associated with low levels of heavy metals and 
ammonia in sediments (< -0.25 loadings) while no strong positive loadings were detected, although 
dissolved oxygen concentrations tended to be moderately high. The second axis, PC2 was associated 
with low concentrations of some heavy metals (As, Cr and Ni, in order of loading) in sediments and 
low temperatures, while ammonia in water and sediments and turbidity were generally high (> 0.25 
loadings). The third PC axis was associated with high dissolved oxygen, pH and copper 
concentrations in sediments, and low conductivity. The final PC axis, PC 4, was associated with high 
conductivity and low turbidity, ammonia in water and As in sediments. 
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Table 4.1 Loadings identified for four principal components based on an analysis of 14 independent 
environmental variables measured at 15 sites in the Liao River Basin, China (Loadings with absolute 
values greater than 0.25 are shown in bold) 
Variables PC1 (35.0 %) PC2 (18.0 %) PC3 (14.5 %) PC4 (13.3 %) 
% Sat. DO 0.23 -0.19 0.52 -0.04 
Temperature (°C) -0.17 -0.29 0.00 -0.09 
pH 0.15 -0.08 0.59 0.06 
Conductivity (adjusted to 25 °C) 0.02 -0.17 -0.29 0.40 
Turbidity (NTU) 0.02 0.39 0.14 -0.48 
Ammonia in sediments (mg/kg) -0.33 0.29 0.05 0.06 
Ammonia in water (mg/L) -0.09 0.26 -0.16 -0.58 
Cr in sediments (mg/kg) -0.28 -0.40 -0.23 -0.17 
Ni in sediments (mg/kg) -0.37 -0.29 -0.05 -0.17 
Cu in sediments (mg/kg) -0.33 -0.17 0.34 -0.07 
Zn in sediments (mg/kg) -0.35 0.17 0.15 0.23 
As in sediments (mg/kg) -0.14 -0.42 0.13 -0.28 
Cd in sediments (mg/kg) -0.40 0.18 0.13 0.18 
Pb in sediments (mg/kg) -0.39 0.21 0.13 0.17 
 
4.4.2 Macroinvertebrates assemblages 
On average, at each site, 976 individuals were sampled in kick samples and 97 individuals were 
sampled in core samples. For the kick samples, Corixidae was the most abundant family, accounting 
for 72.8 % of all the individuals collected. Chironomidae (12.1 %) and Tubificidae (4.6 %) were the 
next most dominant taxa. EPT (Ephemeroptera, Plecoptera, and Trichoptera) taxa contributed 4.0 % 
of all individuals. The number of individuals varied substantially among sites, from three individuals 
at S15 to 4229 individuals at S3 (Table 4.2). There were three sites with fewer than 30 individuals 
(S15, S5, and S9), each of which had greater than 85 % coverage of sandy substratum and no 
macrophytes. Corixidae was the dominant taxon at seven sites (ranged from 80.1 to 94.6 % of 
individuals), while the remaining eight sites were dominated by Chironomidae (six sites), 
Oligochaeta (one site), and larva Muscidae (one site) (Table 4.2). 
For core samples, dominant families were Tubificidae and Chironomidae, with these taxa 
contributing to 73.1 % and 12.4 % of the total individuals sampled in cores, respectively. Fewer EPT 
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taxa were collected in cores, contributing just 0.6 % of the organisms sampled. Again, the number 
of individuals showed a wide range across the 15 sites, from 1 individual from S5 to 262 individuals 
at S8. There were four sites where fewer than 10 individuals were collected (S5, S9, S10, and S15). 
Across the sampling sites, dominant taxa were Oligochaeta (nine sites) and Chironomidae (four sites), 
while Gastropoda and Bivalvia (Corbiculidae) were the most abundant at S9 and S11, respectively 
(Table 4.2). 
In addition to analysing data from each sampling method individually, data from the two methods 
were combined to form a single presence/absence data set. In total, 40 families belonging to 16 orders 
and six classes were collected across the 15 sites. Chironomidae was the most widespread, being 
found at all 15 sites, followed by Tubificidae and Corixidae, which were collected at 13 and 12 sites, 
respectively. Among 11 families of EPT species collected, mayflies of the Heptageniidae were the 
most common, collected from eight sites. Some Trichopterans (e.g. Hydropsychids) were captured, 
but not Plecopterans. 
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Table 4.2 Dominant taxa and their relative percentage contribution to macroinvertebrate abundances 
at 15 sampling sites from the Liao River Basin, China 
 Kick Core 
Sites Dominant taxa Percentage (%) Ind./m
2 Taxa Percentages (%) Ind./m
2 
S1 Chironomidae 38.7 70.7  Oligochaeta 60.9 2310.4  
S2 Chironomidae 49.0 34.7  Oligochaeta 95.8 11853.3  
S3 Corixidae 94.6 1409.7  Chironomidae 66.3 9241.6  
S4 Corixidae 74.9 291.7  Oligochaeta 95.3 25816.2  
S5 Corixidae 75.0 1.3  Chironomidae 100.0 100.5  
S6 Corixidae 80.7 586.7  Oligochaeta 80.9 15771.0  
S7 Corixidae 80.1 107.3  Oligochaeta 35.67 14364.6  
S8 Corixidae 80.2 375.3  Oligochaeta 78.6 26318.4  
S9 Muscidae 40.0 8.3  Gastropoda 50.0 602.7  
S10 Chironomidae 88.6 137.3  Oligochaeta 77.8 904.1  
S11 Chironomidae 33.6 279.0  Bivalvia 43.1 5826.2  
S12 Corixidae 91.4 1240.3  Oligochaeta 91.0 25113.0  
S13 Oligochaeta 90.0 13.3  Oligochaeta 71.1 4520.3  
S14 Chironomidae 58.9 323.3  Chironomidae 96.0 2511.3  
S15 Chironomidae 100.0 1.0  Chironomidae 80.0 1004.5  
 
4.4.3 Correlations between macroinvertebrate assemblages and environmental 
characteristics 
The combined effects of pH and As in sediments were best correlated with macroinvertebrate 
assemblages, based on a BEST analysis using presence/absence data, although this relationship was 
not statistically significant (Rho = 0.235, p = 0.53). Individually, As in sediments had the strongest 
correlation among all 14 individual parameters (Rho = 0.194, p = 0.53). Similarly, the combined 
influence of pH and As in sediments also had the highest correlation with assemblages when 
abundances were included for each of the kick (Rho = 0.340, p = 0.68) and core samples (Rho = 
0.203, p = 0.54) analysed separately.  
In contrast, a distance-based linear model analysis (DistLM) identified ammonia in sediments as the 
variable that explained the largest proportion of the variability in the presence of invertebrates at 
different sites (r2 = 0.09, p = 0.17), and ammonia in sediments also explained more variability in the 
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abundance of invertebrates in kick samples than other environmental variables (r2 = 0.12, p = 0.07) 
and the second-largest proportion of variability among cores (r2 = 0.10, p = 0.18), although these 
correlations were weak. This difference in the variables identified as explaining the largest proportion 
of the variation compared with those best correlated (as identified by BEST) suggests that pH and 
As may not have linear relationships with invertebrate assemblages. Taken together, the analyses 
suggest that ammonia and As in the sediments could be variables best correlated with 
macroinvertebrate assemblages, with pH possibly acting as another important correlating variable 
regulating macroinvertebrates assemblages. 
4.4.4 The effects of heavy metals in sediments on the macroinvertebrate assemblages 
As summarised in the results of PCA (Table 4.1), heavy metals (such as Cd and As) in the sediments 
may influence macroinvertebrate assemblages more than other physico-chemical parameters. When 
measured heavy metal concentrations in sediments were compared with the corresponding interim 
sediment quality guidelines (ISQG) (ANZECC/ARMCANZ, 2000) (Table 4.3) for Ni in sediments 
across 15 sites, there were nine sites whose concentration was lower than the ISQG-Low value (‘L’ 
group), five sites between the ISQG-Low and ISQG-High values (‘H’ group) and 1 site whose 
concentration was above the ISQG-High value (‘VH’ group). Among four heavy metals of Ni, Zn, 
As, and Cd in sediments, Cd was the lowest with eight sites below the relevant ISQG-Low and the 
other seven sites were higher than ISQG-Low, but lower than ISQG-High. Among these 15 sites, 
three sites, namely S3, S5, and S6, suffered serious pollution from all these four heavy metals, with 
heavy metal concentrations exceeding at least ISQG-Low. 
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Table 4.3 The concentrations of heavy metals in sediments across 15 sites grouped according a 
comparison between metal conentrations in sedimetns and the corresponding interim sediment quality 
guidelines (ISQG) by ANZECC/ARMCANZ (2000). 
 Concentrations in sediments (mg/kg) Groups 
Sites Ni Zn As Cd Ni Zn As Cd 
S1 47.22 248.85 19.06 1.30 1H H L L 
S2 18.61 122.60 22.37 0.75 2L L H L 
S3 63.00 336.83 114.07 3.09 3VH H VH H 
S4 19.16 238.72 29.76 1.14 L H H L 
S5 50.07 296.61 107.33 2.05 H H VH H 
S6 49.50 1154.64 25.88 9.01 H VH H H 
S7 13.71 118.29 22.42 0.78 L L H L 
S8 13.07 462.43 19.92 3.10 L VH L H 
S9 5.45 188.64 75.96 1.36 L L VH L 
S10 18.84 336.22 19.20 1.89 L H L H 
S11 26.25 229.77 14.86 1.75 H H L H 
S12 23.67 116.25 15.48 3.53 H L L H 
S13 9.27 435.57 14.17 0.48 L VH L L 
S14 7.89 332.13 8.02 1.32 L H L L 
S15 8.34 90.37 7.06 0.72 L L L L 
 ISQG (mg/L)     
 Ni Zn As Cd     
ISQG-Low 21 200 20 1.5     
ISQG-High 52 410 70 10     
1”H” group means the concentrations of heavy metals in sediments were higher than ISQG-Low while lower than ISQG-High; 
2”L” group means the concentrations of heavy metals in sediments were lower than ISQG-Low; 
3”VH” group means the concentrations of heavy metals in sediments were higher than ISQG-High; 
Bold: Sites with all four heavy metals in sediments exceeding ISQG-Low. 
 
A series of CAP analyses were conducted to test whether the invertebrate assemblages appeared to 
be affected by the level of heavy metals in sediments in Liao River (Table 4.4). These analyses 
revealed associations between invertebrate assesmblage data (kick samples) and the relative amount 
of Cd in sediments relative to the corresponding ISQG values and between the relative amount of Zn 
in sediments and invertebrate assemblages sampled in cores (Table 4.4). For the other two heavy 
metals in sediments, it seemed that no significant associations exsted with the invertebrate 
assesblages. 
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Table 4.4 Canonical Analysis of Principal Coordinates (CAP) analysis based on abundance data from 
each of kick and core samples, as well as presence/absence data from the two methods combined 
represent sites with concentrations of different heavy metals in sediments that are lower and higher than 
the corresponding interim sediment quality guidelines (ISQG) by ANZECC/ARMCANZ (2000), 
respectively 
Metals Data Trace values p-values 
"L"1 group 
(%) 
"H"2 group 
(%) 
"VH"3 
group (%) 
Total cases correctly 
assigned (%) 
Ni Abundance data (kick) 1.4032 0.149 88.9 40.0 100.0 73.3 
 Abundance data 
(core) 0.6026 0.848 66.7 0.0 100.0 46.7 
 Presence/absence 
data 0.3208 0.692 55.6 40.0 0.0 46.7 
Zn Abundance data (kick) 0.8536 0.896 20.0 71.4 0.0 40.0 
 Abundance data 
(core) 1.293 0.043 0.0 85.7 33.3 46.7 
 Presence/absence 
data 0.351 0.603 20.0 57.1 33.3 40.0 
As Abundance data (kick) 0.657 0.121 62.5 50.0 33.3 53.3 
 Abundance data 
(core) 0.4985 0.126 25.0 100.0 66.7 53.3 
 Presence/absence 
data 0.3997 0.515 50.0 25.0 0.0 33.3 
Cd Abundance data (kick) 0.7203 0.049 62.5 85.7 NA 73.3 
 Abundance data 
(core) 0.2599 0.526 50.0 28.6 NA 40.0 
 Presence/absence 
data 0.1144 0.675 50.0 57.1 NA 53.3 
1”L” group means the concentrations of heavy metals in sediments were lower than ISQG-Low; 
2”H” group means the concentrations of heavy metals in sediments were higher than ISQG-Low while lower than ISQG-High; 
3”VH” group means the concentrations of heavy metals in sediments were higher than ISQG-High. 
Bold text indicate statistically significant models. 
 
4.4.5 Validation of site-specific WQC of ammonia 
Chronic WQC for ammonia, derived using pH and temperature measured at each site, are listed in 
Table 4.5. Across all 15 sites, three sites had ammonia concentrations lower than the derived WQC 
(with concentrations that represented 6 to 97 % of the WQC) while the other 12 had higher ammonia 
concentrations than the WQC (107 to 1602 % of the WQC). Of those 12, there were five sites that 
had concentrations more than five times higher than the chronic WQC, four of which were located 
in an area of intense agricultural area with heavy domestic wastewater loadings. We found no 
statistically significant differences among macroinvertebrate assemblages (either based on 
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abundance or presence/absence data) at sites with ammonia concentrations that were above or below 
the chronic WQC (based on PERMANOVA analyses). Moreover, this was further confirmed with 
CAP analysis (all p-values > 0.05, Table 4.6). CAP analysis revealed that 67 % of the sites were 
correctly assigned to either above or below the WQC based on the invertebrate abundance data across 
all 15 sites and 60 % were correctly assigned using presence/absence data (Table 4.6, Fig. 4.2a). 
 
Table 4.5 Ammonia concentrations in water and corresponding water quality criteria (WQC) for each 
of the 15 sites in the Liao River Basin, China 
Sites 
Mean 
Temperature 
(°C) 
Mean pH 
Mean ammonia 
concentrations1 
(mg/L) 
Chronic 
WQC 
(mg/L) 
Ratio2 Categories3 
S1 21.35 7.54 0.05 0.86 0.06 Low 
S2 15.35 8.18 0.58 0.28 2.10 High 
S3 17.05 8.83 0.47 0.08 5.75 High 
S4 12.20 7.87 7.85 0.49 16.02 High 
S5 16.85 6.93 4.70 1.75 2.68 High 
S6 17.05 7.63 2.08 0.75 2.78 High 
S7 9.45 7.43 0.17 1.01 0.17 Low 
S8 7.05 8.08 0.35 0.33 1.07 High 
S9 15.05 8.46 0.23 0.16 1.45 High 
S10 13.30 8.30 0.30 0.22 1.40 High 
S11 8.45 7.28 2.36 1.23 1.92 High 
S12 12.30 7.94 3.31 0.43 7.69 High 
S13 14.30 8.56 0.86 0.13 6.53 High 
S14 16.10 8.09 0.31 0.32 0.97 Low 
S15 16.00 8.48 0.85 0.15 5.61 High 
1Mean ammonia concentrations based on three water samples taken at each site from 0.5 m. 
2Ratio: Recorded mean ammonia concentration/chronic WQC; 
3Categories: Low (3 sites) indicates ratio < 1, indicates ammonia concentrations were lower than WQC, High (12 sites) indicates ratio > 
1. 
 
Table 4.6 Canonical Analysis of Principal Coordinate (CAP) analysis based on abundance data from 
each of kick and core samples, as well as presence/absence data from the two methods combined 
Data Trace values p-values 
Cases correctly 
assigned for 
"Low"1 group 
(%) 
Cases correctly 
assigned for 
"High"2 group 
(%) 
Total cases 
correctly 
assigned (%) 
   Abundance data (kick) 0.3111 0.371 33.3 75.0 66.7 
   Abundance data (core) 0.4028 0.141 33.3 75.0 66.7 
   Presence/absence data 0.2089 0.806 33.3 66.7 60.0 
1Low indicates ammonia concentrations were lower than WQC; 
2 High indicates ammonia concentrations were higher than WQC. 
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Fig. 4.2 CAP analyses based on abundance data of macroinvertebrates collected in kick samples (a), in 
core samples (b), and presence/absence data (c). L and H represent sites with ammonia concentrations 
that are lower and higher than the corresponding chronic WQC, respectively. 
 
Distance-based linear regression analysis was developed between ratios (measured ammonia 
concentrations/chronic site-specific WQC) and the data on abundance and present/absence for all 15 
samples (Fig. 4.3). It was shown that there were no significant differences for any of tests and the 
associated R2 values for the kick samples, cores samples and combined presence/absence data  were 
all very low (from 0.054 to 0.061). These results are in agreement with the results based on CAP 
analysis above. 
Table 4.7 Distance-based linear regression analysis between ratios (measured ammonia 
concentration/chronic site-specific water quality criteria) abundance data from each of kick and core 
samples, as well as presence/absence data from the two methods combined 
Data R2 SS(trace) Pseudo-F P 
Abundance data (kick) 0.054043 1745.1 0.7427 0.671 
Abundance data (core) 0.053749 1129.1 0.7384 0.635 
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Despite the lack of identified statistically significant differences among macroinvertebrate 
assemblages, I attempted to identify trends in those assemblages at sites that had ammonia 
concentrations above and below the WQC using SIMPER (Table 4.8). In total, there were seven 
families that contributed 42.4 % of the total dissimilarity between sites above and below the WQC 
based on the abundance data from kick samples, and three families that contributed to 40.6 % of the 
total dissimilarity using abundance data from the cores. For kick samples, six families were found at 
lower abundances at sites with ammonia concentrations above the WQC, while Corixidae were found 
in high abundances at sites with high ammonia. For the core samples, Tubificidae were found at 
higher abundances at sites with high ammonia, while two other taxa, snails (Lymnaeidae) and a 
mayfly (Heptageniidae) were more abundant at sites with ammonia concentrations that fell below 
the WQC. Only one family, Lymnaeidae, appeared as a reliable indicator of differences across both 
the kick and core samples. In both analyses, Lymnaeidae were less abundant at sites with high 
ammonia than sites with low ammonia (Table 4.8). 
Table 4.8 Taxa describing trends in macroinvertebrate assemblages between sites classified above (high; 
H) (12 sites) and below (low; L) (3 sites) WQC for ammonia 
Families Samples 
Average 
abundance 
(individuals
/site) (L) 
Average 
abundance 
(individuals
/site) (H) 
Average 
dissimilarity 
Dissimilarity
/SD 
Contributions 
% 
Cumulative 
contributions % 
Corixidae Kick 5.36 37.86 8.00 1.08 12.1 12.1 
Chironomidae Kick 98.48 26.39 5.78 1.10 8.8 20.9 
Lymnaeidae Kick 4.37 1.27 3.54 1.12 5.4 26.2 
Viviparidae Kick 2.29 0.99 2.98 1.28 4.5 30.7 
Palaemonidae Kick 2.29 1.56 2.70 1.17 4.1 34.8 
Hydropsychidae Kick 2.29 0.31 2.53 1.03 3.8 38.7 
Gomphidae Kick 1.92 0.34 2.49 1.09 3.8 42.4 
Tubificidae Core 8.21 23.05 14.93 1.19 24.3 24.3 
Lymnaeidae Core 1.75 0.16 5.12 1.26 8.3 32.6 
Heptageniidae Core 0.82 0.13 4.9 1.16 8.0 40.6 
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For kick samples, four genera (Paratanytarsus, Polypedilum, Glyptotendipes and Chironomus) were 
found at lower abundances at sites with ammonia concentrations above the WQC, while Cricotopus 
and Tanytarsus were found in higher abundances at sites with high ammonia. For the core samples, 
all three genera were found at higher abundances at sites with high ammonia. There were two genera 
(Paratanytarsus and Polypedilum) that were consistent across both the kick and core samples. In 
both analyses, chironomids from these two genera were less abundant at sites with high ammonia 
than sites with low ammonia (Table 4.9), however, even at a genus level, sensititivies of chironomids 
among species can also vary. 
 
Table 4.9 Chirnomidae genera describing differences between sites classified above (high; H) and below 
(low; L) WQC for ammonia 
Genera Samples 
Average 
abundance 
(individuals
/site) (L) 
Average 
abundance 
(individuals
/site) (H) 
Average 
dissimilarity 
Dissimilarity/
SD 
Contributions 
% 
Cumulative 
contributions % 
Paratanytarsus Kick 2.34 0.53 7.41 1.13 10.2 10.2 
Cricotopus Kick 1.77 1.9 6.49 1.09 8.9 19.1 
Polypedilum Kick 1.62 1.57 5.34 1.09 7.3 26.4 
Tanytarsus Kick 1.07 1.59 4.98 1.07 6.8 33.2 
Glyptotendipes Kick 1.36 0.91 4.84 1.24 6.6 39.9 
Chironomus Kick 1.25 0.75 3.83 1.44 5.3 45.1 
Lipiniella Core 0.88 0.41 14.16 0.79 16.7 16.7 
Paratanytarsus Core 0.46 0.17 13.78 0.6 16.3 33.0 
Polypedilum Core 0.69 0.49 11.82 1.05 13.9 47.0 
 
 
4.5 Discussion 
4.5.1 Macroinvertebrate assemblages 
The present study is one of the few studies to quantify macroinvertebrate assemblages within Chinese 
rivers, thereby providing additional and important baseline data in lotic ecosystems with water 
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quality conditions that are typical of north-eastern Asia. In addition to our work, Meng et al. (2009) 
investigated macroinvertebrate assemblages across 25 sites within the Liao River Basin in 2005, 
using a similar method (i.e. kick samples). Meng et al. (2009) detected species belonging to 7 classes, 
16 orders and 37 families, which correspond with taxa found during the present study, suggesting 
that species richness of benthic invertebrates has not changed substantially during the past eleven 
years. The dominant species reported by Meng et al. (2009) included Chironomidae and Oligochaeta, 
which was also in accordance with the present study. Three sampling sites overlapped between the 
two studies (S2, S5, and S9) and ammonia concentrations recorded in 2005 at these three sites were 
8.5, 5.7, and 38.5 times higher than those recorded during the present study, as would be expected 
given that new water quality regulations were introduced by the Chinese government in 2006. 
However, equivalent improvements in benthic invertebrate assemblages were not as apparent, given 
that we sampled very few invertebrates at S5 and S9 despite large reductions in ammonia 
concentrations. It is important to note that both studies represent ‘snapshot’ measures of ammonia 
concentrations and so may not be representative of long-term nutrient loads. Were these patterns 
representative, it would still be difficult to ascertain whether the absence of animals at S2 and S9 is 
still attributable to unsuitable water quality, or due to either a lack of source populations from which 
to recruit outside of these sampled reaches, or as a result of insufficient time for recolonisation.  
Other than Meng et al. (2009), research on macroinvertebrate assemblages and relationships with 
physicochemical variables are rare in China. Most of the macroinvertebrate research in China has 
occurred in Lake Taihu (Wang et al., 2007; Wu et al., 2011; Cai et al., 2012; Zhang et al., 2012). The 
structure of macroinvertebrate assemblages collected in the present study was broadly similar to 
those in Lake Taihu despite the difference in habitat types (i.e. lake compared with river reaches), 
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with oligochaetes, chironomids, gastropods and bivalves being the most common taxa sampled 
(Zhang et al., 2012). Similarly, EPT taxa were rare in both studies. This lack of difference despite 
the habitat types may be indicative of the loss of some taxa as a result of past poor water quality 
and/or loss of habitat due to sedimentation. There were some indications that water quality in these 
rivers may have improved, including the presence of bivalves (predominantly Corbicula), which are 
typically sensitive to environmental changes, including low dissolved oxygen (Saloom and Duncan, 
2005) and ammonia concentrations (USEPA, 2013). A number of sensitive EPT were also collected, 
albeit in low numbers. EPT are typically sensitive to pollution (Jowett et al., 1991) and are typically 
found in upland streams or well-protected conservation areas in China (Zhang et al., 2012). The 
scarcity of EPT taxa and the prevalence and high abundance of non-sensitive taxa, such as 
Oligochaeta, which are typically indicators of poor water quality (Takamura et al., 2009; Wang et 
al., 2012), suggested that the water quality of these sites is either still poor or recovering. 
The uncertainty associated with and stochastic nature of recolonisation by sensitive taxa (e.g. due to 
a lack of nearby colonists) remains a potential impediment for successful restoration efforts even 
after improvements in habitat and water quality, which is an issue that has been widely discussed in 
the ecological literature (e.g. so-called ‘field of dreams’ hypothesis, Bond and Lake, 2003). Most of 
the sites sampled during the present study consisted of homogenous, soft-sediment habitat with few 
macrophytes or hard substrata (including rocks or large woody debris). Increasing habitat 
heterogeneity is known to influence the diversity of macroinvertebrate assemblages (Shostell and 
Williams, 2007). It has been reported that the more structurally complex the habitat, the more diverse 
macroinvertebrate community is likely to be (McGoff et al., 2013), and sediment dynamics and 
habitat diversity could limit the distribution and abundance of riverine species (Biggs et al., 2005; 
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Larned et al., 2010). Improvements to habitat quality, in addition to water quality improvements, 
may be an important environmental management consideration in these Chinese Rivers. 
Unfortunately, historical records of habitat descriptions of these streams prior to industrial 
development are not available to guide future habitat restoration efforts. There was some, albeit 
limited, evidence in the present study that indicates increased habitat availability did influence 
invertebrate diversity and abundance at some sites (e.g. sites S10 and S11 consisted of rocky habitat 
and both exhibited high diversity and abundance relative to the other sites sampled) but this remains 
to be fully tested. 
4.5.2 Comparison of results among multiple analyses 
BEST analysis and DistLM were employed in the present study to investigate the factors that were 
best correlated with patterns in the macroinvertebrates assemblages. The results of BEST analysis 
indicated that pH and As in the sediments were best correlated with macroinvertebrates assemblages 
while the findings based on DistLM were not consistent. There, ammonia in sediments was best 
correlated with the macroinvertebrate assemblage. This inconsistency may be explained by the 
differing hypotheses underlying the two analyses. BEST analysis is based on non-linear regression 
while DistLM is based on linear regression analysis. This may suggest that pH and As in sediments 
are not linearly related to macroinvertebrate assemblages, but may have some other relationships (e.g. 
a threshold response, perhaps). Thus, the two analyses provide complementary evidence for the 
relationships found between environmental parameters and macroinvertebrate assemblages. 
Based on the results of BEST analysis, heavy metals in sediments were detected to be the possible 
factors to affect macroinvertebrate assemblages. CAP analysis was developed to test whether heavy 
metals (Ni, Zn, As, Cd) levels, relative to ISQG values, were correlated with macroinvertebrate 
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assesmblages. It was found that Zn in sediments was significiantly correlated with macroinvertebrate 
assemblages in core samples among different groups of sites, and Cd in sediments may also be 
associated with differences in macroinvertebrate assemblages in kick samples among sites. The CAP 
results supported the findings in BEST analysis, which suggests that heavy metals in sediments might 
have an non-linear effects on macroinvertebrate assemblages. 
CAP analysis and SIMPER were used to analyse the field validation of ammonia WQC. Based on 
CAP, no significant differences were found in macroinvertebrate assemblages between sites of “Low” 
and “High” ammonia concentrations, irrespective of whether abundance or presence/absence data 
were used. DistLM analysis tested the correlation of ratios of measured ammonia concentrations to 
the corresponding chronic WQC and the macroinvertebrates, and only very weak correlation was 
detected.  Despite this lack of difference, SIMPER analysis was employed to identify those taxa 
that tended to discriminate macroinvertebrate assemblages from sites that were below compared with 
those above the chronic WQC. Taxa that contributed over 40 % of the total dissimilarity between 
sites above and below WQC were identified (in kick samples, Corixidae, Chironomidae, and 
Lymnaeidae were the main taxa to contribute dissimilarity and in core samples, Tubificidae was the 
main taxa to contribute dissimilarity) , and some sensitive taxa, such as Ephemerellidae, 
Leptophlebiidae and Heptageniidae, were expected to differ, but no such differences were found.. 
4.5.3 Relationships between macroinvertebrate assemblages and physico-chemical 
variables 
Given that elevated ammonia concentrations are widely cited as of primary environmental concern 
for many Chinese rivers (Meng, 2013), we expected to see significant correlations between ammonia 
and macroinvertebrate assemblages. It is widely known that elevated nutrient concentrations, which 
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include ammonia, can lead to eutrophication of waterways and have a negative impact on biological 
diversity (Donohue et al., 2009; Pokorny et al., 2012). This impact has also been observed in China, 
with reduced diversity of macroinvertebrates being attributed to increased nutrient enrichment in 
Lake Taihu (Gao et al., 2011; Wu et al., 2011). Despite these general findings of other studies, we 
found no significant associations between macroinvertebrate assemblages and ammonia sampled 
across the 15 locations in the Liao River Basin. Instead, other environmental variables such as heavy 
metals and pH, were equally or more influential than ammonia in these weak, non-significant 
correlations. The lack of association may, in part, be due to the sampling occurring in an already 
degraded river basin, given that high ammonia concentrations occurred across most of the catchment. 
Irrespective of these weak correlations, the preliminary analyses have flagged ammonia, pH, 
cadmium and arsenic as potential targets for future environmental monitoring and refinement of 
future field surveys. This highlights the need for further sampling that includes sites with lower 
ammonia concentrations and variable pH and metal concentrations, if such sites exist, to further 
clarify whether the strength of the correlations are generally representative of the broader catchment, 
or are an artefact of the current sampling design. 
In the present study, ammonia and heavy metals (e.g. As) in sediments were the best-correlated 
physico-chemical variables with the composition of macroinvertebrate assemblages. Ammonia is an 
important source of nitrogen in water, contributing to total N, which is one of the main measures of 
nutrient loads in river systems (Angelidaki and Ahring, 1993). Nutrient loads can increase food 
availability as nutrient stimulates primary production. The most resistant taxa would tend to exclude 
other sensitive ones with the increasing level of productivity. Thus, invertebrate diversity is likely to 
decline (Widdicombe and Austen, 2001). Moreover, nutrient enrichment could lead to the reduction 
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of dissolved oxygen, limiting the survival of some sensitive taxa (Widdicombe and Austen, 2001; 
Zhang et al., 2014).  
The influence of elevated heavy metals in sediments on the composition of macroinvertebrates in the 
field has not been studied in other Chinese river systems, but has been widely studied elsewhere (e.g. 
Ankley, 1996; Mori, 1997). Elevated heavy metal concentrations are known to result in the loss of 
oligochaetes and lead to a decrease in species richness and density of chironomid populations 
(Winner et al., 1980; Mori, 1997). pH appears to be another variable that has the potential to influence 
invertebrate assemblages in the Liao River Basin. In other systems, pH has been reported to affect 
benthic fauna by changing food resources and thus induce changes in the proportion of species 
belonging to different feeding groups, as well as having an indirect effect by altering the availability 
and toxicity of metals (Okland, 1986). Thus, there is good support from other studies as to the 
mechanism by which the variables identified here may act to influence macroinvertebrate 
assemblages. 
4.5.4 Site-specific WQC validation 
There are two common constraints typically associated with validating whether theoretically-derived 
WQC are adequate for protecting ecological communities in the field. The first involves a paucity of 
field studies that have directly compared biological assemblages across multiple locations that fall 
within and outside a theoretical-derived WQC (Mebane, 2010). It is more common for validation of 
WQC to involve a comparison of toxicity of pollutants on aquatic species in in situ water and in 
laboratory water, rather than sampling of biota in field directly (Maltby et al., 2005). The second 
common constraint is being able to disentangle the biological effect of the target contaminant (in our 
case, ammonia) from a multitude of other potentially important contaminants or complex interactions 
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among them (Mebane, 2010). Species interacting via competition and food web interactions (e.g. 
interactions among different trophic groups) also contributes to the second constraint (Callow and 
Forbes, 2003). The present study attempted to address the first constraint by directly sampling 
macroinvertebrate assemblages across multiple sites with varying ammonia concentrations, but the 
lack of strong, significant correlations, as discussed above, further highlights the difficulties 
associated with the second common constraint. The opportunity to develop ecological ‘health’ scores 
for these river systems, similar to SIGNAL and AUSRIVAS scores in Australia (Barmuta et al., 1998; 
Chessman, 2003), is also limited because of a lack of suitable reference locations (i.e. 
uncontaminated locations).  
Another possible explanation for the lack of detectable differences in macroinvertebrate assemblages 
across sites of varying ammonia concentration is that different taxa exhibit varying sensitivities and 
responses to a range of different contaminants. These contaminants could be traditional chemicals 
with accepted acute and chronic effects, such as heavy metals and organic contaminants, and could 
also be chemicals with subtle and chronic effects at lower exposure concentrations, including  
myriad existing and emerging endocrine disrupting chemicals (Schmitt-Jansen et al., 2008). The 
specificity of effects of complex environmental chemical mixtures is generally very difficult to 
identify. One way to isolate a specific exposure or response in taxa in situ is to identify a suitable 
bioindicator (that is, organisms particularly sensitive to ammonia). Unfortunately, we are not aware 
of applicable bioindicator taxa in the Liao River Basin given the rarity of known sensitive taxa in 
this region (e.g. EPT taxa).  
In addition, only three of fifteen sites sampled exhibited ammonia concentrations lower than the 
identified chronic WQC. This suggests that either nutrient discharge is still an issue, or that there is 
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a considerable lag period prior to the detection of nutrient reduction. Despite some sensitive taxa, 
such as Hydropsychidae and Heptageniidae, for which there was a trend of abundance being higher 
at sites with lower ammonia concentrations, there was no statistically significant difference between 
macroinvertebrate assemblages at sites above and below the WQC for ammonia. Therefore, we 
currently have limited evidence to suggest that the proposed WQC will protect important aquatic 
taxa. As suggested above, additional sampling would require more sites with lower ammonia 
concentrations (if they exist), to verify these trends and further validate the proposed WQC. 
Consequently, the theoretical WQC derived from laboratory-based data still serves as a useful 
starting point and guide for environmental managers and industry until further field validation and 
refinement of the WQC is available.  
Despite the challenges and limitations identified during the present study, there are key conclusions 
that can be drawn from this work. One strength lies in the use of multivariate analyses, which can 
potentially identify multiple factors that influence macroinvertebrate assemblages. Based on this 
initial sampling and analysis, there is now potential to build an integrated WQC system considering 
all of the factors identified here, including arsenic and cadmium in the sediments, in combination 
with the WQC for ammonia, which may afford greater protection to biotic assemblages. In fact, the 
appropriateness of WQCs based on single chemicals has been questioned because they ignore 
indirect impacts and combined effets with other chemicals, both of which are likely to occur in the 
field (TenBrook, 2008; Mebane, 2010).  
Additionally, if the sampling method, timing, and sample numbers are kept consistent across 
contaminants and locations, variability detected in macroinvertebrate assemblages is more likely to 
be a direct result of water quality conditions, increasing the utility of field validations using 
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macroinvertebrates. Appropriate methods for conducting field validations of WQC are still an open 
question, given that no scientific consensus exists for what constitutes a proper field validation 
(Oreskes et al., 1994). Irrespective of this debate, field validation is necessary to determine whether 
relationships identified in laboratory tests mirror responses in the field, to identify potential 
differences between sensitivities of organisms from field and those used in the laboratory, and to test 
the difference of aquatic organisms tested in laboratory and field conditions (Ferraro and Faith, 2002; 
Cormier et al., 2008). To our knowledge, no such validation exists, but preliminary indicators from 
the present study suggest that there is value pursuing the goal of robust field validation of WQC. 
4.6 Conclusions 
Multiple water quality variables and macroinvertebrate assemblages were sampled across 15 sites 
from the Liao River Basin. In the process, 40 families, belonging to 16 orders and 6 classes were 
identified. Chironomidae, which are generally considered to be tolerant taxa, were most widespread 
and found at all 15 sites, followed by Tubificidae and Corixidae. Weak, non-significant correlations 
between water quality variables and macroinvertebrate assemblages were found; the strongest of 
these involved ammonia in sediments and water and heavy metals in sediments (especially arsenic 
and cadmium). Attempts were made to validate theoretical ammonia WQC derived from laboratory-
based data, but again, no significant difference in macroinvertebrate assemblages was found between 
sites that exceeded and those that fell below WQC. However, lower abundances of some sensitive 
taxa (e.g. Hydropsychidae caddisflies and Heptageniidae mayflies) did occur at sites exceeding the 
WQC, despite adequate habitat being available, suggesting that there may be some protective effect 
of the WQC. The current study provides an example of how theoretical WQC could be tested directly 
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in the field. However, samples were taken in an already degraded system with few sites exhibiting 
ammonia below the WQC, which is likely to have reduced the power of our tests. Nonetheless, this 
study is a preliminary survey that provides a template for field validation of water quality criteria. 
Further investigation of additional unpolluted sites is desirable, if such sites exist, to provide a more 
robust field validation of the proposed water quality criteria. 
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Chapter 5 General discussion and conclusions 
The primary aim of this PhD study was to derive WQC for ammonia in Liao River Basin. WQC play 
an important role in water management in China but the development of site-specific WQC is 
currently difficult due to the lack of available toxicity data and in situ investigation. Thus, the primary 
research objective is to address these deficiencies, using the common contaminant, ammonia as the 
model toxicant. 
The PhD research comprised three broad investigative components which addressed the following:  
1) development of theoretical WQC using toxicity data on resident species and comparison 
of SSD of taxa from different countries and regions;  
2) comparison of multiple toxicity endpoints (i.e. traditional acute/chronic data for individuals 
from different species and data on molecular and gene expression at the species level); and  
3) initial field validation of theoretical WQC derived using macroinvertebrate assemblages. 
The research findings have formed the theoretical WQC for ammonia for the Liao River Basin and 
other basins in China. This WQC was based on multiple data sources (including new laboratory 
toxicity bioassays conducted in Australia and China) and preliminary field validation. While the field 
validation was inconclusive, the research findings and the resultant theoretical WQC provide a solid 
foundation for the future development and refinement of WQC in the Liao River and other lowland 
rivers in China. The methodology also provides guidance, including outlining methods for choosing 
appropriate toxicity data to derive WQC and conducting field validations, for other developing 
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nations that already have compromised water quality constrained by limited water quality and 
biological data. 
5.1 Using national and international data to derive site-specific WQC using 
SSD 
Paucity of toxicity data is the main challenge associated with the derivation of WQC, particularly in 
developing countries. To overcome this constraint, several studies have tested the sensitivities among 
taxa from different geographical areas (Aldenberg and Jaworska, 2000; Newman et al., 2000; Jin et 
al., 2011; Wang et al., 2013; Wu et al., 2015). The sensitivities of aquatic species were investigated 
across a range of geographical scales, including a national scale (Chinese native taxa and non-native 
taxa) and regional scale, which compared Liao River taxa with taxa from elsewhere (Chapter 2). For 
the comparison at a national scale, similar comparisons have been performed (e.g. sensitivities 
between Australian and non-Australian taxa, Hose and Van den Brink, 2004) where it was concluded 
that geography did not significantly affect sensitivities. The aforementioned findings are consistent 
with those from this thesis, which suggests that toxicity data from multiple geographical regions can 
be combined to develop SSD with sufficient confidence to derive meaningful WQC. This is contrary 
to USEPA guidelines that recommend only toxicity data for resident species be used in the 
calculation of aquatic life criteria (USEPA, 1985). As a result, this thesis recommends that local data 
should be used to derive WQC, if available. However, the non-significant differences in the overall 
trend of SSDs found for larger geographical comparisons provide a useful starting point for countries 
or regions that lack national and local data to derive WQC. 
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It is important to note that the development and validation of SSDs for native species is still a priority 
because it is possible that tolerances of cosmopolitan species could vary across geographical scales 
(Davies et al, 1994), particularly for species that occur in water bodies with a long history of poor 
water quality. For example, the tolerance of species found in areas of poor water quality may be 
greater than those sampled in good water quality. This PhD research compared whole SSD trends for 
cosmopolitan taxa (including all available invertebrates and vertebrates) from the Liao River Basin, 
China and overseas. Again, geographic region had no significant influence on ammonia tolerances, 
as described by overall SSD trends. No significant difference was found between sensitivities to 
ammonia for Chironomidae species (different species) from China and Australia. It should be noted 
here that Lake Pertobe, the site of collection of organisms in Australia, receives stormwater inputs 
and intermittently carries high loads of a variety of pollutants, so tolerance to ammonia may vary 
between organisms living in this site and those from more pristine natural environments. This 
intermittent exposure may have influenced the sensitivity results and the findings in this study could 
be further improved by comparing species that are sourced from environments with poor versus good 
water quality. Nonetheless, these findings provide further clarity regarding the appropriateness of 
using published toxicity data for ecologically relevant, cosmopolitan taxa that have been used for 
toxicity testing elsewhere.  
5.2 Choosing appropriate data for developing SSDs 
Acute and chronic data for individual species are most commonly used in developing SSDs and 
deriving WQC (TenBrook et al., 2008). Acute data normally consist of a limited number of responses 
(i.e. endpoints) and time scales (i.e. duration of tests). In contrast, chronic data can consist of a wide 
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range of responses and test durations, which contributes to greater variability in SSD curves using 
chronic data (Maltby et al., 2005; Jager, 2012). Acute and chronic data were compared for two 
different invertebrate species, D. magna and C. riparius. For many other species, comparing acute 
and chronic data is not possible due to a lack of chronic data. Chronic values for these two species 
(D. magna and C. riparius) were derived using multiple endpoints. For example, endpoints for C. 
riparius included development ratio, emergence ratio, time to emergence and sex ratio, leading to 4-
fold differences among chronic values (Chapter 3). The highly variable results support historical 
criticisms associated with the high degree of uncertainty for deriving WQC based on chronic data 
(Jager, 2012).  
The two test organisms used to derive chronic data (D. magna and C. riparius) are standard test 
organisms and their toxicity responses to different chemicals have been tested widely (TenBrook et 
al., 2008). The highly variable responses in the different endpoints used for these two well-studied 
taxa further highlight the difficulties of using non-standard test organisms (i.e. where the basic 
understanding of sensitivities is lower) and urgent need for greater chronic testing for other taxa. 
Moreover, even for standard test species, how to choose appropriate chronic data in developing SSDs 
is open to question (TenBrook et al., 2008). Different organisations currently recommend different 
types of chronic data be incorporated in the derivation of WQC. For example, no observed effect 
concentration (NOEC) values are recommended by many as surrogates for chronic data (e.g. OECD, 
1995; ANZECC/ARMCANZ, 2000; RIVM, 2001). However, this approach has been criticised as 
values can vary with treatment concentrations given that NOECs are calculated based on post-hoc 
analysis in which the treatment concentrations used influence the result. Thus, NOEC values can 
vary across tests even when the same species has been used if different treatment concentrations were 
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used (Crane and Newman, 2000; Jager, 2012; Jesenska et al., 2013). As MATC values are calculated 
based on NOEC and LOEC values which are affected by experimental design, they suffer from the 
same problem. EC10 values are better alternatives as they are derived from regression analysis that 
have been considered to be an appropriate replacement of NOEC but they have their own 
disadvantages, particularly debate surrounding the validity of incorporating EC values to represent a 
non-effect level in protecting ecosystems  (TenBrook et al., 2008). Besides the uncertainties 
surrounding the appropriate choice of chronic values, chronic data for aquatic species are of 
insufficient quality for inclusion in WQC derivations (Crane and Newman, 2000; EC, 2011). Based 
on these considerations, it is concluded that it is extremely difficult to incorporate chronic data into 
the development of WQC for several reasons:  
1) deciding on appropriate endpoints for different taxa is not straightforward;  
2) response of organisms for different endpoints can be highly variable; and  
3) chronic tests are more difficult and time consuming to complete than acute tests, which 
suggest that there will always be fewer chronic data available than acute data. 
The shortcomings of chronic data are well known, so De Zwart (2002) and Van den Brink et al. 
(2006) proposed that average acute EC50 values be utilised, together with chronic effects (when 
available) to provide an acute-to-chronic ratio (ACR). For this study, acute data were primarily relied 
upon because of consistency in standard endpoints and exposure time that can be employed, which 
leads to greater confidence in toxicity estimates than those derived from multiple, highly variable 
chronic endpoints. Also, the quantity of available acute data (EC50 or LC50 based on short exposure 
duration) is greater and easier to obtain than chronic data (e.g. MATC, EC10 based on a long period 
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exposure) (as summarised in Table 5.1). Moreover, it is believed that ACRs used to develop chronic 
data are best when based on bioassays using standard test organisms as they have a richer research 
background compared with non-standard test organisms and the confidence associated with the ACR 
achieved should be high. Consequently, confidence in utilising chronic WQC could then be 
improved. However, there are also constraints when developing chronic data in this way as the range 
of standard species is narrow and other species in the ecosystem may not be protected by the 
suggested WQC if they are not members of the same taxon groups as the standard species. 
 
Table 5.1 Summary of assessment endpoints and data types 
Assessment endpoints for the aquatic community Toxicity data types 
Survival of freshwater fish, other freshwater 
vertebrates, and invertebrates 
For acute data: LCx values 
For chronic data: LCx values, NOEC and LOEC, 
calculated MATC 
Growth and reproduction of freshwater fish, other 
freshwater vertebrates, and invertebrates 
For acute data: EC values 
For chronic data: ECx values, NOEC and LOEC, 
calculated MATC 
Biochemical changes and gene expression of 
freshwater fish, other freshwater vertebrates, and 
invertebrates 
There is no available standard to categorise acute 
and chronic data based on these endpoints 
(Normally LOEC is used) 
MATC: maximum acceptable toxicant concentration (geometric mean of NOEC and LOEC) 
NOEC: No observed effect concentration; 
LOEC: Lowest observed effect concentration; 
LC: Lethal concentration to x % of the test population; 
ECx: Effect concentration to x % of the test population. 
 
As emphasised above, multiple endpoints can be tested to provide chronic data (Table 5.1). In this 
PhD, rapid onset endpoints were tested including biochemical alteration and gene expression. These 
endpoints are considered useful because they can identify earlier warning signs than other more 
traditional endpoints, making them ideal biomarkers (Snell et al., 2003; Forbes et al., 2006; Menzel 
et al., 2009). Similar tests have been conducted on cadmium exposure to eighteen different species 
(Yan et al., 2012a) but this is the first study to have used the same endpoints for Chironomus sp. 
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when exposed to ammonia. This thesis found that the endpoints based on gene expression were more 
sensitive than the more traditional chronic endpoints, particularly the expression of CYP450. The 
most sensitive response to ammonia during chronic exposure was emergence ratio, with a LOEC of 
50 mg/L. A LOEC of 50 mg/L was also identified using GST activity and gene expression of HSP70. 
Additionally, at exposure concentrations of 10 mg/L, a significant increase in gene expression of 
CYP450 was exhibited, compared with controls. Studies on comparison of acute data, chronic data 
based on traditional endpoints and non-traditional data based on gene expression have been 
conducted and have concluded that when comparing available data on cadmium, the sensitivity order 
was that chronic data were more sensitive than data on gene expression, followed by acute data 
(Fedorenkova et al., 2010; Yan et al., 2012a). This order was different from the findings in this PhD 
study, but it should be noted that the thesis findings were based on a comparison using only one 
species (C. riparius) rather than a series of data from multiple species. It was proposed by Yan et al. 
(2012b) that if appropriate biomarkers were found for an aquatic species when exposed to a 
contaminant, then LOEC values based on the endpoint could be incorporated into WQC derivation. 
This would help to provide better protection for aquatic species than using either acute or chronic 
data, because gene data could provide an earlier warning sign for the initial damage caused by a 
particular contaminant. 
The shorter response times associated with biochemical and genetic endpoints are advantageous for 
ecotoxicology field assessments, because their use would result in reduced running times for chronic 
bioassay tests. However, further assessment to determine whether the same endpoints for 
biogeochemical and gene expression are comparable across different taxa are still required 
(Fedorenkova et al., 2010). Another problem associated with using biochemical and gene expression 
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endpoints is the appropriateness of biomarkers chosen, especially when non-model or non-standard 
species were used, and the reason is that these endpoinds are generally selected based on studies on 
model organisms while the sensitivities of same gene responses to different species could vary 
dramatically (TenBrook et al., 2008). These uncertainties make it hard to elucidate final toxicity 
estimates that could be directly used in the WQC calculation (Leeuwen and Vermeire, 2007; OECD 
2011). 
The selection of data suitable for deriving SSD should also consider the mix of species from different 
trophic levels, including a mix of vertebrates and invertebrates. In this study, among the 22 taxa 
residents to Liao River, 10 of the most sensitive taxa to ammonia included eight pelagic fish and two 
bivalves. The same mix of fish and bivalves were identified as the most sensitive among 30 taxa 
native to China, as listed in Supporting Document 2 (Appendix 3). Guidelines for deriving ammonia 
WQC (USEPA, 2013) specify that taxonomic groups tend to be ordered in sensitivity as follows: 
bivalves (most sensitive), followed by pelagic fishes, other macroinvertebrates, and finally benthic 
fishes. This study confirmed that the sensitivity of pelagic fish to ammonia was higher than that of 
most of the invertebrates tested. The sensitivity of different taxonomic groups to ammonia might be 
due to the toxic action of ammonia whereby unionized ammonia could cause:  
1) epithelial cell proliferation in gill tissues (Lang et al., 1987);  
2) reduction in blood oxygen-carrying capacity to progressive acidosis (Russon, 1985);  
3) uncoupling oxidative phosphorylation causing inhibition of production and depletion of 
adenosine triphosphate in the brain (Camargo and Alonso, 2006); and  
4) the disruption of osmoregulatory and circulatory activity disrupting normal metabolic 
functioning of the liver and kidneys (Tomasso et al., 1980; Arillo et al., 1981).  
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Compared with fishes, invertebrates might suffer these effects to a lower degree and thus be less 
sensitive to ammonia, or have different physiological mechanisms enabling ammonia tolerance 
compared to pelagic fishes. These findings indicate that derived WQC for ammonia using 
invertebrates alone might not be suitably sensitive to protect vertebrates, and this difference in 
sensitivity needs to be weighed against considerations regarding the ethics of performing toxicology 
tests on vertebrates.  
5.3 Field validation of theoretical WQC 
The development of most WQC or water quality thresholds for different chemicals has typically 
come from laboratory bioassays (e.g., Hose and Van den Brink, 2004). The adequacy of these WQC 
is seldom tested in the field despite being considered as an essential step in water management to 
avoid both over- and under-protection of aquatic ecosystems (Hose and Van den Brink, 2004; Hickey 
et al., 2008). The current study attempted to test the adequacy of a theoretical WQC developed for 
the Liao River Basin by sampling macroinvertebrate assemblages across multiple sites with different 
ammonia concentrations. It was expected that assemblages sampled at sites above and below WQC 
would be statistically different, with lower abundances and diversity of taxa at sites with ammonia 
concentrations that exceeded WQC. However, no statistically significant differences were detected, 
so adequacy of the derived WQC remains largely unconfirmed. However, the field survey was 
important for:  
1) providing baseline data on macroinvertebrate assemblages that can be used as a benchmark 
for future sampling;  
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2) identifying that a high percentage of sites fell above the derived WQC, suggesting that water 
quality is either still recovering in the basin or that excessive ammonia discharge is a 
continuing problem; and  
3) identifying that ammonia and arsenic and cadmium in sediments were the most highly 
correlated water quality variables with invertebrate assemblages, although these correlations 
were relatively weak and not statistically significant.  
These key findings will be useful for further refinement and development of WQC in Liao River and 
other river systems in China and overseas; this could include additional sampling to find more sites 
with ammonia lower than WQC. These sites can also be used to determine whether additional (or 
fewer) taxa are found in response to future alteration in ammonia inputs.  
The findings of the field survey are not entirely surprising given that field validations in developing 
countries appear rare (or non-existent). Even where field validations do exist (e.g. Hose and van den 
Brink, 2004), they are often constrained by similar issues experienced during the present study. For 
example, biological effects are often difficult to quantify, particularly when trying to identify 
causality of a specific target variable when several other undetected impacts could also be operating 
(Kefford et al., 2006; Mebane, 2010). Field data can often be of poor quality due to lack of 
standardization and lack of replication (Sanderson, 2002). This PhD project focused on ensuring that 
there was sufficient standardisation across sites and attempted to provide adequate replication. In 
hindsight, the present study may have also suffered from inadequate replication of sites with low 
ammonia concentrations, but the sampling design was difficult to plan (e.g. a power analysis was not 
possible) given the absence of historical biological data for this region and that the historical 
ammonia data across different sites was unreliable. 
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In addition to suitable water quality, macroinvertebrates also require suitable habitat, which can also 
play a significant role in regulating macroinvertebrate assemblages and could mask impacts 
associated with inadequate water quality (Scheffer, 1998; Noges et al., 2008; Cai et al., 2012). Nearly 
all of the sites sampled during the present study were dominated by bare, soft sediment habitat. Only 
20 % of sites (3 sites out of 15 sites) contained macrophytes and a further 27 % (4 sites out of 15 
sites) had sediments that contained pebbles or larger particles. Additional sampling to locate areas of 
variable habitat is required to test this further. Trying to identify the source of colonists for future 
recruitment, particularly within headwater reaches of these streams, is also a potential avenue for 
future research. Without nearby colonists, government agencies may need to consider reintroductions 
of species that are sourced from elsewhere, which is a practice that occurs in many countries 
elsewhere, particularly for fish (Mittelbach et al., 2006; Dunham et al., 2011). 
Water quality measurements recorded during the current study suggest that improvements have 
occurred since the introduction of recent government restrictions on ammonia discharge that were 
implemented during the 2005-2010 period (Meng, 2013). However, these improvements were not 
necessarily reflected in increased diversity and abundance of macroinvertebrates (although there is a 
lack of relevant data for a formal comparison). Possible explanations for these findings are numerous, 
including insufficient time for assemblages to recover. This is further complicated by a lack of 
historical biological data that provides possible targets and knowledge of what to expect as a target 
trajectory. A lack of adequate previous data is not uncommon, particularly in developing nations, but 
it is also common for aquatic ecosystems in many developed nations (e.g. Yin et al., 2003; Yan et 
al., 2012b; Wu et al., 2015). The impacts associated with the severity and long history of pollution 
in China are also largely unknown and may further limit recovery of river ecosystems. Based on 
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studies where recovery times have been documented, it can take several decades following 
restoration efforts (Lichter et al., 2006; Cox et al., 2009). Therefore, it is certainly possible that there 
will never be increased abundance and diversity of macroinvertebrates in some of these rivers, but it 
is still important to set WQC to prevent further loss of the species that still inhabit these systems.  
5.4 Comparison of the values derived for China against international values 
WQC for ammonia developed by USEPA (2013) set derived acute and chronic WQC at 17.0 mg/L 
and 1.9 mg/L (pH of 7.0 and temperature of 20 ℃), respectively. The acute and chronic WQC derived 
for Liao River in this study were both lower (10.0 mg/L, and 1.7 mg/L, respectively) than the USEPA 
(2013) values for the same pH and temperature conditions. Under the same conditions, the Canadian 
ammonia water quality guideline (WQG) was 4.82 mg/L (for chronic exposure only) and, again, the 
corresponding value derived in this study was lower (1.7 mg/L). Nonetheless, WQC derived in this 
study based on the same life stage category were within the same range of values derived by other 
developed countries, such as USA and Canada. WQC/WQG derived in both Canada and USA have 
been incorporated into their respective national guidelines to provide a sound scientific basis for 
water management. If the Liao River values fall within the range of USA and Canada guideline 
values, then inclusion of data from these international WQC/WQG will strengthen the validity of 
using these same values in water management guidelines for the Liao River Basin. 
5.5 Implications for management of the Liao River Basin and other rivers in 
China 
WQC are fundamental for developing enforceable WQS and play an important role in the 
management of water quality in aquatic environments (USEPA, 2003). WQC are also scientific 
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benchmarks for monitoring and evaluating risks of polluting aquatic environments (e.g. USEPA, 
1985; Wu et al., 2015). Thus, together, the WQC and WQS form the essential benchmarks for the 
management of aquatic ecosystems. This study derived site-specific WQC for ammonia in the Liao 
River Basin based on the measured toxicity of local taxa, providing a solid scientific basis for the 
values. The next step in the development process for these values is for them to be incorporated into 
WQS, after government consideration. Once appropriate WQS are established, pollutant trigger 
values for impaired water bodies can be developed and maximum discharge allocations developed 
among the various point and non-point sources. The research contained herein, on how to choose 
toxicity data for developing new WQC, will assist with the establishment of WQS for water 
management of other Chinese river systems and in other developing countries with similar 
insufficient data to develop site-specific WQC, but whose water bodies are also under serious threat.  
 
5.6 Significance and contribution of this PhD Research 
The major areas of contribution made by this research to the field of ecotoxicology include:  
1) Greater understanding of how international data can be used to derive WQC for regions with 
a lack of national and local toxicity data. While knowing the sensitivities of local species is 
important, international data still serve as a very important guide for the development of 
preliminary WQC. This will be further strengthened as more toxicity data are gathered for a 
growing number of species in many different parts of the globe (i.e. both developed and 
developing nations). 
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2) Further clarification of the applicability and use of acute versus chronic data. While chronic 
data are often more sensitive than acute data, results of chronic tests are more variable as 
they utilise a broader range of endpoints. Therefore, the ease of use and consistency of 
endpoints make acute data preferable for developing SSD for WQC derivation, and chronic 
effects can be assessed through the use of ACRs. However, it should be noted that if more 
sensitive tests and tighter restrictions for chemical pollutants are required, then relatively 
new and newly emerging techniques for acquiring chronic data, such as those provided by 
biochemical and molecular level tests, may be more appropriate.  
3) Baseline data for river macroinvertebrate assemblages in China. Ecological studies of 
macroinvertebrates and associations with water quality in China are rare. This is particularly 
important as it allows for tracking any future improvements to water quality and associated 
changes to invertebrates, which could be particularly informative in terms of possible 
recovery trajectories for highly degraded river systems. Further field validation of WQC 
requires the sampling of a greater number of sites that differ in ammonia concentrations, 
particularly sites that fall below WQC. Further sampling of ammonia concentrations will 
also be important for determining whether recent regulations to reduce ammonia discharges 
are starting to result in consistently reduced concentrations in the field.  
4) Chironomidae larvae were considered to be the most appropriate aquatic model to compare 
the sensitivities of laboratory-cultured and field-captured organisms tested both in laboratory 
and field medium. Laboratory-cultured larvae tested in laboratory medium (which are 
normally used to derive laboratory-based data) were found to be more sensitive than field-
captured larvae tested both in laboratory and field medium, indicating that these laboratory-
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based tests are likely to be conservative and likely to offer adequate protection for the test 
species in the field.   
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5.7 Conclusions 
The main aim of this thesis was to develop WQC for Liao River Basin. Using multiple bioassays and 
data and model screening from this study, preliminary acute and chronic WQC of 10.0 mg/L and 1.7 
mg/L (pH = 7.0 and temperature = 20 °C), respectively, have been derived for the Liao River Basin. 
For sites with other pH and temperature conditions, adjusted acute and chronic values can be derived 
accordingly: 
𝐴𝐴𝐴𝐴𝐴𝐴𝐴𝐴𝐴𝐴𝑊𝑊𝑊𝑊𝑊𝑊 = 0.2224 × � 0.01141 + 107.204−𝑝𝑝𝑝𝑝 + 1.61811 + 10𝑝𝑝𝑝𝑝−7.204�× 𝑀𝑀𝑀𝑀𝑀𝑀�45.15, 100.07 × 100.036×(20−𝑇𝑇)� 
𝑊𝑊ℎ𝑟𝑟𝑟𝑟𝑀𝑀𝑀𝑀𝐴𝐴𝑊𝑊𝑊𝑊𝑊𝑊 = 𝐴𝐴𝐴𝐴𝐴𝐴𝐴𝐴𝐴𝐴𝑊𝑊𝑊𝑊𝑊𝑊 𝐴𝐴𝑊𝑊𝐴𝐴�  
 
It should be noted that these site-specific WQC should be further refined as new toxicity data are 
obtained, together with additional field validation. 
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Appendix 1 
Acronoyms 
ACR Acute to chronic ratio 
AF Assessment factor 
ANZECC 
Australian and New Zealand Environmental and 
Conservation Council 
ARMCANZ 
Agriculture and Resource Management Council of 
Australia and New Zealand 
BLM Biotic ligand model 
CAP Canonical analysis of principal coordinates 
CCC Criteria continuous concentration 
CCME Canadian Council of Ministers of the Environment 
CMC Criteria maximum concentration 
DistLM Distance-based linear models 
ECB European Chemicals Bureau 
ECx 
Concentration that affects x % of exposed 
organisms 
ECL Environmental concern level 
ECOTOX 
European Centre for Ecotoxicology and 
Toxicology of Chemicals 
EQS Environmental quality standard 
ERL Environmental risk level 
FAV Final acute value 
FCV Final chronic value 
FPV Final plant value 
FRV Final residue value 
FV Field validation 
GMAV Genus mean acute value 
HCx 
Hazardous concentration potentially harmful to 
x % of species 
ICE Interspecies correlation estimation 
LCx Concentration lethal to x % of exposed organisms 
LOEC Lowest observed effect concentration 
MPA Multifactor Probit Analysis 
MPC Maximum permissible concentration 
MSDS Material Safety Data Sheets 
MTC Maximum tolerate concentration 
NC Negligible concentration 
NOEC No observed effect concentration 
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OECD 
Organization for Economic Co-operation and 
Development 
PC95 Protective concentration to 95 % of organisms 
PCA Principal component analysis 
PERMANOVA Permutational multivariate analysis of variance 
PNEC Probable no effect concentration 
QICAR Quantitative ion character-activity relationships 
QSAR Quantitative structure activity relationship 
QSSR Quantitative species sensitivity relationships 
RIVM 
National Institute of Public Health and the 
Environment, Bilthoven, the Netherlands 
SD Standard deviation 
SMAV Species mean acute value 
SMCV Species mean chronic value 
SRCECO Ecosystem serious risk concentration 
SSD Species sensitivity distribution 
TMDL Total maximum daily load 
TRG Tissue residue guideline 
TV Trigger value 
USEPA United States Environmental Protection Agency 
ICE Interspecies Correlation Estimates 
WER Water effect ratio 
WQC Water quality criteria 
WQS Water quality standard 
WSSD Weighted species sensitivity distribution 
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Appendix 2 
In Chapter 2, there is reference to a study in which four local fishes from Liao River were used to test 
sensitivities to ammonia. It should be noted that this research was completed prior to enrollment for a PhD at 
Deakin University. Thus, this research paper is listed as an appendix for reference only. The manuscript has 
been accepted by the journal Ecotoxicology and Environmental Safety on 6th September, 2017.. 
 
Toxicity of ammonia, cadmium, and nitrobenzene to four local fishes in the Liao River, 
China and the influence on site-specific Water Quality Criteria 
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1Key Laboratory of Pollution Ecology and Environmental Engineering, Shenyang Institute of Applied Ecology, 
Chinese Academy of Sciences, Shenyang, 110016, China 
2Liaoning Academy of Environmental Sciences, Shenyang, 110016, China 
 
A2.1 Abstract 
Water quality criteria (WQC) are considered to be an effective management tool for protecting aquatic 
environments. To derive site-specific WQC for an area, local data based on local species are essential to 
improve the applicability of WQC derived. Due to the paucity of local fish data available for the development 
of site-specific WQC for the Liao River, China, four local and widespread fishes (Pseudorasbora parva, 
Abbottina liaoningensis, Ctenogobius giurinus, and Misgurnus anguillicaudatus) were chosen to test their 
sensitivities to ammonia, cadmium and nitrobenzene. These compounds are common and regularly-measured 
pollutants in Chinese rivers. In addition to the published data for species resident in the Liao River, site-specific 
WQC for the three chemicals were derived using both a log-logistic species sensitivity distribution (SSD) and 
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the method recommended by the USEPA, in line with current best practice, which were then compared with 
Chinese national WQC. It was found that A. liaoningensis was the most sensitive, followed, in order, by P. 
parva, C. giurinus and M. anguillicaudatus was the least sensitive, and this trend was the same to all three 
chemicals tested. When comparing the SSD derived solely from previously-published data with that including 
our data on local fish, there were significant differences identified among parameters describing the SSD curves 
for ammonia and nitrobenzene and significant differences were detected for site-specific WQC derived for all 
of the three chemicals. Based on the dataset with local fish data taxa, site-specific WQC of Liao River for 
ammonia, cadmium, and nitrobenzene were derived to be 20.53 mg/L (at a pH of 7.0 and temperature of 20 
°C), 3.76 μg/L (at a hardness of 100 mg/L CaCO3), and 0.49 mg/L, respectively. Using the same deriving 
method for each chemical, the national Chinese WQC were higher than site-specific WQC derived in this study 
for ammonia (national WQC of 25.16 mg/L) and nitrobenzene (national WQC of 0.57 mg/L), while the national 
WQC for cadmium was lower (national WQC of 1.81 μg/L). These results indicated that published data can be 
helpful for use when deriving site-specific WQC but that there were differences between site-specific and 
national WQC which may lead to either over- or under-protection depending on the pollutant if national WQC 
were used as the basis for the water management of specific river systems, like the Liao River. 
A2.2 Introduction 
Water quality criteria (WQC) are important in water management and species sensitivity distributions (SSD) 
are a widely-used method in the derivation of WQC (Solomon et al., 1996; Wheeler et al., 2002a), and SSDs 
have been used to support the development of water quality criteria or guideline across different countries, like 
USA, Canada, Australia, and European countries (USEPA, 1985; ANZECC and ARMCANZ, 2000; ECB, 
2003; CCME, 2007). Using SSD, an estimated chemical threshold (usually known as HC5) beyond which 
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damage will occur to a fixed percentage of aquatic species (5% for HC5) can be determined (Van Straalen and 
Van Rijn, 1998). When developing SSD for a country or area, a database on the sensitivity of native and/or 
local species to the particular chemical is essential as it is the foundation for generating SSD and the accuracy 
of HC5 derived is largely dependent upon the quality and quantity of available data (Wheeler et al., 2002b; 
Maltby et al., 2005). Thus, for an area lacking local data, there is more uncertainty in how accurate the WQC 
is relative to the targeted level of protection. Using published data is one way to solve this problem that is an 
alternative to conducting experiments on native and/or local species. This can be appropriate in some instances, 
given that some invertebrates (such as Chironomidae, Daphnia sp.) or even vertebrates (such as common carp, 
Cyprinus carpio), are distributed world-wide or are standard test species that have frequently been used in 
different bioassays. In fact, using data on native or wide-spread introduced species from international database 
(e.g. ECOTOX, https://cfpub.epa.gov/ecotox/) and published research has proven to be of use when deriving 
WQC for China and some river basins (Wu et al., 2012; Yan et al., 2012). However, when the focus is on 
species found in specific rivers, the range of species is smaller than when the focus is on a national WQC and 
species are often less widely distributed, so there are often fewer relevant published data. Thus, identifying a 
sufficient data set for an individual river basin remains a problem in the development of local WQC. 
For the published data that could be used for a specific region, the Liao River, China, more data were available 
for invertebrates than vertebrates, especially for fishes whose distributions vary widely among different 
counties or regions, and fish data were more likely to exist for  introduced species rather than local native 
species (Yan et al., 2011; Shi et al., 2012). Thus, to address the question of data paucity for a river basin, 
supplementing the available data on local vertebrates (especially on fish) was an obvious target. If the necessity 
of incorporating local vertebrate data could be established, along with the most appropriate method for using 
previously-published data, specific WQC could be derived for data-poor areas with an added degree of 
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confidence in its efficacy for water protection. Moreover, national WQC are derived based on all available taxa 
for the country, but the spatial scale of Chinese river systems is highly variable, as is the condition of water 
and biotic characteristics among river basins. Thus, it is also important to explicitly consider whether national 
WQC or site-specific WQC are more appropriate for use in the management of specific river systems. If it is 
demonstrated that a sufficient protection level is provided by the use of national WQC, then those could be 
used in rivers which lack local toxicity data, as a basis for river management before sufficient local data are 
available. 
In the present study, four local species captured from Liao River were used to test sensitivities to ammonia, 
cadmium and nitrobenzene. The species used were Pseudorasbora parva, Abbottina liaoningensis, 
Ctenogobius giurinus and Misgurnus anguillicaudatus. The three chemicals chosen were selected because: (1) 
they represented a range of chemical types, including a regular-measured pollutant, a heavy metal, and an 
organic pollutant, respectively; (2) Chinese national WQCs have been derived for them; and (3) this enabled a 
comparison between national and site-specific WQC for each. The aims of the present study were to: 1) develop 
toxicity data on fishes local to the Liao River; 2) derive site-specific WQC for the Liao River; and3) investigate 
any differences between the SSD derived based solely on previously-published data with the SSD derived with 
the inclusion of the local fish data. This research will contribute to the development of site-specific WQC 
derivation for individual Chinese river basins. 
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A2.3 Experiments and methods 
A2.3.1 Test chemicals 
Analytical grade ammonium chloride (NH4Cl) with 99.5 % purity, analytical grade cadmium chloride 
(CdCl2·2H2O) with 99.9 % purity, and analytical grade nitrobenzene with 99.9 % purity were all purchased 
from Tianjin Kermel Chemical Reagent Company, Ltd. 
A2.3.2 Dilution water 
Tap water, dechlorinated with activated carbon, was used as dilution water for all tests. Measured chemical 
parameters of dilution water were as follows: pH was 7.0 ± 0.5, DO averaged 7.5 ± 0.3 mg/L, total organic 
carbon was 0.02 mg/L, conductivity was 516 mmhos/cm and hardness as CaCO3 was measured at 170 ± 0.5 
mg/L. 
A2.3.3 Test organisms 
Individual test fish from C. giurinus (Chordata, Gobiidae), P. parva (Chordata, Cyprinidae), A. liaoningensis 
(Chordata, Cyprinidae), and M. anguillicaudatus (Chordata, Cobitidae) were purchased from the Shenyang 
Jinqiao Fish Market, all of which were originally sourced from the Liao River. Tap water was aerated for 72 h 
before fish were transferred into the laboratory. C. giurinus, P. parva, and A. liaoningensis were held in the 
same container when they were purchased but were separated into different tanks after settling into the 
laboratory for 2 days. Blood worms (Tubificidae) were fed to the fish daily and 50 % of the water was changed 
every 24 h (from the bottom of the tank). Prior to the toxicity tests, all test fish were acclimated to general test 
conditions (21 ± 1 °C water temperature) for a minimum of 10 days. No food was provided one day before the 
exposure experiments began. 
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A2.3.4 Toxicity tests 
All tests were conducted according to ASTM standard guidelines (ASTM, 1993). Toxicity tests were conducted 
with three replicates, each containing 10 organisms. All experiments tested five concentrations together with a 
control (of 0 mg/L) for an exposure time of 96 h (Table A2.1). All tests were undertaken using a light: dark 
photoperiod of 12:12 h. As pH can affect the toxicity of ammonia and different amounts of NH4Cl were added 
into different treatments, 1 M NaOH was used to adjust the pH to a uniform of 7.5. All chemical concentrations 
were measured at the beginning and end of each experiment. In the ammonia exposure experiment, temperature 
and pH were measured every 24 h and hardness was also measured every day for the Cd exposure experiment. 
 
Table A2.1 Toxicity experiment to four local fishes over a 96-hour exposure 
Species Weight (g) 
Length 
(cm) Chemicals exposed Nominal concentrations (mg/L) 
P. parva 
0.20 ± 0.03 3.0 ± 0.2 Ammonia 0, 9.66, 18.97, 38.86, 79.83, 156.78 
0.22 ± 0.03 3.0 ± 0.1 Cd 0, 0.49, 0.97, 1.94, 3.86, 7.68 
0.22 ± 0.04 3.2 ± 0.1 Nitrobenzene 0, 0.96, 1.95, 3.88, 7.98, 15.89 
C. giurinus 
0.19 ± 0.04 2.6 ± 0.3 Ammonia 0, 9.66, 18.97, 38.86, 79.83, 156.78 
0.21 ± 0.03 2.8 ± 0.4 Cd 0, 0.49, 0.97, 1.94, 3.86, 7.68 
0.20 ± 0.04 2.6 ± 0.4 Nitrobenzene 0, 0.96, 1.95, 3.88, 7.98, 15.89 
A. liaoningensis 
0.20 ± 0.04 2.8 ± 0.1 Ammonia 0, 9.66, 18.97, 38.86, 79.83, 156.78 
0.22 ± 0.04 2.9 ± 0.5 Cd 0, 0.49, 0.97, 1.94, 3.86, 7.68 
0.19 ± 0.06 2.6 ± 0.4 Nitrobenzene 0, 0.49, 0.96, 1.95, 3.88, 7.98 
M. anguillicaudatus 
2.00 ± 0.05 9.5 ± 0.4 Ammonia 0, 48.92, 98.78, 196.85, 379.68, 786.27 
2.10 ± 0.15 9.8 ± 0.3 Cd 0, 1.98, 3.94, 7.97, 15.69, 31.78 
2.06 ± 0.07 9.5 ± 0.2 Nitrobenzene 0, 3.96, 7.88, 15.63, 31.73, 63.39 
 
A2.3.5 The measurement of total ammonia, Cd, and nitrobenzene 
Total ammonia was measured in all tests according to the Nessler's Reagent Spectrophotometry method (HJ 
535-2009). Briefly, adequate volumes of test solutions (normally less than 2 mL) were placed into test 
chambers of 50 mL, and diluted with distilled water to 50 mL. One mL of potassium sodium tartrate solution 
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(500 g/L) and 1.0 mL of Nessler’s Reagent (100 g/L of mercury iodide, 70 g/L of potassium iodide, and 160 
g/L of sodium hydroxide) were added into the test chambers, and then mixed. After 10 min, the mixed solution 
was placed into the 20 cm cuvette to measure the absorbance of the solution using spectrophotometry (UV 
1700, Shimadzu, Japan) at 420 nm. 
Cd in all test solution was measured according to the method of “Water quality — Determination of 32 
elements-Inductively coupled plasma optical emission spectrometry” (HJ 776-2015). 100 mL of test solution 
was digested by 5.0 mL of HNO3 each time till the color did not change and the sample was then diluted with 
distilled water to a volume of 25 mL. Digested solutions were then determined by inductively-coupled plasma 
mass spectrometer (ICP-MASS; Perkin Elmer, NexION 300X, USA). 
The detection of nitrobenzene in the test solution was according to the method of “Water quality — 
Determination of nitrobenzene-compounds by Gas chromatography” (HJ 592-2010). Briefly, 100 mL of test 
solution was extracted by 75 mL of dichloromethane at three times (25 mL each time) and then the 
dichloromethane solution was dissolved by 5 mL of hexane to be measured. GC (Agilent Technologies 6890N) 
with a column of Catalog 19091J-413 (Agilent Technologies) (30m×0.320mm×0.25 mm) was used to measure 
the nitrobenzene in the sample. 
A2.3.6 Published data collation and the building of data sets for developing site-
specific WQC 
Published toxicity data relating to the derivation of WQC for ammonia, cadmium, and nitrobenzene, were 
collated from ECOTOX (https://cfpub.epa.gov/ecotox/), USEPA documents (USEPA, 1978, 2013, 2016), 
CNKI (http://www.cnki.net), and Google Scholar (http://scholar.google.com). The key words used included 
“ammonia/cadmium/nitrobenzene toxicity”, “toxicity of ammonia/cadmium/nitrobenzene to freshwater 
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species”, “ammonia/cadmium/nitrobenzene water quality criteria and/or standards”. To derive site-specific 
WQC for Liao River, Chinese native species naturally found in Liao River and species from the same genus as 
species that can be naturally found in Liao River (i.e. appropriate surrogate species) were considered as the 
target species in the present study. 
All available data on three chemicals, ammonia, cadmium, and nitrobenzene were gathered first, and the 
revised dataset based on the target species mentioned above (Liao River species and reasonable surrogates) 
was then built to calculate site-specific WQC. 
A2.3.7 Data transformation 
As pH and temperature can affect the toxicity of ammonia and hardness can affect the toxicity of Cd, before 
deriving HC5 using SSD, all the toxicity data were transformed to apply to the same baseline conditions. In 
this study, the baseline conditions used for ammonia toxicity data were a temperature of 20 °C and a pH of 7.0. 
For the Cd toxicity data, a baseline was used of a hardness (CaCO3) of 100 mg/L. Data were transformed were 
according to the USEPA guidelines ammonia (USEPA, 2013) and Cd (USEPA, 2016), respectively (as shown 
in the supporting document). For all ammonia toxicity values mentioned below, if temperature and pH were 
not shown, the values were already transformed values to the baseline condition of “pH=7.0 and 
temperature=20 °C”, and for cadmium, if hardness was not shown, the values were already transformed values 
to the baseline condition of a hardness (CaCO3) of 100 mg/L. It should be also noted that all ammonia values 
used in the present study are in the form of total ammonia as N. 
A2.3.8 Data analysis 
Point estimate 96-h LC50 values and the corresponding 95% confidence intervals were calculated 
using Probit methodology in SPSS 20. Logistic non-linear regression analysis in Origin 8.0 was used 
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to generate SSD curves and determine 5 % hazardous concentrations (HC5) as well as 95% 
confidence intervals. 
A2.4 Results and discussion 
A2.4.1 Toxicity experiments 
Four local fishes shared the same order of sensitivity to all three chemicals, with A. liaoningensis being the 
most sensitive to each, then P. parva, C. giurinus, and M. anguillicudatus, which was least sensitive to all three 
chemicals (Tables A2.2). Across the four species, LC50 values varied between 44.02 mg/L and 721.53 mg/L 
for ammonia, 1.02 mg/L and 6.38 mg/L for Cd, and between 2.06 mg/L and 22.40 mg/L for nitrobenzene. 
Based on these, it is clear that Cd was the most toxic of the chemicals to these four species, while ammonia 
was least toxic.  
Table A2.2 Toxicity experimental results of four local fishes exposed to ammonia, Cd, and nitrobenzene 
(For all tests related to ammonia, the pH was 7.5; for all tests related to Cd, the hardness was 170 mg/L 
as CaCO3; for all tests to all three chemicals, the duration was 96 hours.) 
Pollutants Temperature (℃) Species LC50 (95% CI) (mg/L) 1LC50 (mg/L) 
Ammonia 22 A. liaoningensis 24.26 (10.46-37.04) 44.02 
22 P. parva 29.99 (23.95-37.13) 54.41 
22 C. giurinus 33.91 (17.42-51.14) 61.52 
20 M. anguillicaudatus 397.64 (332.07-484.00) 721.53 
Pollutants Species LC50 (95% CI) (mg/L) 2LC50 (mg/L) 
Cadmium A.liaoningensis 1.88 (1.32-2.51) 1.02 
P. parva 2.41 (1.73-3.19) 1.36 
C. giurinus 2.97 (2.18-3.96) 1.68 
M. anguillicaudatus 11.27 (8.79-14.45) 6.38 
Pollutants Species LC50 (95% CI) (mg/L) 
Nitrobenzene A. liaoningensis 2.06 (1.43-2.76) 
P. parva 4.81 (4.46-5.28) 
C. giurinus 6.36 (5.50-7.94) 
M. anguillicaudatus 22.40 (17.55-28.60) 
1The toxicity values were transformed to baseline conditions of 20℃ and a pH of 7. 
2The toxicity values were transformed to baseline conditions of a hardness of 100 mg/L as CaCO3. 
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For ammonia, the 96-h LC50 of three swimming fishes did not vary substantially, but there was more than a 
ten-fold increase in LC50 for the only benthic fish tested (M. anguillicaudatus at 721.53 mg/L). It was found 
by other study that swimming fish had elevated internal ammonia levels when compared with resting fish 
(Randall and Tsui, 2002) which could help to explain why the benthic fish was more tolerant than the other 
three fishes used. Abbottina liaoningensis (Cyprinidae) and P. parva (Cyprinidae) are both local to the Liao 
River and no comparative international data for ammonia were available, but there are published 96-h LC50 
values for two similar species in the same family, Cyprinus carpio (Common carp) and Leuciscus cephalus 
(Chub), which belong to the same family, have average 96-h LC50 values of 106.3 mg/L and 40.86 mg/L, 
respectively (Gomułka et al., 2013; Hasan and MacIntosh, 1986; Rao et al., 1975), demonstrating that the range 
of tolerances to ammonia among Cyprinidae fishes is consistent with those found in this study. Additionally, 
the acute toxicity to ammonia of P. parva and M. anguillicaudatus has been reported in the Chinese literature. 
The 96-h LC50 of P. parva was reported as 57.4 mg/L (for 12.7 °C and a pH of 8.0; Pan et al., 2012) which 
was very similar to the 54.41 mg/L found in this study. However, once that value was transformed to be relevant 
to the standard conditions used in the present study (20 °C and pH of 7.0), the value increased to 247.35 mg/L, 
which was five times that of our recorded value. M. anguillicaudatus showed a lower sensitivity (i.e. higher 
tolerance) in the present study (with a 96-h LC50 value of 721.53 mg/L), than in a previous study, whereas 
value of 164.4 mg/L was recorded at 25 °C and pH of 8.1, which equates to an equivalent transformed value 
of 853.89 mg/L (Hao et al., 2012). 
For cadmium, we were not able to find previous studies that had tested any of the four species tested here. The 
most relevant data in the literature to Chinese organisms were for Chironomus species (Midge), where 
transformed values of 38.70 mg/L and 57.75 mg/L were recorded for two Chironomus spp. (C. riparius, and 
C. flaviplumus) (Midge) (Deng et al., 2015). It could be seen that the sensitivity of fishes to Cd was higher than 
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that of benthic worms. Oryzias latipes (Medaka) and Cyprinus carpio (Suresh et al., 1993; Tilton et al., 2003), 
both of which are naturally found in the Liao River had been tested overseas previously, and their sensitivity 
to Cd was in the range of values we recorded, with reported transformed 96-h LC50 values of 0.019 mg/L and 
4.3 mg/L, respectively. The sensitivity of O. latipes to Cd was higher than any of the fish used in the present 
study which suggests that O. latipes may have some special responses when exposed to Cd while fishes used 
in the present study did not have. 
Compared with the other two chemicals used here, the national toxicity data for nitrobenzene was richer as 
Zhao et al. (2011) and Yan et al. (2012) conducted acute experiments on six Chinese native species. They both 
used Rana chiensinensis (Frog), Cipangopaludina cahayensis (Snail), and Macrobrachium nipponense 
(Shrimp) as test organisms, and found the same order of sensitivity, with M. nipponense being the most 
sensitive), then C. cahayensis, and R. chiensinensisas the least sensitive, with the 96-h LC50 values of 
0.034/0.039 mg/L (Zhao et al. 2011/Yan et al. 2012), 104.2/103.0 mg/L, and 117.0/161.9 mg/L, respectively. 
Additionally, Carassius auratus (Goldfish) (96-h LC50 of 119.1 mg/L) and Pelteobagrus fulvidraco (Catfish) 
(96-h LC50 of 76.22 mg/L) were used in the research by Yan et al. (2012), and these species were far more 
tolerant than the fishes used in this study. However, in the other study (Yen et al., 2002), the sensitivity of C. 
carpio (96-h LC50 of 1.907 mg/L) was similar to that recorded here for A. liaoningensis here. Interestingly, O. 
latipes, which was found to be sensitive to Cd among fishes of Liao River, was also the most sensitive fish to 
nitrobenzene, with a 96-h LC50 of 1.9 mg/L (Yoshioka et al., 1986).  
In general, other studies on these or similar fish reported different sensitivities than the ones found in the present 
study. For ammonia, when the values were transformed to the same baseline condition, the sensitivity 
difference of P. parva could be with a factor of 4.5 between the present study and previous study (Pan et al., 
2012). For Cd, O. latipes (Suresh et al., 1993) was over 50 times more sensitive than the most sensitive fish in 
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the present study, A. liaoningensis. Moreover, although the order of sensitivity of the four local fishes was 
found to be the same in this study for each of the three chemicals tested, the same order was not shared for 
other pollutants. M. anguillicaudatus, which was the least sensitivity to all three chemicals in the present study, 
was the most sensitive species when exposed to other chemicals, such as organochlorine pesticides and 
Triclosan (Yan et al., 2012; Wang et al., 2013; Wu et al., 2015). In contrast, P. parva was always ranked as the 
most sensitive species when exposed to different chemicals. These results demonstrated that the sensitivity of 
species to specific chemicals does not necessarily hold for other chemicals (Yan et al., 2012).  
A2.4.2 Differences of SSDs and WQC derived with and without local fish taxa for 
Liao River 
SSD curves were derived using only previously published data as well as including the toxicity data measured 
during this study (Fig. A2.1). SSD curves calculated with local fish data for ammonia and nitrobenzene were 
shifted to the left of curves calculated without local fish data from this study, but the opposite trend was 
observed for Cd. The shift of SSD curves could be partly explained by the ranking of sensitivity of the local 
fish, where local fish included some of the most sensitive taxa, within all the available data as shown in Table 
3. For ammonia, the four local fishes were second, fifth, eleventh and 26th of 27 taxa in terms of sensitivity 
while, for Cd, the fish ranked 15th, 16th, 17th and 22nd out of 28. The average rank sensitivity was 5.5 (out of 
19) for nitrobenzene, higher than that of ammonia, at 11.0 (of 27), resulting in a larger difference between SSD 
curves for nitrobenzene than ammonia. 
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Fig. A2.1 SSD curves generated for ammonia (a), Cd (b), and nitrobenzene (c) developed using only 
data that had been previously published (‘Published data’; black lines) or a combination of previously-
published data and toxicity values from this study (‘Published data plus local fish data’; grey lines) 
and local fish data point-estimated values (red spots) 
Table A2.3 Species mean acute values (SMAV) ranked in order of sensitivity for ammonia, cadmium 
and nitrobenzene for species found locally in the Liao River 
Ammonia 
 Species Genus Family 
1Liao 
species 
2Surrogate 
species 
3SMAV 4SMAV 
1 Leuciscus cephalus Leuciscus Cyprinidae 
 √ 40.9 40.9 
2 Abbottina liaoningensis Abbottina Cyprinidae √ 
 NA 44.0 
3 Acipenser sinensis Acipenser Acipenseridae √  44.6 44.6 
4 Mylopharyngodon piceus Mylopharyngodon Cyprinidae √ 
 57.2 57.2 
5 Ctenogobius giurinus Ctenogobius Gobiidae √ 
 NA 61.5 
6 Corbicula fluminea Corbicula Cyrenidae √ 
 62.1 62.1 
7 Rana pipiens Rana Ranidae  √ 96.4 96.4 
8 Daphnia pulicaria Daphnia Daphniidae  √ 99.0 99.0 
9 Cyprinus carpio Cyprinus Cyprinidae √  106.3 106.3 
10 Eriocheir sinensis Eriocheir Varunidae √  112.9 112.9 
11 Pseudorasbora parva* Pseudorasbora Cyprinidae √ 
 247.4 116.0 
12 Ceriodaphnia dubia Ceriodaphnia Daphniidae √ 
 134.2 134.2 
13 Simocephalus vetulus Simocephalus Daphniidae √ 
 142.9 142.9 
14 Acipenser brevirostrum Acipenser Acipenseridae 
 √ 156.7 156.7 
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15 Physa gyrina Physa Physidae  √ 164.5 164.5 
16 Daphnia magna Daphnia Daphniidae √  164.8 164.8 
17 Tubifex tubifex Tubifex Tubificidae  √ 216.5 216.5 
18 Cottus bairdii Cottus Cottidae  √ 222.2 222.2 
19 Limnodrilus hoffmeisteri Limnodrilus Tubificidae √ 
 241.5 241.5 
20 Anguilla anguilla Anguilla Anguillidae  √ 286.0 286.0 
21 Macrobrachium nipponense Macrobrachium Palaemonidae √ 
 366.7 366.7 
22 Drunella grandis Drunella Ephemerellidae NA √ 442.4 442.4 
23 Rana chensinensis Rana Ranidae √  461.2 461.2 
24 Cipangopaludina cahayensis Cipangopaludina Viviparidae √ 
 532.1 532.1 
25 Chironomus tentans Chironomus Chironomidae √ 
 546.2 546.2 
26 Misgurnus anguillicaudatus* Misgurnus Cobitidae √ 
 853.9 784.9 
27 Chironomus riparius Chironomus Chironomidae √ 
 1029.0 1029.0 
Cadmium 
 Species Genus Family Liao species 
Surrogate 
species 
5SMAV 6SMAV 
1 Cottus confusus Cottus Cottidae  √ 5.1 5.1 
2 Cottus bairdi Cottus Cottidae  √ 11.4 11.4 
3 Oryzias latipes Oryzias Adrianichthyidae √  19.5 19.5 
4 Daphnia ambigua Daphnia Daphnidae  √ 27.0 27.0 
5 Daphnia magna Daphnia Daphnidae √  45.9 45.9 
6 Acipenser transmontanus Acipenser Acipenseridae 
 √ 61.3 61.3 
7 Ceriodaphnia dubia Ceriodaphnia Daphnidae √ 
 65.7 65.7 
8 Simocephalus serrulatus Simocephalus Daphniidae √ 
 66.4 66.4 
9 Ceriodaphnia reticulata Ceriodaphnia Daphnidae 
 √ 80.7 80.7 
10 Daphnia pulex Daphnia Daphnidae  √ 115.9 115.9 
11 Daphnia similis Daphnia Daphnidae  √ 139.5 139.5 
12 Nais elinguis Nais Naididae  √ 170.6 170.6 
13 Physa gyrina Physa Physidae  √ 356.7 356.7 
14 Baetis tricaudatus Baetis Baetidae √  404.8 404.8 
15 Abbottina liaoningensis Abbottina Cyprinidae √ 
 NA 1021.3 
16 Pseudorasbora parva Pseudorasbora Cyprinidae √ 
 NA 1362.8 
17 Ctenogobius giurinus Ctenogobius Gobiidae √ 
 NA 1684.0 
18 Physa acuta Physa Physidae  √ 2321.8 2321.8 
19 Limnodrilus hoffmeisteri Limnodrilus Tubificidae √ 
 3377.2 3377.2 
20 Tubifex tubifex Tubifex Tubificidae  √ 4172.0 4172.0 
21 Ephemerella subvaria Ephemerella Ephemerellidae 
 √ 4819.1 4819.1 
22 Misgurnus anguillicaudatus Misgurnus Cobitidae √ 
 NA 6384.8 
23 Carassius auratus Carassius Cyprinidae √  9774.7 9774.7 
24 Chironomus plumosus Chironomus Chironomidae 
 √ 16129.2 16129.2 
25 Sweltsa sp. Sweltsa Chloroperlidae √  22800.6 22800.6 
26 Cyprinus carpio Cyprinus Cyprinidae √  29232.7 29232.7 
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27 Chironomus flaviplumus Chironomus Chironomidae √ 
 57745.9 57745.9 
28 Chironomus riparius Chironomus Chironomidae √ 
 248335.9 248335.9 
Nitrobenzene 
 Species Genus Family Liao species 
Surrogate 
species 
7SMAV 8SMAV 
1 Macrobrachium nipponense Macrobrachium Palaemonidae √ 
 0.036 0.036 
2 Cyprinus carpio Cyprinus Cyprinidae √  1.9 1.9 
3 Abbottina liaoningensis Abbottina Cyprinidae √ 
 NA 2.1 
4 Pseudorasbora parva Pseudorasbora Cyprinidae √ 
 NA 4.8 
5 Oryzias latipes Oryzias Abrianichthyidae √  6.0 6.0 
6 Ctenogobius giurinus Ctenogobius Gobiidae √ 
 NA 6.4 
7 Scenedesmus obliquus Scenedesmus Scenedesmaceae √ 
 16.5 16.5 
8 Pseudokirchneriella subcapitata Pseudokirchneriella Chlorellaceae √ 
 22.2 22.2 
9 Misgurnus anguillicaudatus Misgurnus Cobitidae √ 
 NA 22.4 
10 Daphnia magna Daphnia Daphniidae √  29.9 29.9 
11 Daphnia carinala Daphnia Daphniidae  √ 39.8 39.8 
12 Selenastrum capriornutum Selenastrum Chlorellaceae √ 
 40.0 40.0 
13 Leuciscus idus Leuciscus Cyprinidae  √ 73.1 73.1 
14 Pelteobagrus fulvidraco Pelteobagrus Bagridae √ 
 76.2 76.2 
15 Cipangopaludina cahayensis Cipangopaludina Viviparidae √ 
 103.6 103.6 
16 Limnodrilus hoffmeisteri Limnodrilus Tubificidae √ 
 116.1 116.1 
17 Carassius auratus Carassius Cyprinidae √  119.1 119.1 
18 Euglena gracilis Euglena Euglenaceae √  119.8 119.8 
19 Rana chensinensis Rana Ranidae √  137.7 137.7 
1Species that can be naturally found in Liao River according to Supporting document 1; 
2Species that are from the same genus as species that can be naturally found in Liao River; 
3Geometric mean acute values (mg/L) for all species (local fish data were not included) and all transformed to baseline conditions of 
20oC and a pH of 7; 
4Geometric mean acute values (mg/L) for all species and all transformed to baseline conditions of 20oC and a pH of 7; 
5Geometric mean acute values (μg/L) for all species (local fish data were not included) and all transformed to baseline conditions of a 
hardness of 100 mg/L as CaCO3; 
6Geometric mean acute values (μg/L) for all species and all transformed to baseline conditions of a hardness of 100 mg/L as CaCO3; 
7Geometric mean acute values (mg/L) for all species (local fish data were not included); 
8Geometric mean acute values (mg/L) for all species; 
*Other researches were done using the same species as this study; 
Bold: Test organisms in this study; 
All original data was shown in supporting documents. 
 
To identify any differences to the SSD curves after adding local fish data, parameters estimated from logistic 
distribution using different datasets were compared as per in Table A2.4. It was found that for ammonia and 
nitrobenzene, there were statistically-significant changes for parameter A as listed in Table 3 due that the 95% 
confidence intervals did not overlap, while no statistically-significant different was found for both parameters 
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estimated for cadmium. These findings could be also explained by the sensitivity order of four local fishes in 
the whole datasets (as seen in Table A2.3). As for ammonia and nitrobenzene, three of four local fishes tested 
in the present study were normally more sensitive than other species in the datasets while for cadmium, the 
sensitivity of four local fishes were lower compared with other species from the same dataset. Comparisons 
among SSDs using different data sets have been performed in previous studies, with no significant differences 
identified between curves derived using native and non-native taxa across different countries (Newman et al., 
2000; Jin et al., 2011; Feng et al., 2013; Wang et al., 2013; Wu et al., 2015). It should be noted that, in the 
present study, only four local species were added (out of 19 to 28 in total) and this quantity of additional data 
may not have been large enough to result in differences across the whole SSD, while the adding of them could 
result in significant changes on the parameters describing SSD curves which could bring significant changes 
in the WQC derived. 
 
Table A2.4 Parameters estimated from logistic distributions using different datasets of three chemicals 
Chemicals Datasets Parameters* 95% Confidence intervals 
Ammonia Published data only A 2.2726 2.2586 2.2866 
  B 0.2525 0.2368 0.2682 
 Published data plus local fish data A 2.2080 2.1910 2.2251 
  B 0.2661 0.2472 0.2849 
Cadmium Published data only A 2.6901 2.5639 2.8164 
  B 0.9723 0.8438 1.1009 
 Published data plus local fish data A 2.8149 2.7461 2.8837 
  B 0.8806 0.8105 0.9506 
Nitrobenzene Published data only A 1.6276 1.5440 1.7112 
  B 0.3655 0.2691 0.4619 
 Published data plus local fish data A 1.4132 1.3369 1.4896 
  B 0.4829 0.3999 0.5660 
*All parameters estimated were according the logistic distribution with the cumulative distribution function (CDF) of “y=1/(1+exp((A-
x)/B))”. 
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In the present study, the changes in the WQC (HC5/2) derived from the different datasets were studied as well 
(Table A2.5). The site-specific WQC for ammonia decreased from 16.92 to 13.29 mg/L after adding local fish 
data, while the corresponding value for nitrobenzene decreased from 1.78 to 0.49 mg/L. Conversely, the site-
specific WQC for Cd increased with the inclusion of local data (from 0.34 to 0.84μg/L). Based on the 95% 
confidence intervals, it could be concluded that for all three chemicals, after the adding of local fish data, the 
HC5 derived were statistically-significant changed which suggested that the adding of local fish taxa could 
affect the site-specific WQC derivation. These changes in site-specific WQC and HC5 were consistent with the 
shifts in SSD curves for each chemical (Fig. A2.1). Although the WQC derived with and without local fish 
data varied for all three chemicals, the biggest difference occurred for nitrobenzene, with the HC5 values 
changing by a factor of 3.63.  
 
Table A2.5 WQC derived using datasets with and without local fish data created by this study 
Chemicals Units 
Published data only Published data plus local fish data 
1HC5 295% CI 3WQC HC5 95% CI WQC 
4Ammonia mg/L 33.83 32.29-35.43 16.92 26.58 25.19-28.06 13.29 
5Cadmium μg/L 0.67 0.47-0.97 0.34 1.67 1.34-2.09 0.84 
Nitrobenzene mg/L 3.56 2.31-5.43 1.78 0.98 0.68-1.42 0.49 
1Concentration identified as hazardous to 5% of species; 
295% confidence interval for HC5; 
3Acute WQC, which was half of HC5; 
4Value was calculated based on baseline conditions of 20oC and a pH of 7.0 according to the guideline of USEPA (USEPA, 2013); 
5Value was calculated based on baseline conditions of a hardness of 100 mg/L CaCO3 according to supporting document. 
 
A2.4.3 Comparison of site-specific and national WQC 
Finally, we compared site-specific and Chinese national WQC for each of the three chemicals as a part of this 
study (Table 6). We used both the SSD method (logistic distribution) and the method recommended by USEPA 
(based on the 4 most sensitive genus) (USEPA, 1985) to calculate the site-specific WQC. The values derived 
by the two methods showed some differences. For the ammonia and cadmium, values derived using the SSD 
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were lower than those derived using the method recommended by USEPA while, for nitrobenzene, the opposite 
was true, and values derived using the method recommended by USEPA were lower. This could be explained 
given that the method recommended by USEPA method gave higher priority to the most sensitive species, as 
data from only the four most sensitive were used in the calculation, in comparison to the calculation of the SSD 
which used all available data (Daniel et al. 2003). This difference in approach resulted in a large difference for 
nitrobenzene because the most sensitive species (M. nipponense) was 50 times more sensitive than the next 
most sensitive species, resulting in lower values than may have otherwise resulted.  
 
Table A2.6 WQC derived using data sets with and without local fish data created by this study, compared 
with Chinese national WQC (Wu et al., 2011; Yan et al., 2010, 2011, 2012) 
Chemicals Units 1HC5 2WQC 3WQC National WQC 
5Ammonia mg/L 26.58 13.29 20.53 325.16 
6Cadmium μg/L 0.67 0.34 3.76 31.81 
Nitrobenzene mg/L 0.98 0.49 0.03 40.018/0.57 
1Concentration identified as hazardous to 5% of species estimated by SSD (log-logistic distribution); 
2Acute WQC HC5 which was calculated by SSD (log-logistic distribution), 1/2 of HC5; 
3Acute WQC which was calculated based on the method recommended by USEPA (USEPA, 1985); 
4Two different methods were used in the Chinese nitrobenzene WQC derivation (Wu et al., 2011 and Yan et al., 2012) and so both 
values are shown (0.57 was calculated by the SSD (logistic distribution) and 0.018 was calculated by the method recommended by 
USEPA (USEPA, 1985); 
5Value was calculated based on baseline conditions of 20oC and a pH of 7.0 (Yan et al., 2011); 
6Value was calculated based on baseline conditions of a hardness of 100 mg/L CaCO3 (Yan et al., 2010); 
 
The Chinese national WQC derived for ammonia and Cd were derived by research 6 years ago and the only 
the method recommended by USEPA was developed (Yan et al., 2011; Wu et al., 2011a). Using the same 
method, site-specific values for ammonia were lower than the national WQC but higher than the national WQC 
for Cd. For nitrobenzene, both methods had previously been employed about 5 years ago, with the two national 
values (0.018 mg/L and 0.57 mg/L; Wu et al., 2011b; Yan et al., 2012) being comparable to the site-specific 
values that we derived of 0.03 mg/L and 0.49 mg/L, using the method recommended by USEPA and SSD by 
logistic distribution, respectively. The differences between national and site-specific WQC are likely to be a 
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result of differences in biota for China compared with the Liao River. In summary, we conclude that national 
WQC for Cd could provide sufficient protection within the Liao River, while differences in biota could result 
in the national WQC failing to provide sufficient protection if it were employed for water management in the 
Liao River. 
A2.5 Conclusions 
We measured the toxicity of four local fish species from the Liao River to ammonia, Cd, and nitrobenzene. 
The same order of sensitivity was shared across the three chemicals, with A. liaoningensis being the most 
sensitive, then P. parva, C. giurinuand, M. anguillicaudatus being the least sensitive. After the inclusion of 
local fish data, site-specific WQC for Liao River were 13.29 mg/L for ammonia (at a temperature of 20oC and 
a pH of 7.0), 0.34 ug/L for Cd (at a hardness of 100mg/L CaCO3), and 0.49 mg/L for nitrobenzene, calculated 
using the SSD method. The addition of local fish data could result in statistically-significant differences on 
parameters describing SSD curves and site-specific WQC derived. Compared to national WQC for these three 
chemicals, using the method recommended by USEPA, site-specific WQC for ammonia (20.53 mg/L) and 
cadmium (0.34 μg/L) were lower than national WQC (25.16 mg/L and 1.81 μg/L for ammonia and Cd, 
respectively). For nitrobenzene, using SSD, the site-specific value was lower (0.49 mg/L compared to 0.57 
mg/L) while the opposite trend was shown when the WQC was derived employing the method recommended 
by USEPA (0.03 mg/L compared to 0.018 mg/L). Given that the differences were shown by national and site-
specific WQC, where possible, it is preferable to develop site-specific WQC as a basis for local water 
management. 
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Supporting document 
a. Ammonia toxicity data transformation: 
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Where AVt was the acute toxicity values under the given temperature and pH (mg/L), AVt,7 was the 
transformed values under pH of 7 (mg/L), AVt,7,20 was the transformed value under pH of 7 and 
temperature of 20 °C (mg/L), and t was temperature (USEPA, 2013, pp. 138-142). 
b. Cadmium toxicity data transformation: 
Table 1 All toxicity values used in the data transformation 
 
Hardness 
(mg/L 
CaCO3) 
Toxicity 
values 
(μg/L) 
Ln 
(hardness) 
Ln (toxicity 
values) 
References 
Daphina magna 51 9.9 3.93 2.29 Chapman et al., 1980 
 104 33.0 4.64 3.49 Chapman et al., 1980 
 105 34.0 4.65 3.53 Chapman et al., 1980 
 197 63.0 5.28 4.14 Chapman et al., 1980 
 209 49.0 5.34 3.89 Chapman et al., 1980 
Daphina pulex 17 16.86 2.83 2.82 Clifford 2009; Clifford and McGeer 2010 
 24 23.61 3.18 3.16 Clifford 2009; Clifford and McGeer 2010 
 30 46.09 3.40 3.83 Clifford 2009; Clifford and McGeer 2010 
 47 24.73 3.85 3.21 Clifford 2009; Clifford and McGeer 2010 
 67.1 71.94 4.21 4.28 Clifford 2009; Clifford and McGeer 2010 
 119 116.9 4.78 4.76 Clifford 2009; Clifford and McGeer 2010 
 175 155.1 5.16 5.04 Clifford 2009; Clifford and McGeer 2010 
Limnodrilus 
hoffmeisteri 
5.3 170 1.67 5.14 Chapman et al. 1982 
 152 2,400 5.02 7.78 Williams et al. 1985 
Chironomus 
riparius 
10 331,000 2.31 12.71 Gillis and Wood 2008 
 140 1,106,000 4.94 13.92 Gillis and Wood 2008 
Carassius auratus 20.0 2130 2.99 7.66 McCarty et al. 1978 
 140.0 46800 4.94 10.75 McCarty et al. 1978 
Above (Table 1) were all the species resident to Liao River and used in the cadmium toxicity experiments 
under different hardness. Linear regression was developed for all four species. 
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Table 2 Linear regression results based on ln-transformed values 
Species Equation Slope Pooled slope 
Daphina magna y = 1.182x - 2.171 1.182 
1.0712 
Daphina pulex y = 0.930x + 0.228 0.930 
Limnodrilus hoffmeisteri y = 0.795x + 3.697 0.795 
Chironomus riparius y = 0.862x + 2.956 0.862 
Carassius auratus y=1.587x+2.907 1.587 
Linear regressions were developed for all five species and a pooled slope was estimated according to five 
slopes to five species. The pooled slope of 1.0712 (Table 2) was then used to adjust all the toxicity values to 
the same condition, and in this study, hardness of 100 mg/L (CaCO3) was used (USEPA, 2016). The formula 
used was as follows. TV100 = TV × e1.0712×100H  
Where, TV100 means the transformed toxicity value (μg/L) at 100 mg/L (CaCO3); TV means the toxicity value 
(μg/L) needed to be transformed; and H means the hardness under which the TV is achieved. 
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Appendix 3 
All Supporting documents mentioned in Chapter 2. Deriving site-specific water quality criteria for ammonia from national versus international toxicity data. 
 
Supporting document 1 
a. Acute toxicity of ammonia to aquatic species native to China 
Order N RL NRL C NC Species pH Temperature (℃) TAN TAN* SMAV1 SMAV2 SMAV3 SMAV4 SMAV5 References 
1      Siniperca chuatsi 7.45 19.0 17.58 29.64 29.64 NA NA 29.64 29.64 Guo et al. 2009 
2      Leuciscus cephalus 8.60 25.0 1.69 23.06 NA 40.86 40.86 NA 40.86 Gomułka et al. 2013 
      Leuciscus cephalus 8.50 25.0 4.59 51.71      Gomułka et al. 2013 
      Leuciscus cephalus 8.50 25.0 5.08 57.19      Gomułka et al. 2013 
3      Acipenser sinensis 8.00 20.0 10.40 44.64 44.64 NA 44.64 NA 44.64 Du et al. 2007 
4      Abbottina liaoningensis 7.50 23.0 24.88 45.15 45.15 NA 45.15 NA 45.15 Liu et al. 2018 
5      Mylopharyngodon piceus 7.40 26.0 36.40 57.19 57.19 NA NA 57.19 57.19 Li et al. 2013 
6      Corbicula fluminea 7.00 25.0 83.82 126.86 270.64 14.23 62.05 NA 62.05 Liu et al. 2014 
      Corbicula fluminea 7.50 25.0 83.74 229.98      Liu et al. 2014 
      Corbicula fluminea 8.00 25.0 37.85 245.91      Liu et al. 2014 
      Corbicula fluminea 8.50 25.0 21.14 360.49      Liu et al. 2014 
      Corbicula fluminea 9.00 25.0 13.61 561.37      Liu et al. 2014 
      Corbicula fluminea 8.00 25.0 2.25 14.62      Scheller 1997 
      Corbicula fluminea 8.00 25.0 1.00 6.50      Scheller 1997 
      Corbicula fluminea 8.00 25.0 1.78 11.56      Scheller 1997 
      Corbicula fluminea 8.10 29.4 1.78 20.15      Belanger et al. 1991 
      Corbicula fluminea 8.20 30.3 1.78 26.34      Belanger et al. 1991 
7      Ctenogobius giurinus 7.50 22.0 34.58 62.74 62.74 NA 62.74 NA 62.74 Liu et al. 2018 
8      Esox lucius 8.00 19.0 20.31 87.18 87.18 NA NA 87.18 87.18 Wang et al. 2010 
9      Lymnaea stagnalis 7.90 11.5 50.33 88.62 NA 88.62 88.62 NA 88.62 Williams et al. 1986 
10      Cyprinus carpio 7.72 28.0 51.78 133.90 NA 106.26 106.26 NA 106.26 Hasan and MacIntosh 1986 
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Order N RL NRL C NC Species pH Temperature (℃) TAN TAN* SMAV1 SMAV2 SMAV3 SMAV4 SMAV5 References 
      Cyprinus carpio 7.72 28.0 48.97 126.60      Hasan and MacIntosh 1986 
      Cyprinus carpio 7.40 28.0 45.05 70.78      Rao et al. 1975 
11      Eriocheir sinensis 7.81 22 31.60 112.88 112.88 NA 112.88 NA 112.88 Zhao et al. 1997 
12      Pseudorasbora parva 8.00 12.7 57.62 247.35 117.32 NA 117.32 NA 117.32 Pan et al. 2012 
      Pseudorasbora parva 7.50 22.0 30.67 55.65      Liu et al. 2018 
13      Ceriodaphnia dubia 8.02 24.8 21.26 141.10 NA 134.25 NA 134.25 134.25 Andersen and Buckley 1998 
      Ceriodaphnia dubia 7.50 25.0 47.05 129.22      Bailey et al. 2001 
      Ceriodaphnia dubia 7.50 25.0 56.84 156.10      Bailey et al. 2001 
      Ceriodaphnia dubia 8.16 22.0 24.77 170.49      Black 2001 
      Ceriodaphnia dubia 8.40 23.0 28.06 334.44      Black 2001 
      Ceriodaphnia dubia 8.40 23.0 32.63 388.91      Black 2001 
      Ceriodaphnia dubia 8.00 25.0 14.52 94.34      Scheller 1997 
      Ceriodaphnia dubia 8.08 24.8 15.60 115.60      Andersen and Buckley 1998 
      Ceriodaphnia dubia 8.40 26.4 7.41 117.10      Cowgill and Milazzo 1991 
      Ceriodaphnia dubia 7.40 23.0 48.59 97.89      Manning et al. 1996 
      Ceriodaphnia dubia 7.80 25.0 33.98 152.91      Nimmo et al. 1989 
      Ceriodaphnia dubia 8.20 7.0 16.65 35.72      Nimmo et al. 1989 
      Ceriodaphnia dubia 7.85 23.0 28.65 119.47      Sarda 1994 
      Ceriodaphnia dubia 7.85 23.0 28.77 119.97      Sarda 1994 
14      Simocephalus vetulus 8.30 17.0 31.58 188.50 NA 142.92 142.92 NA 142.92 West 1985 
      Simocephalus vetulus 8.10 20.4 21.36 114.70      Arthur et al. 1987 
      Simocephalus vetulus 7.25 24.5 83.51 157.00      Mount 1982 
      Simocephalus vetulus 7.06 24.0 83.51 122.90      Mount 1982 
15      Daphnia magna 7.90 22.0 69.54 292.40 171.06 157.69 159.41 NA 159.41 Zhao 2011 
      Daphnia magna 7.50 22.0 46.72 100.07      This study 
      Daphnia magna 8.50 20.0 26.34 296.90      Gersich and Hopkins 1986 
      Daphnia magna 7.92 21.0 9.46 37.66      Gulyas and Fleit 1990 
      Daphnia magna 8.20 25.0 20.71 197.50      Parkhurst et al. 1979, 1981 
      Daphnia magna 8.34 19.7 51.92 419.10      Reinbold and Pescitelli 1982a 
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Order N RL NRL C NC Species pH Temperature (℃) TAN TAN* SMAV1 SMAV2 SMAV3 SMAV4 SMAV5 References 
      Daphnia magna 8.07 19.6 51.09 242.40      Russo et al. 1985 
      Daphnia magna 7.51 20.1 48.32 89.74      Russo et al. 1985 
      Daphnia magna 7.53 20.1 55.41 106.10      Russo et al. 1985 
      Daphnia magna 7.50 20.3 43.52 80.98      Russo et al. 1985 
      Daphnia magna 7.40 20.6 42.31 69.88      Russo et al. 1985 
      Daphnia magna 8.09 20.9 41.51 227.90      Russo et al. 1985 
      Daphnia magna 7.95 22.0 51.30 236.70      Russo et al. 1985 
      Daphnia magna 8.15 22.0 37.44 252.80      Russo et al. 1985 
      Daphnia magna 8.04 22.8 38.70 226.10      Russo et al. 1985 
16      Cyclops strenuuss 7.50 20.0 89.39 162.21 162.21 NA 162.21 NA 162.21 This study 
17      Chydorus sphaericus 8.00 20.0 37.88 162.60 NA 162.60 162.60 NA 162.60 Dekker et al. 2006 
18      Procambarus clarkii 7.80 20.0 79.40 236.07 236.07 138.03 NA 165.06 165.06 Luo et al. 2006 
      Procambarus clarkii 8.00 20.0 26.08 112.00      Diamond et al. 1993 
      Procambarus clarkii 8.00 12.0 76.92 170.10      Diamond et al. 1993 
19      Pelteobagrus fulvidraco 7.45 23.0 106.69 179.88 179.88 NA 179.88 NA 179.88 Li et al. 2009 
20      Gobiocypris rarus 8.00 25.0 38.76 166.37 183.34 NA NA 183.34 183.34 Lu et al. 2014 
      Gobiocypris rarus 8.00 25.0 47.07 202.05      Yan et al. 2011 
21      Tubifex tubifex 8.20 12.0 66.67 216.50 NA 216.50 216.50 NA 216.50 Stammer 1953 
22      Lumbriculus variegatus 6.50 25.0 100.00 111.90 NA 218.74 NA 218.74 218.74 Schubauer-Berigan et al. 1995 
      Lumbriculus variegatus 6.50 25.0 200.00 223.80      Schubauer-Berigan et al. 1995 
      Lumbriculus variegatus 8.10 25.0 34.00 267.30      Schubauer-Berigan et al. 1995 
      Lumbriculus variegatus 8.10 25.0 43.50 342.00      Schubauer-Berigan et al. 1995 
23      Limnodrilus hoffmeisteri 7.00 25.0 80.58 121.96 263.41 170.20 247.48 NA 247.48 Liu et al. 2014 
      Limnodrilus hoffmeisteri 7.50 25.0 80.56 221.25      Liu et al. 2014 
      Limnodrilus hoffmeisteri 8.00 25.0 42.73 277.62      Liu et al. 2014 
      Limnodrilus hoffmeisteri 8.50 25.0 18.77 320.08      Liu et al. 2014 
      Limnodrilus hoffmeisteri 9.00 25.0 11.78 485.88      Liu et al. 2014 
      Limnodrilus hoffmeisteri 7.50 23.0 123.23 286.74      In this study 
      Limnodrilus hoffmeisteri 7.90 11.5 96.62 170.20      Williams et al. 1986 
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Order N RL NRL C NC Species pH Temperature (℃) TAN TAN* SMAV1 SMAV2 SMAV3 SMAV4 SMAV5 References 
24      Macrobrachium nipponense 7.90 22.0 87.22 366.74 281.02 NA 281.02 NA 281.02 Zhao 2011 
      Macrobrachium nipponense 7.50 20.0 118.67 215.34      This study 
25      Gasterosteus aculeatus 7.10 23.3 198.10 216.50 NA 281.49 NA 281.49 281.49 Hazel et al. 1971 
      Gasterosteus aculeatus 7.15 15.0 577.00 667.40      Hazel et al. 1971 
      Gasterosteus aculeatus 7.25 23.3 203.80 264.00      Hazel et al. 1971 
      Gasterosteus aculeatus 7.50 15.0 143.90 261.10      Hazel et al. 1971 
      Gasterosteus aculeatus 7.50 23.3 78.70 142.80      Hazel et al. 1971 
      Gasterosteus aculeatus 7.50 23.3 115.40 209.50      Hazel et al. 1971 
      Gasterosteus aculeatus 7.50 15.0 259.00 470.00      Hazel et al. 1971 
26      Rana chensinensis 7.90 22.0 129.46 461.18 461.18 NA 461.18 NA 461.18 Zhao 2011 
27      Cipangopaludina cahayensis 7.90 22.0 126.55 532.11 532.11 NA 532.11 NA 532.11 Zhao 2011 
28      Chironomus tentans 6.69 23.0 430.00 443.00 NA 546.21 546.21 NA 546.21 Besser et al. 1998 
      Chironomus tentans 7.56 23.0 564.00 1439.00      Besser et al. 1998 
      Chironomus tentans 6.50 25.0 371.00 415.10      Schubauer-Berigan et al. 1995 
      Chironomus tentans 8.10 25.0 78.10 614.00      Schubauer-Berigan et al. 1995 
      Chironomus tentans 6.50 25.0 368.00 411.70      Schubauer-Berigan et al. 1995 
      Chironomus tentans 8.10 25.0 50.50 397.00      Schubauer-Berigan et al. 1995 
29      Chironomus riparius 7.00 23.0 304.59 390.57 390.57 1029.00 633.95 NA 633.95 This study 
      Chironomus riparius 7.70 21.7 357.70 1029.00      Monda et al. 1995 
30      Misgurnus anguillicaudatus 7.50 20.0 409.08 742.28 796.13 NA 796.13 NA 796.13 Liu et al. 2018 
      Misgurnus anguillicaudatus 8.10 25.0 164.40 853.90      Hao et al. 2012 
N: Native taxa - species are native to China; 
RL: Liao taxa - species are resident to Liao River; 
NRL: Non-Liao taxa - species are not resident to Liao River but are native to China; 
C: Chinese taxa - species are native to China and test organiams were from China; 
NC: Non-Chinese taxa - species are native to China and test organisms were from outside of China; 
TAN: Toxicity values in the form of total ammonia (mg/L); 
TAN*: Toxicity values transformed to apply at a pH of 7.0 and temperature of 20 oC; 
SMAV1: Species goemetric mean acute values (using values ticked in the column labelled “C”), thus referring to Chinese taxa; 
SMAV2: Species goemetric mean acute values (using values ticked in the column labelled “NC”), thus referring to Non-Chinese taxa; 
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SMAV3: Species goemetric mean acute values (using values ticked in the column labelled “RL”), thus referring to Liao taxa; 
SMAV4: Species goemetric mean acute values (using values ticked in the column labelled “NRL”), thus referring to non-Liao taxa; 
SMAV5: Species goemetric mean acute values (using values ticked in the column labelled “N”), thus referring to Native taxa.  
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b. Acute toxicity of ammonia to aquatic species non-native to China 
Order Species Toxicity data (mg/L) References 
1 Venustaconcha ellipsiformis 23.12 Wang et al. 2007b 
2 Lasmigona subviridis 23.41 Black 2001 
3 Lampsilis abrupta (LS) 26.03 Wang et al. 2007a 
4 Epioblasma capsaeformis (LS) 31.14 Wang et al. 2007b 
5 Villosa iris 34.23 Wang et al. 2007b; Scheller 1997 
6 Lampsilis higginsii (LS) 41.9 Newton and Bartsch 2007 
7 Utterbackia imbecillis 46.93 Keller 2000; Wade et al. 1992 
8 Fusconaia masoni 47.4 Black 2001 
9 Lampsilis fasciola 48.11 Mummert et al. 2003; Wang et al. 2007b 
10 Lampsilis cardium 50.51 Newton and Bartsch 2007 
11 Prosopium williamsoni 51.93 Thurston and Meyn 1984 
12 Micropterus treculii 54.52 Tomasso and Carmichael 1986 
13 Lampsilis siliquoidea 55.42 Miao et al. 2010; Wang et al. 2007a 
14 Deltistes luxatus (LS) 56.62 Saiki et al. 1999 
15 Pseudacris crucifer 61.18 Diamond et al. 1993 
16 Fluminicola sp. 62.15 Besser 2010 
17 Notemigonus crysoleucas 63.02 Swigert and Spacie 1983 
18 Actinonaias ligamentina 63.89 Wang et al. 2007b 
19 Pleurocera uncialis 68.54 Goudreau et al. 1993 
20 Chasmistes brevirostris 69.36 Saiki et al. 1999 
21 Lampsilis rafinesqueana (LS) 69.97 Wang et al. 2007b 
22 Morone saxatilis x chrysops 70.22 Harcke and Daniels 1999; Oppenborn and Goudie 1993 
23 Pyganodon grandis 70.73 Scheller 1997 
24 Etheostoma nigrum 71.45 Nimmo et al. 1989 
25 Hybognathus amarus 72.55 Buhl 2002 
26 Poecilia reticulata 74.66 Kumar and Krishnamoorthi 1983; Rubin and Elmaraghy 1976 
27 Etheostoma spectabile 77.17 Hazel et al. 1979 
28 Lepomis gibbosus 77.53 Jude 1973; Thurston 1981 
29 Oncorhynchus clarkii 78.92 Thurston et al. 1981a; Thurston et al. 1978 
30 Actinonaias pectorosa 79.46 Keller 2000 
31 Cyprinella whipplei 80.94 Swigert and Spacie 1983 
32 Oncorhynchus tshawytscha (LS) 82.39 Servizi and Gordon 1990; Thurston and Meyn 1984 
33 Oncorhynchus mykiss (LS) 82.88 West 1985; Arthur et al. 1987; Broderius and Smith Jr. 1979 
34 Pseudacris regilla 83.71 Schuytema and Nebeker 1999a, b 
35 Cyprinella spiloptera 83.8 Rosage et al. 1979; Swigert and Spacie 1983 
36 Micropterus salmoides 86.02 Roseboom and Richey 1977 
37 Oncorhynchus kisutch (LS) 87.05 Buckley 1978; Wilson 1974; Robinson-Wilson and Seim 1975 
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Order Species Toxicity data (mg/L) References 
38 Musculium transversum 89.36 West 1985; Arthur et al. 1987 
39 Rana pipiens 96.38 Diamond et al. 1993 
40 Notropis topeka (LS) 96.72 Adelman et al. 2009 
41 Daphnia pulicaria 99.03 DeGraeve et al. 1980 
42 Salmo trutta 102 Thurston and Meyn 1984 
43 Lepomis macrochirus 104.5 Diamond et al. 1993; Emery and Welch 1969 
44 Alasmidonta heterodon (LS) 109 Wang et al. 2007b 
45 Potamilus ohiensis 109 Wang et al. 2007b 
46 Oncorhynchus aguabonita 112.1 Thurston and Russo 1981 
47 Campostoma anomalum 115.9 Swigert and Spacie 1983 
48 Sander vitreus 117.1 West 1985; Arthur et al. 1987; Mayes et al. 1986 
49 Dendrocoelum lacteum 119.5 Stammer 1953 
50 Crangonyx sp. 122.2 Diamond et al. 1993 
51 Xenopus laevis 122.5 Schuytema and Nebeker 1999a, b 
52 Morone americana 132.7 Stevenson 1977 
53 Catostomus platyrhynchus 136.2 Thurston and Meyn 1984 
54 Ictalurus punctatus 142.4 West 1985; Arthur et al. 1987; DeGraeve et al. 1987 
55 Morone chrysops 144 Ashe et al. 1996 
56 Micropterus dolomieu 150.6 Broderius et al. 1985 
57 Lepomis cyanellus 150.8 Jude 1973; McCormick et al. 1984 
58 Ceriodaphnia acanthine 154.3 Mount 1982 
59 Salvelinus fontinalis 156.3 Thurston and Meyn 1984 
60 Acipenser brevirostrum (LS) 156.7 Fontenot et al. 1998 
61 Catostomus commersonii 157.5 West 1985; Arthur et al. 1987; Nimmo et al. 1989 
62 Pimephales promelas 159.2 West 1985; Arthur et al. 1987; DeGraeve et al. 1980 
63 Salvelinus namaycush 159.3 Soderberg and Meade 1992 
64 Chydorus sphaericus 162.6 Dekker et al. 2006 
65 Enallagma sp. 164 Williams et al. 1986 
66 Physa gyrina 164.5 West 1985; Arthur et al. 1987 
67 Callibaetis sp. 166.7 Thurston et al. 1984b 
68 Oncorhynchus gorbuscha 180.7 Rice and Bailey 1980 
69 Salmo salar (LS) 183.3 Knoph 1992; Soderberg and Meade 1992 
70 Oreochromis mossambicus 185.2 Rani et al. 1998 
71 Skwala americana 192.4 Thurston et al. 1984b 
72 Hyalella azteca 192.6 Ankley et al. 1995 
73 Cyprinella lutrensis 196.1 Hazel et al. 1979 
74 Planorbella trivolvis 211.6 Arthur et al. 1987 
75 Gambusia affinis 219.3 Wallen et al. 1957 
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Order Species Toxicity data (mg/L) References 
76 Cottus bairdii 222.2 Thurston and Russo 1981 
77 Pachydiplax longipennis 233 Diamond et al. 1993 
78 Morone saxatilis 246.2 Hazel et al. 1971; Oppenborn and Goudie 1993 
79 Oreochromis niloticus 264.45 Abdalla and McNabb 1999 
80 Crangonyx pseudogracilis 270.5 West 1985; Arthur et al. 1987 
81 Anguilla anguilla 286.00 Sadler 1981 
82 Orconectes nais 303.8 Evans 1979 
83 Callibaetis skokianus 364.6 West 1985; Arthur et al. 1987 
84 Asellus aquaticus 378.2 Dehedin et al. 2013 
85 Caecidotea racovitzai 387 West 1985; Arthur et al. 1987; Thurston et al. 1983 
86 Drunella grandis 442.4 Thurston et al. 1984b 
87 Stenelmis sexlineata 735.9 Hazel et al. 1979 
88 Philarctus quaeris 994.5 West 1985; Arthur et al. 1987 
89 Orconectes immunis 1550 West 1985; Arthur et al. 1987 
90 Erythromma najas 2515 Beketov 2002 
Toxicity data: the toxicity values in the form of total ammonia (mg/L) under standard conditions of a pH 
of 7.0 and temperature of 20 oC (most of these data are also referenced in the USEPA, 2009, 2013, 
toxicity guidelines). 
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c. Acute toxicity of ammonia to aquatic species resident to Liao River 
Order RL L NLC NLNC Species pH Temperature (℃) TAN TAN* SMAV1 SMAV2 SMAV3 SMAV4 References 
1     M. anguillicaudatus 8.1 25.0 164.40 853.90 742.3 853.89 NA 796.13 Hao et al. 2012 
     M. anguillicaudatus 7.5 20.0 409.08 742.30     Liu et al. 2016 
2     P. parva 8.0 12.7 57.624 247.35 55.6 247.35 NA 117.32 Pan et al. 2012 
     P. parva 7.5 22.0 30.667 55.60     Liu et al. 2016 
3     A. sinensis 8.0 20.0 10.40 44.64 NA 44.64 NA 44.64 Du et al. 2007 
4     P. fulvidraco 7.5 23.0 106.69 179.88 NA 179.88 NA 179.88 Li et al. 2009 
5     C. fluminea 7.0 25.0 83.82 126.86 NA 270.64 14.23 62.05 Liu et al. 2014 
     C. fluminea 7.5 25.0 83.74 229.98     Liu et al. 2014 
     C. fluminea 8.0 25.0 37.85 245.91     Liu et al. 2014 
     C. fluminea 8.5 25.0 21.14 360.49     Liu et al. 2014 
     C. fluminea 9.0 25.0 13.61 561.37     Liu et al. 2014 
     C. fluminea 8.0 25.0 2.25 14.62     Scheller 1997 
     C. fluminea 8.0 25.0 1.00 6.50     Scheller 1997 
     C. fluminea 8.0 25.0 1.78 11.56     Scheller 1997 
     C. fluminea 8.1 29.4 1.78 20.15     Belanger et al. 1991 
     C. fluminea 8.2 30.3 1.78 26.34     Belanger et al. 1991 
6     L. hoffmeisteri 7.0 25.0 80.58 121.96 286.70 258.98 170.20 247.48 Liu et al. 2014 
     L. hoffmeisteri 7.5 25.0 80.56 221.25     Liu et al. 2014 
     L. hoffmeisteri 8.0 25.0 42.73 277.62     Liu et al. 2014 
     L. hoffmeisteri 8.5 25.0 18.77 320.08     Liu et al. 2014 
     L. hoffmeisteri 9.0 25.0 11.78 485.88     Liu et al. 2014 
     L. hoffmeisteri 7.5 23.0 123.23 286.70     In this study 
     L. hoffmeisteri 7.9 11.5 96.62 170.20     Williams et al. 1986 
7     M. nipponense 7.9 22.0 87.22 366.74 215.3 366.74 NA 281.02 Zhao 2011 
     M. nipponense 7.5 20.0 118.67 215.30     In this study 
8     C. cahayensis 7.9 22.0 126.55 532.11 NA 532.11 NA 532.11 Zhao 2011 
9     R. chensinensis 7.9 22.0 129.46 461.18 NA 461.18 NA 461.18 Zhao 2011 
10     D. magna 7.9 22.0 69.54 292.40 100.10 292.40 157.69 159.41 Zhao 2011 
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Order RL L NLC NLNC Species pH Temperature (℃) TAN TAN* SMAV1 SMAV2 SMAV3 SMAV4 References 
     D. magna 7.5 22.0 46.72 100.10     In this study 
     D. magna 8.5 20.0 26.34 296.90     Gersich and Hopkins 1986 
     D. magna 7.9 21.0 9.46 37.66     Gulyas and Fleit 1990 
     D. magna 8.2 25.0 20.71 197.50     Parkhurst et al. 1979, 1981 
     D. magna 8.3 19.7 51.92 419.10     Reinbold and Pescitelli 1982a 
     D. magna 8.1 19.6 51.09 242.40     Russo et al. 1985 
     D. magna 7.5 20.1 48.32 89.74     Russo et al. 1985 
     D. magna 7.5 20.1 55.41 106.10     Russo et al. 1985 
     D. magna 7.5 20.3 43.52 80.98     Russo et al. 1985 
     D. magna 7.4 20.6 42.31 69.88     Russo et al. 1985 
     D. magna 8.1 20.9 41.51 227.90     Russo et al. 1985 
     D. magna 8.0 22.0 51.30 236.70     Russo et al. 1985 
     D. magna 8.2 22.0 37.44 252.80     Russo et al. 1985 
     D. magna 8.0 22.8 38.70 226.10     Russo et al. 1985 
11     C. riparius 7.0 23.0 304.59 390.60 390.60 NA 1029.00 633.95 In this study 
     C. riparius 7.7 21.7 357.70 1029.00     Monda et al. 1995 
12     E. sinensis 7.8 22.0 31.6 112.88 NA 112.88 NA 112.88 Zhao et al. 1997 
13     C. giurinus 7.5 22.0 34.58 62.70 62.70 NA NA 62.70 Liu et al. 2016 
14     A. liaoningensis 7.5 23.0 24.88 45.10 45.10 NA NA 45.10 Liu et al. 2016 
15     C. strenuuss 7.5 20.0 89.39 162.20 162.20 NA NA 162.20 In this study 
16     L. cephalus 8.6 25.0 1.69 23.06 NA NA 40.86 40.86 Gomułka et al. 2013 
     L. cephalus 8.5 25.0 4.59 51.71     Gomułka et al. 2013 
     L. cephalus 8.5 25.0 5.08 57.19     Gomułka et al. 2013 
17     C. carpio 7.7 28.0 51.78 133.90 NA NA 106.26 106.26 Hasan and MacIntosh 1986 
     C. carpio 7.7 28.0 48.97 126.60     Hasan and MacIntosh 1986 
     C. carpio 7.4 28.0 45.05 70.78     Rao et al. 1975 
18     L. stagnalis 7.9 11.5 50.33 88.62 NA NA 88.62 88.62 Williams et al. 1986 
19     S. vetulus 8.3 17.0 31.58 188.50 NA NA 142.92 142.92 West 1985 
     S. vetulus 8.1 20.4 21.36 114.70     Arthur et al. 1987 
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Order RL L NLC NLNC Species pH Temperature (℃) TAN TAN* SMAV1 SMAV2 SMAV3 SMAV4 References 
     S. vetulus 7.3 24.5 83.51 157.00     Mount 1982 
     S. vetulus 7.1 24.0 83.51 122.90     Mount 1982 
20     C. sphaericus 8.0 20.0 37.88 162.60 NA NA 162.60 162.60 Dekker et al. 2006 
21     T. tubifex 8.2 12.0 66.67 216.50 NA NA 216.50 216.50 Stammer 1953 
22     C. tentans 6.7 23.0 430.00 443.00 NA NA 546.21 546.21 Besser et al. 1998 
     C. tentans 7.6 23.0 564.00 1439.00     Besser et al. 1998 
     C. tentans 6.5 25.0 371.00 415.10     Schubauer-Berigan et al. 1995 
     C. tentans 8.1 25.0 78.10 614.00     Schubauer-Berigan et al. 1995 
     C. tentans 6.5 25.0 368.00 411.70     Schubauer-Berigan et al. 1995 
     C. tentans 8.1 25.0 50.50 397.00     Schubauer-Berigan et al. 1995 
N: Native taxa - species are native to China; 
RL: Liao taxa - species are resident to Liao River; 
NRL: Non-Liao taxa - species are not resident to Liao River but are native to China; 
C: Chinese taxa - species are native to China and test organiams were from China; 
NC: Non-Chinese taxa - species are native to China and test organisms were from outside of China; 
TAN: Toxicity values in the form of total ammonia (mg/L); 
TAN*: Toxicity values transformed to apply at a pH of 7.0 and temperature of 20 oC; 
SMAV1: Species goemetric mean acute values (using values ticked in the column labelled “C”), thus referring to Chinese taxa; 
SMAV2: Species goemetric mean acute values (using values ticked in the column labelled “NC”), thus referring to Non-Chinese taxa; 
SMAV3: Species goemetric mean acute values (using values ticked in the column labelled “RL”), thus referring to Liao taxa; 
SMAV4: Species goemetric mean acute values (using values ticked in the column labelled “NRL”), thus referring to non-Liao taxa; 
SMAV5: Species goemetric mean acute values (using values ticked in the column labelled “N”), thus referring to Native taxa. 
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Supporting document 2 Acute toxicity exposure test data  
a. The original data records in acute toxicity experiments 
Species  Survival number Species  Number of survivals 
Daphnia magna Ammonia (total ammonia) Concentrations (mg/L) 0 24h 48h Macrobrachium nipponense Ammonia (total ammonia) Concentrations (mg/L) 0 24h 48h 72h 96h 
 0 10 10 10  0 10 10 9 9 9 
 0 10 10 10  0 10 10 10 10 10 
 0 10 10 10  0 10 10 10 10 8 
 10 10 10 10  25 10 9 9 9 9 
 10 10 10 9  25 10 10 10 9 9 
 10 10 10 10  25 10 9 9 8 8 
 20 10 9 9  50 10 8 7 7 6 
 20 10 9 8  50 10 9 8 8 7 
 20 10 9 8  50 10 10 8 6 6 
 40 10 10 3  100 10 8 7 6 6 
 40 10 9 6  100 10 7 5 5 5 
 40 10 9 4  100 10 8 8 7 7 
 80 10 4 2  200 10 6 4 2 2 
 80 10 5 2  200 10 5 4 4 3 
 80 10 4 1  200 10 5 3 2 2 
 160 10 0 0  400 10 2 0 0 0 
 160 10 1 0  400 10 4 1 0 0 
 160 10 0 0  400 10 3 0 0 0 
Chironomus riparius 0 10 10 10 Limnodrilus hoffmeisteri 0 10 10 10 10 10 
 0 10 10 8  0 10 10 10 10 10 
 0 10 10 10  0 10 10 10 10 10 
 50 10 10 10  20 10 10 10 10 10 
 50 10 10 8  20 10 10 10 9 9 
 50 10 10 10  20 10 10 10 10 10 
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Species  Survival number Species  Number of survivals 
Chironomus riparius 100 10 10 8 Limnodrilus hoffmeisteri 40 10 10 10 10 8 
 100 10 10 10  40 10 10 9 9 7 
 100 10 10 10  40 10 10 9 9 8 
 200 10 9 5  80 10 10 10 8 7 
 200 10 10 8  80 10 9 8 7 7 
 200 10 8 6  80 10 10 10 9 6 
 400 10 8 3  160 10 8 7 5 2 
 400 10 4 3  160 10 7 7 4 2 
 400 10 5 4  160 10 8 5 3 1 
 800 10 0 0  320 10 8 5 3 1 
 800 10 0 0  320 10 7 6 2 1 
 800 10 0 0  320 10 7 7 2 0 
Cyclopsstrenuuss 0 10 10 10        
 0 10 10 10        
 0 10 10 10        
 20 10 10 10        
 20 10 10 10        
 20 10 9 9        
 40 10 8 7        
 40 10 10 8        
 40 10 9 7        
 80 10 8 6        
 80 10 8 6        
 80 10 9 7        
 160 10 0 0        
 160 10 2 1        
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Species  Survival number Species  Number of survivals 
 160 10 1 1        
Cyclopsstrenuuss 320 10 0 0        
 320 10 0 0        
 320 10 0 0        
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Supporting document 3—Chironomus riparius ammonia toxicity test data 
a. The original data records for chronic ammonia toxicity exposure using Chironomus rirarius 
   Days since the start of chronic tests     
   7 8 9 10 11 12 13 14 15 16     
 Exposure concentrations 
(total ammonia) (mg/L) 
Total organisms 
at the beginning Number of emergent organisms at the corresponding day 
Total 
emergence 
at 16 d 
Survival 
rate 
Emergence 
ratio 
Development 
rate (d-1) 
Replicate 1 CK 10 1 0 2 1 2 1 0 1 0 0 8 80% 80% 0.1057  
Replicate 2 CK 10 0 0 2 3 2 1 1 0 1 0 10 100% 100% 0.0977  
Replicate 3 CK 10 0 0 3 4 1 0 0 0 0 0 8 80% 80% 0.1087  
Replicate 1 25 10 1 0 1 3 1 1 0 0 0 0 7 70% 70% 0.1099  
Replicate 2 25 10 0 0 1 3 2 1 0 1 0 0 8 80% 80% 0.0981  
Replicate 3 25 10 0 0 1 1 1 3 2 0 0 0 8 80% 80% 0.0924  
Replicate 1 50 10 0 1 0 1 1 1 1 0 0 0 5 50% 50% 0.1002  
Replicate 2 50 10 1 0 0 1 1 2 0 1 0 0 6 60% 60% 0.1004  
Replicate 3 50 10 1 0 1 1 1 0 1 1 0 0 6 60% 60% 0.1043  
Replicate 1 100 10 0 1 0 1 3 0 0 1 0 0 6 60% 60% 0.0997  
Replicate 2 100 10 0 0 1 1 1 1 1 0 0 0 5 50% 50% 0.0970  
Replicate 3 100 10 0 1 0 2 1 1 1 1 0 0 7 70% 70% 0.0972  
Replicate 1 200 10 0 0 0 0 1 3 1 0 0 1 6 60% 60% 0.0834  
Replicate 2 200 10 0 0 0 1 2 2 1 0 1 0 7 70% 70% 0.0884  
Replicate 3 200 10 0 1 0 1 1 0 2 1 0 0 6 60% 60% 0.0947  
Replicate 1 400 10 0 0 0 0 0 1 2 1 0 1 5 50% 50% 0.0771  
Replicate 2 400 10 0 0 0 0 0 1 1 0 1 0 3 30% 30% 0.0786  
Replicate 3 400 10 0 0 0 0 0 0 1 0 1 0 2 20% 20% 0.0745  
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Supporting document 3—Daphnia magna ammonia toxicity test data 
b. The original data records for chronic ammonia toxicity exposure using using Daphnia magna 
Exposure concentrations (total ammonia) (mg/L) First time to brood (days) Number of exuviations Number of broods Survival rate (%) 
0 8 51 12 90 
0 8 46 15 100 
0 8 47 12 90 
1.25 7 39 11 90 
1.25 7 42 14 90 
1.25 8 47 13 100 
2.5 7 43 10 100 
2.5 7 45 12 90 
2.5 6 42 10 90 
5 7 46 9 90 
5 7 39 12 80 
5 8 43 10 80 
10 8 46 8 70 
10 8 44 11 70 
10 7 38 11 60 
20 10 24 2 30 
20 10 28 4 20 
20 9 20 4 30 
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Appendix 4 
All organisms identified from field sampling (Chapter 4. Field validation of site-specific water quality criteria (WQC) of ammonia in Liao River Basin, China 
using macroinvertebrates) 
a. Summary of invertebrates identified from kick samples 
Sites Caenidae Calopterygidae Carabidae Chironomidae Chrysomelidae Coenagriidae Corbiculidae Cordulegasteridae Corixidae Daphniidae 
S1 1 2  82  7 9    
S2    51     4  
S3 25   123  12   4000 6 
S4    49     655  
S5    1     3  
S6  11 93 16   8  1421  
S7    20     258  
S8 11 24  122    2 903 3 
S9    0       
S10 2   365     2  
S11 8 6  281   231  16  
S12 1 3  78 2    3401  
S13    3       
S14 196 2  571      1 
S15    3       
Sites Dytiscidae Ephemerellidae Herpobdellidae Glossiphonidae Goeridae Gomphidae Heptageniidae Hydopsychidae Ephemerellidae Herpobdellidae 
S1   5   4  2  5 
S2           
S3    32 1 1 9    
S4    1  1 3 8   
S5           
Sites Dytiscidae Ephemerellidae Herpobdellidae Glossiphonidae Goeridae Gomphidae Heptageniidae Hydopsychidae Ephemerellidae Herpobdellidae 
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S6 2   1  3 1    
S7  1    4   1  
S8 1      5    
S9           
S10       1 2   
S11   4 5   6   4 
S12    2       
S13      1     
S14        11   
S15           
Sites Glossiphonidae Goeridae Limnephilidae Lymnaeidae Melaniidae Muscidae Nereidae Odontoceriae Palaemonidae Perlodidae 
S1    25     11  
S2         2  
S3 32 1   2    4  
S4 1     3 4  14  
S5           
S6 1   26 6  20    
S7    5       
S8    4     26 3 
S9    5  10     
S10    3       
S11 5  105 2     12  
S12 2  15 1      1 
S13           
S14   66     104 2  
S15           
Sites Planorbidae Psychodidae Pyralidae Rhyacophilidae Simullidae Tipulidae Tubificidae Viviparidae  
S1 8  1    43 8   
S2       43 1   
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Sites Planorbidae Psychodidae Pyralidae Rhyacophilidae Simullidae Tipulidae Tubificidae Viviparidae  
S3 1      10    
S4     93 1 43    
S5           
S6 2  3    118 29   
S7       31 3   
S8    4  11 4 2   
S9 7    2      
S10  35     1    
S11       123 21   
S12      7 209    
S13       36    
S14       17    
S15           
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b. Summary of invertebrates identified from core samples 
Sites Caenidae Calopterygidae Chironomidae Chrysomelidae Corbiculidae Cordulegasteridae Corixidae Dytiscidae Glossiphonidae Gomphidae 
S1   3 1   1    
S2   0        
S3   61    2    
S4   10    1    
S5   1        
S6   11        
S7   20   3 1 3   
S8 2  18    5 1   
S9   2        
S10   2        
S11  2 1  25    1  
S12   7    13    
S13   12       1 
S14   24        
S15   8    2    
Sites Heptageniidae Hydopsychidae Hydrophilidae Lymnaeidae Nereidae Planorbidae Tipulidae Tubificidae Viviparidae 
S1 2   2    14   
S2  1     1 113 3  
S3 3       19 7  
S4  1      245   
S5           
S6     19   127   
S7    6  40  51 19  
S8     30   206   
S9      3  1   
S10        7   
S11   1 5 1   20 2  
S12  1      229   
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Sites Heptageniidae Hydopsychidae Hydrophilidae Lymnaeidae Nereidae Planorbidae Tipulidae Tubificidae Viviparidae 
S13        32   
S14 1          
S15           
 
 
 
c. Summary of invertebrates identified from dip net riffle samples 
Site Baetidae Caenidae Ceratopogonidae Chironomidae Corbiculidae Corixidae Glossiphonidae Heptageniidae 
10 0 155 95 526 7 10  263 
11 2   403  1 1 40 
Site Hydopsychidae Hydrophilidae Limnephilidae Odontoceriae Simullidae Tubificidae Viviparidae 
10  1 3  57 265   
11 322   65 20 13 3  
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d. Physical and chemical parameters measured across all 15 sample sites 
Sites % Sat. DO (mg/L) 
Temperature 
(°C) pH 
Conductivity 
(@25 °C) 
(µS/cm) 
Turbidity 
(NTU) 
Ammonia 
(mg/kg) 
Ammoin
a (mg/L) 
Cr 
(mg/kg) 
Ni 
(mg/kg) 
Cu 
(mg/kg) 
Zn 
(mg/kg) 
As 
(mg/kg) 
Cd 
(mg/kg) 
Pb 
(mg/kg) 
S1 42.3 21.3 7.60 742.0 0.85 13.00 0.06 137.37 47.78 2.25 349.90 11.32 2.13 18.07 
S1 49.3 21.4 7.47 741.0 0.64 25.20 0.05 193.04 46.66 2.20 147.79 26.80 0.47 11.35 
S2 108.7 15.4 8.07 601.4 61.20 16.28 0.54 56.95 19.24 3.02 118.01 37.34 1.06 18.69 
S2 103.8 15.3 8.28 602.6 64.60 13.34 0.62 40.33 17.98 2.13 127.18 7.41 0.44 14.25 
S3 138.0 17.0 8.75 450.3 13.60 13.22 0.44 119.30 60.42 5.22 373.45 137.02 4.27 30.51 
S3 143.2 17.1 8.90 448.4 15.50 15.64 0.49 176.62 65.59 8.24 300.21 91.12 1.90 22.57 
S4 83.7 12.2 7.84 104.1 94.30 11.38 7.58 35.81 15.19 2.41 237.69 46.20 1.12 18.42 
S4 81.6 12.2 7.90 104.0 95.80 16.27 8.13 55.85 23.14 2.80 239.74 13.32 1.16 16.87 
S5 78.5 16.9 6.75 938.0 16.80 2.90 4.53 125.38 40.68 4.01 306.83 102.52 2.12 26.87 
S5 76.7 16.8 7.11 939.0 16.00 2.77 4.87 180.18 59.46 3.18 286.39 112.14 1.97 22.34 
S6 58.3 17.1 7.59 514.5 30.80 49.42 1.96 101.24 43.13 4.57 1197.18 29.42 8.52 76.63 
S6 57.7 17.0 7.66 514.5 32.90 63.92 2.20 71.65 55.87 6.25 1112.11 22.35 9.50 73.93 
S7 101.2 9.5 7.16 688.0 10.30 11.45 0.15 37.58 11.95 2.41 120.53 35.55 0.71 18.02 
S7 101.8 9.4 7.70 689.3 10.80 9.51 0.20 34.47 15.47 3.41 116.06 9.30 0.84 17.43 
S8 89.0 7.1 8.04 833.0 8.12 5.89 0.33 36.42 15.16 2.32 366.80 18.28 3.20 32.74 
S8 87.4 7.0 8.12 833.0 9.64 3.00 0.38 42.03 10.98 2.35 558.07 21.56 2.99 19.15 
S9 112.8 15.0 8.44 632.0 18.80 2.77 0.20 7.33 6.10 1.59 202.93 92.87 1.62 19.44 
S9 111.2 15.1 8.48 631.0 17.60 3.71 0.26 18.59 4.81 2.08 174.35 59.04 1.09 19.40 
S10 107.0 13.3 8.28 676.0 17.40 7.30 0.32 45.77 15.17 3.51 289.80 12.16 2.95 22.18 
S10 103.9 13.3 8.32 676.0 17.00 10.13 0.28 66.20 22.51 4.79 382.64 26.23 0.83 18.26 
S11 89.5 8.0 7.27 588.9 12.00 13.19 2.27 81.92 26.25 3.18 229.77 14.86 1.75 22.23 
S11 86.4 8.9 7.29 587.9 13.00 12.30 2.45 81.92 26.25 3.18 229.77 14.86 1.75 22.23 
S12 95.3 12.3 7.90 948.0 59.70 36.17 3.23 50.09 29.29 4.08 99.03 17.55 6.70 37.88 
S12 96.0 12.3 7.98 946.0 70.30 52.31 3.40 39.27 18.05 2.43 133.46 13.41 0.35 15.21 
S13 120.4 14.3 8.53 756.0 40.10 8.44 0.80 27.84 9.36 3.17 388.39 7.70 0.30 14.29 
S13 119.2 14.3 8.58 755.0 41.50 4.49 0.92 29.02 9.18 2.48 482.75 20.64 0.66 16.86 
S14 96.0 16.3 7.98 572.0 10.40 4.81 0.30 27.54 8.16 2.35 210.26 6.44 1.97 19.18 
 249 
Sites % Sat. DO (mg/L) 
Temperature 
(°C) pH 
Conductivity 
(@25 °C) 
(µS/cm) 
Turbidity 
(NTU) 
Ammonia 
(mg/kg) 
Ammoin
a (mg/L) 
Cr 
(mg/kg) 
Ni 
(mg/kg) 
Cu 
(mg/kg) 
Zn 
(mg/kg) 
As 
(mg/kg) 
Cd 
(mg/kg) 
Pb 
(mg/kg) 
S14 102.0 14.9 8.20 575.0 14.40 2.19 0.33 58.33 7.62 2.43 454.00 9.59 0.66 16.44 
S15 112.7 16.2 8.38 598.2 18.40 5.80 0.78 22.73 11.10 1.53 67.13 5.29 0.16 10.75 
S15 116.9 15.8 8.58 602.0 22.60 3.22 0.93 48.22 5.58 2.61 113.61 8.82 1.28 17.41 
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